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An ash I know stands, Yggdrasil by name,

a high tree, drenched with bright white mud;
from there come the dews that drop in the dales,
it always stands green over Destiny’s well.

-The Elder Edda
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Louise Hill Doctor of Philosophy
Linacre College Trinity term 2017
Ecological impacts of ash dieback in Great Britain

Abstract

Ash dieback is a severe disease of ash trees (Fraxinus spp.), caused by the invasive fungus
Hymenoscyphus fraxineus. In its native East Asia, H. fraxineus is a harmless endophyte, but
since its accidental import into Europe in the early 1990s it has infected over 90% of ash
trees in some areas, with long-term mortality sometimes exceeding 90%. The disease was
discovered in Great Britain in 2012, and has since spread rapidly. This thesis investigates
some of the possible impacts on biodiversity, ecosystem functioning, and society, and in
doing so identifies ways to alleviate some impacts. Britain has only 13% tree cover (among
the lowest in Europe), so may be particularly vulnerable to ash loss. Better understanding
of the effects and how to minimise them is critical to deliver an evidence-based response.

First, we investigated impacts in woodlands by experimentally killing woodland ash trees
by ring-barking. We found no short-term effect of ash loss on ground flora or earthworm
communities, or on the regeneration or growth of other woody species. Observational
evidence suggested that remaining canopy trees rapidly filled gaps left by ash, perhaps
contributing to stability. Our woodlands appeared to be remarkably resilient to ash loss,
although there may be long-term effects or impacts on other species that this experiment
failed to observe.

To investigate broader-scale impacts, we required high-quality abundance maps for ash
and other trees across Britain. Using species distribution modelling and random forest
regression, we developed a protocol to produce abundance maps from readily available
data. We tested the predictive power of the resulting maps using cross validation. Our
maps are the best available for abundance of British tree species, and will be useful across
a wide range of disciplines. We then used them to model ecosystem vulnerability to ash
loss, based on the abundance of ash and other tree species, and their ecological trait
similarity. We identified areas at risk of the largest impacts, and produced guidance for
positive management actions to minimise ecological change.

Lastly, we investigated the financial impacts of ash dieback, estimating the total cost to
Britain at £9.2 billion. This figure is many times larger than the value of lost trade if
biosecurity were improved to prevent future invasions, questioning the validity of financial
arguments against biosecurity. We also found that loss of ecosystem services accounted for
less than a third of the total cost, suggesting that ecosystem service assessments may miss
a large proportion of the true cost of biodiversity loss.

Overall, we found that some impacts may be less than expected, such as local effects on
woodland ground flora, and others, such as the economic cost, may be much larger than
expected. However, the resilience of ecosystems to a major shock such as loss of a common
species, and actions to mitigate the impacts, depend on having a diversity of other trees
present. The ash dieback outbreak highlights the importance of preventing other severe
pests and diseases of trees from being introduced; something that has been increasing
exponentially, largely due to international trade in trees. This thesis provides further firm
evidence that there is an ecological and social imperative to halt this trend.



CHAPTER |;
INTRODUCTION

The making of an un-natural disaster

History and origin of the ash dieback epidemic

The spread of ash dieback across Europe and its arrival in Britain reads more like a
detective story than an epidemiological case study. Sadly, it is also one which is likely to
have severe and lasting impacts on many British ecosystems. In a case of unintended
consequences, a combination of human activities and natural processes are thought to be
behind what could be one of the worst exotic tree diseases that Britain has ever

experienced.

Severe dieback of common or European ash (Fraxinus excelsior L.) was first noticed in
Poland in the early 1990s (Pukacki & Przybyt 2005; Kowalski 2006), but the causal agent,
an alien ascomycete fungus, was not fully described until 2011 when it was named
Hymenoscyphus pseudoalbidus by Queloz et al. (2011). This name was later changed to
Hymenoscyphus fraxineus by Baral et al. (2014), in an attempt to reduce confusion arising
from another synonym of the fungus, Chalara fraxinea (Kowalski 2006) — the correct name
for the anamorph or asexual stage, as ascomycete fungi are generally given a separate
binomial name for each of the sexual and asexual phases. A combination of factors,
including this naming confusion, the presence of a range of variously pathogenic fungi on

dying trees (Przybyt 2002; Pukacki & Przybyt 2005) and ash’s natural tendency to die back



following very cold springs or hot summers (Hemery et al. 2010), led to the dieback
initially being blamed on abiotic conditions or a combination of multiple disease agents
(complex disease) (Gross et al. 2014), and so little was done to prevent the spread
(Woodward & Boa 2013). By the time that Chalara fraxinea was identified as a novel fungal
agent in Europe that was strongly associated with ash dieback (Kowalski 2006), the
disease had already spread to at least 12 European countries, as distant as Finland and

Romania (FRAXBACK 2012).

Even then, however, no action was taken by authorities (Woodward & Boa 2013). The
picture was muddled as morphological research seemed to identify Hymenoscyphus
albidus, a widespread, native, saprotrophic fungus, as the teleomorph (or sexual stage) of
Chalara fraxinea (Kowalski & Holdenrieder 2009). This caused further confusion among
researchers, as how could a native non-pathogenic fungus be responsible for such
dramatic events? Eventually, genetic data revealed that the teleomorph of C. fraxinea was
in fact a novel cryptic species, Hymenoscyphus fraxineus, and this is now known to be the
cause of the dramatic dieback (Queloz et al. 2011). Further genetic analysis has since
suggested that H. fraxineus probably originated as an introduction from East Asia, most
likely through the ornamental tree trade (Zhao et al. 2012). By February 2012, however, H.
fraxineus had been confirmed in Britain (Mitchell et al. 2014b), and is now present
throughout almost the entire natural range of F. excelsior in Europe (Vasaitis & Enderle

2017).

Hymenoscyphus fraxineus progressed rapidly across Europe, at a rate of around 75 km per
year (twice the rate of spread of chestnut blight in North America, one of the most
devastating tree epidemics to date worldwide (Gross et al. 2014 and references therein).
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The teleomorph produces vast numbers of infectious wind-borne spores, and modelling
of prevailing winds and the locations of the British outbreaks has suggested that this was
probably one route via which the pathogen entered Britain (Defra 2013b), although this
finding has been contested (Chandelier et al. 2014). However, H. fraxineus was certainly
also introduced to Britain on diseased imported ash seedlings (Defra 2013b), the trade in
which was not restricted until after the discovery of ash dieback on newly-planted trees in
Britain (UK Government 2012). Indeed, the extent of the symptoms shown by some of the
newly-planted infected trees suggests that infected individuals were being imported and
planted for several years prior to the discovery of ash dieback in Britain (Woodward &
Boa 2013). This is believed to be the main route of entry into Britain (Sansford 2013);
because these planted cases were distributed fairly evenly across Britain, it may have
been important in speeding up the spread of the disease. As of July 2017, the disease had
been recorded in the wider environment from 59.3% of 10 km squares in England, and
44.1% of 10 km squares across the whole of the UK (Figure 1) (Forestry Commission

2017a).

In Britain, the level of public interest in ash dieback, especially during the early stages of
the outbreak, was notably higher than for the many other tree pests and diseases which
threaten British trees (Pidgeon & Barnett 2013). It is an interesting question as to why the
British media suddenly seemed to find this disease fascinating. Sadly, however, much
public fear may be justified; in much of Europe, Fraxinus species are relatively uncommon
forest trees which tend not to make up a major component of ecosystems (Beck et al.

2016), although their abundance has been increasing in many areas

11



Image removed for copyright reasons. The most recent map of the outbreak extent
is available at: http://chalaramap.fera.defra.gov.uk/ (last accessed: 12/01/2018).

Figure 1. Forestry Commission: Confirmed ash dieback findings as of 3rd July 2017.
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(Marigo et al. 2000; Hofmeister et al. 2004) — but in Britain, common ash is the third most
abundant broadleaved woodland tree (Forestry Commission 2013), and the most common
tree outside of woodlands (Brown & Fisher 2009; Maskell et al. 2013), with an estimated
total of up to 185 million trees (Forestry Commission 2013; Maskell et al. 2013; The Tree
Council 2015). Threats to ash could therefore lead to the loss of a major constituent of
many British ecosystems, with serious consequences for biodiversity, people and forest

economics in Britain.

Infection rates and mortality

Ash dieback is a chronic but generally lethal disease, which affects several species of ash

(including Fraxinus excelsior) and all age classes (Kowalski 2006; Drenkhan & Hanso 2010;
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Figure 2. The visible effects of ash dieback in the forests of Western Pomerania, Denmark, in
2010. Credit: Rgrdrum (Wikimedia Commons)
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Kefsler et al. 2012; Gross et al. 2014; Kirisits & Schwanda 2015). Infection rates for F.
excelsior in earlier-affected European countries have ranged between 80% in Latvia to
almost 100% in some parts of Denmark (Figure 2) (FRAXBACK 2012), but it is difficult to

predict what proportion of these infected trees will eventually die. There is evidence that

young trees die faster, making regeneration unlikely (Kowalski & Holdenrieder 2009;
Kirisits & Freinschlag 2012); but as yet there is no consensus on what the mortality rate
will be for larger trees, or how long they may take to die. However, in Lithuania, (one of
the earliest affected countries), mortality in the few remaining stands of F. excelsior has
remained high, with 10% of the remaining trees dying every year (Hinsley & Pocock
2014), suggesting that rates of true long-term resistance are low. Similarly, monitoring
plots in Switzerland have shown that each year between 2013 and 2017, half of the
remaining asymptomatic ash trees have started to show symptoms (Queloz et al. 2017).
Once ash dieback is established in a forest, control is beyond our current ability (Gross et

al. 2014).

It is unlikely that the disease will be limited by climate; investigations into the
physiological tolerances of Hymenoscyphus fraxineus have shown that it can tolerate the
range of climatic conditions that are likely to be encountered in Britain (Kowalski &
Bartnik 2010). The worst-case scenario for the eventual mortality rate of ash in Britain is
considered to be more than 95% (Mitchell et al. 2014b) which is a similar level to that now
predicted in several other countries (Enderle et al. 2017; Rozsypalek et al. 2017). Such
levels of mortality would cause significant perturbations in many ecosystems, driving far-

reaching impacts beyond the immediate loss of the trees.
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Current research directions

The severity of the threat posed by ash dieback has spurred a dramatic increase in
research into the disease, and into tree health more generally. In Britain, consortia and
research networks were set up rapidly to investigate ways to tackle the disease. One of
the largest of these was Nornex (http://nornex.org), a network of 11 institutions which
aimed to produce rapid, high quality research into the genomics and pathology of
Hymenoscyphus fraxineus, and the genetic basis for disease tolerance of a small number of
ash trees (Downie 2016). All research produced by Nornex has been rapidly published
online, on the website OpenAshDieback (http://oadb.tsl.ac.uk); the aim being to share —
information with experts worldwide, especially data requiring complex analysis such as
raw genetic data, and thus speed up the rate of progress on this time-critical issue. The
consortium successfully sequenced the genome of H. fraxineus in 2014, and Fraxinus

excelsior in 2017 (Sollars et al. 2017).

Research findings and experiences from across Europe have also been shared through the
FRAXBACK EU Cost Action, which concluded in 2017 and resulted in a major report on
the consequences of ash dieback and recommendations for management (Vasaitis &
Enderle 2017). This report was the culmination of the research efforts of contributors from
a variety of disciplines, from 26 European and five non-European countries, and provides
a real opportunity to gain synergistic research benefits from collaboration. Ash dieback
research has also been at the forefront of citizen science initiatives, with successful
programmes such as Ash Tag, a smartphone app developed by researchers at the

University of East Anglia to track the spread of the disease. This allowed the public to
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report sick and dying ash trees (http://ashtag.org) and was very successful in monitoring

the early stages of the outbreak in Britain.

Much research on ash dieback, however, has focussed on studying the pathogen and
ways to produce resistant ash cultivars. Indeed, there have been several concurrent efforts
to screen ash trees for resistance to Hymenoscyphus fraxineus, identify the genetic basis for
resistance and fast-track a breeding programme to make resistant or tolerant ash
commercially available as soon as possible (e.g. Clark 2014 (the Living Ash Project); Kjeer
et al. 2011; McKinney et al. 2011; and two Defra-funded research projects). This approach
may secure the use of ash in silviculture and future planting, but it will not provide a
“silver bullet” to prevent the potentially severe effects of ash dieback on ecosystems. Even
given the huge collaborative effort, by the time resistant cultivars are commercially
available on a large scale, much of the ecological damage may already have irreversibly
occurred. Ash trees provide habitat not only for generalist forest organisms, but also for a
large range of specialists for whom the loss of ash would represent complete habitat loss.
If these at-risk species are unable to adapt and switch hosts, ash dieback could lead to a
large number of population declines and possibly even extinctions of some species, such
as possibly Wadeana dendrographa, a UK priority lichen species which is predominantly
found on ash trees (Ellis ef al. 2012). These severe impacts will occur concurrently with the
loss of ash, and would not be automatically reversed by replanting ash in the future. The
scale of replanting needed to repopulate Britain’s landscape with ash is another challenge
that will be difficult to overcome. Additionally, veteran trees are considered ecologically
irreplaceable (Fay 2002; Vuidot et al. 2011; Lindenmayer et al. 2014) and their loss would

not be offset by replanted saplings for many decades, if at all. Ash comprises 17% of
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veteran trees in the wider countryside, with only oak more commonly represented

(Maskell et al. 2013).

A long term concern for any replanting strategy is a second threat to Fraxinus species, the
exotic bark beetle Agrilus planipennis, or the emerald ash borer. A. planipennis is native to
Asia and eastern Russia, but was accidentally introduced to the USA where it has killed
well over 100 million ash trees since 1990 (Donovan et al. 2013; Woodward & Boa 2013).
Around its origin in southern Michigan, it is thought to have killed over 99% of ash trees
with a diameter greater than 2.5 cm (Klooster et al. 2014); it has been suggested that the
beetle represents the “worst-case scenario” of invasive forest pests (Herms & McCullough
2014). It was found near Moscow in 2008 (Baranchikov et al. 2008), and since then has
spread as far as Russia’s western border at a rate of 13 — 41 km per year (Valenta et al.
2017). Without strict vigilance, there is little to stop it spreading throughout Europe, and
eventually to Britain (Orlova-Bienkowskaja 2014). Ash that is resistant to Hymenoscyphus
fraxineus would nevertheless be vulnerable to A. planipennis (Sollars et al. 2017), and if this
invasion does occur, an even bleaker outcome for ash and its associated biodiversity is
likely —indeed, the possibility of extinction of common ash from large parts of Europe has

even been suggested (Thomas 2016).

What are the likely effects of ash dieback on British ecosystems?

A different and complementary strategy to replanting is to use the time remaining before
ash dieback has a profound impact on most British ash populations to investigate the

future ecological impacts, and try to prepare for them. This has been the focus of a second
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strand of ash dieback research and will be key to an evidence-based response. If certain

organisms or communities are found to be at risk from ash dieback, management actions

might be taken to protect them, such as planting suitable mixtures of alternative species to

help maintain woodland communities (Mitchell et al. 2014b). Similarly, if certain regions

or ecosystems are found to be particularly vulnerable to adverse effects of losing ash,

limited resources may be targeted to these areas for monitoring and eventual replanting.

Conservationists tend to work to preserve species which are already rare: the threats to

ash present challenges on a totally different scale, so research into the wider ecological

effects is critical.

A major report on the potential ecological impacts of ash dieback in the UK (Mitchell et al.

2014a) identified 1058 species which are associated with ash in the UK. Of these, 62 were

highly ash-associated, and 44 were obligately associated (see Table 1).

Table 1. Number of species in different species groups by level of association with Fraxinus
excelsior (table taken from Mitchell et al. 2014b).

Level of association with Fraxinus excelsior

Group Obligate  High Partial Cosmopolitan Uses Total
Bird 7 5 12
Bryophyte 6 30 10 12 58
Fungi 11 19 38 68
Invertebrate 29 24 36 19 131 239
Lichen 4 13 231 294 4 546
Mammal 1 2 25 28
Vascular plant 78 78
Total 44 62 421 330 172 1029
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Ash has an unusual ecology, allowing opportunities for ash specialists to evolve. Its
seedlings are fast-growing, but it is also reasonably long-lived, reaching 180 years old or
300 in pollarded individuals (Grime et al. 1988). Its nutrient-rich litter degrades rapidly,
leading to low soil carbon sequestration and unusually high nutrient turnover (references
within Mitchell et al. 2014a). Its leaves allow a high level of light penetration below the
canopy, and this allows a rich ground flora to develop (Grime et al. 1988; Délle & Schmidt
2009). Its unusual alkaline bark is similar to that of elm species, and therefore supports a
range of specialist species displaced by Dutch elm disease (Watson et al. 1988; Jonsson &

Thor 2012).

The report by Mitchell et al. (2014b) on future impacts of ash dieback investigated the use
of 22 alternative tree species by ash-associated species to establish whether alternative
tree species would provide a suitable replacement habitat for ash-associated biodiversity.
The authors found that no single species could provide a good overall substitute, with the
best option, Quercus petraea/robur, supporting 69% of ash-associated species. However, the
best host species, and the proportion of biodiversity supported, varied greatly between
taxa. A separate study by Broome et al. (2014) also looked at utilisation by ash-associated
species to recommend management approaches. However, they found that the lack of
distribution data for ash-associated species was a major limitation of this approach, which
also restricted Mitchell et al. to making general, and not geographically tailored,

recommendations.

Mitchell et al. (2014b) also assessed the ecological similarity of alternative tree species to

ash, summarising the differences between tree species in three ecosystem functions
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(decomposition rate, leaf litter characteristics and soil chemistry). However, these results
conflicted with the results from the species use profiles: they found that the most
ecologically similar trees to ash were Acer pseudoplatanus, Acer campestre and Alnus
glutinosa — entirely different from the recommendations from species use. These
conflicting results present something of a challenge for interpretation, to scientists and

conservation practitioners alike.

Mitchell et al. (2014b) also made predictions about the compositional changes that may
occur in woodlands after ash dieback. In the majority of ash-containing woodlands in
Scotland and northern England, ash comprises no more than 10% of the canopy, so gaps
caused by ash dieback are likely to be filled relatively quickly by other trees in the
canopy. However, in southern England, ash is usually a greater component in the canopy
(more than 20%), so dieback may cause larger, more frequent gaps that would not be

filled by canopy trees alone but would rely on the growth of saplings of other species.

Whether replacement of ash by other species in forests will actually occur in reality is
uncertain. Other stresses such as climate change, other emergent pests and diseases, and
damage from animals such as grey squirrels and deer, will also have an impact on
recruitment and influence the eventual outcome for ecosystems (Gurnell 1996; Logan et al.
2003; Allen et al. 2010; Kirby et al. 2010). For instance, climate change is expected to bring
new challenges for trees, causing drier summers and wetter winters with a higher
likelihood of severe storms (Trenberth 2011), such as the October 2013 storms which are
thought to have brought down 10 million trees across England (Forestry Commission
2014). These factors may place trees under greater stress, making them less able to
respond to opportunities such as canopy gaps, thus potentially compromising the
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recovery from ash dieback. Such factors emphasise the importance of well-considered
management advice on how to respond to this outbreak, as a means to mitigate a further

major perturbation to British woodlands which are already under significant strain.

All the above factors vary significantly from place to place within the UK. The ecosystem
impacts of ash dieback are therefore likely to be highly spatially variable. Prediction and
management of the putative impacts needs to take account of this; otherwise management

guidance may be produced that is appropriate in some areas, and not in others.

Impacts of ash dieback on people

People, as well as woodland biodiversity, will feel multiple impacts from ash dieback.
Ash in woodlands helps to provide essential ecosystem services, including climate
regulation, flood protection and cultural services. In Britain’s highly fragmented
woodland ecosystem, ash trees outside of woodlands also provide important services
including reducing air pollution alongside roads and reducing agricultural runoff in
hedgerows (Rouquette & Holt (in prep.)). It is also used commercially as a productive
timber tree, producing good quality, elastic timber used for making high-quality wood
products such as tool handles and furniture (Pautasso et al. 2013). Ash is particularly
useful for the growing wood fuel market, as it is one of the finest woods to burn and is
marketable even when green (Worrell 2013). In recent years it has also been promoted for
planting due to its resistance to squirrel damage, tolerance of pollution and nutrient

enrichment, and its ecological value as a native (Little et al. 2009).
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There are also significant health and cost implications of the prospect of large numbers of
dead and dying ash trees across the country. These are likely to be particularly felt in
transport infrastructure, such as roads and railways. Ash is one of the trees most
commonly found alongside roads, due to both the characteristics that make it ideal for
planting, and its own vigorous regeneration that has produced large numbers of self-
seeded ashes along roads (Maskell et al. 2013; Kirby et al. 2014). Local authorities around
Great Britain and bodies such as Highways England are expected to experience a huge
surge in the amount of work required to keep roads safe and clear from fallen ash trees in
the next decade (The Tree Council 2015). The cost implications of this are substantial;
clearing a single dead roadside ash may require multiple chainsaw operators, a mobile
platform, and a road closure, all of which can add up to over a thousand pounds. At a
time of reduced public spending, these costs may be difficult for local authorities to

absorb.

In Britain, very few people are killed by falling trees, and even with the expected increase
in dead trees, direct deaths are likely to remain low. However, there may be significant
indirect impacts on human health, arising from loss of ecosystem services. The presence
of more trees in the environment is known to correlate with a wide variety of improved
health outcomes for people, and conversely the loss of a large number of trees may
contribute to poorer health. A 2013 study by Donovan et al. used the emerald ash borer
outbreak in western North America as a natural experiment to investigate whether loss of
trees led to poorer health among people in the outbreak zone. After accounting for
confounding factors such as time and socioeconomic indicators, the authors found that

the presence of emerald ash borer was associated with an additional 6.8 deaths per
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100,000 population per year; over the entire outbreak, they estimated that there were an
additional 6,113 deaths from lower respiratory conditions and 15,080 deaths from
cardiovascular disease. We cannot extrapolate directly from this study to predict the
health outcomes from ash dieback in Britain (although the scale of the outbreak and
number of trees involved are similar) but even a fraction of that number of deaths would

be a significant health impact and burden on communities and health services.

There is little evidence to suggest that the majority of local authorities and service
providers have yet appreciated the scale of the potential impacts of ash dieback, or any
major tree disease. Very few local and no national guidelines are in place for how
authorities ought to react to the outbreak. For instance, is it cost effective for a local
authority to replant trees alongside roads in order to continue to provide ecosystem
service benefits, or should trees be removed without replacement to prevent a similar
situation with a future outbreak? Research is urgently required to elucidate the cost and
ecosystem service implications of the outbreak, to assist with strategic planning and

mitigation.

Future outlook: the increase in invasive tree pests and diseases

The ash dieback outbreak does provide one potentially positive effect; it is a timely case
study into the wider impacts of exotic tree diseases. Increased trade in plants across and
between continents, together with the beginnings of climate change (Bentz et al. 2010)

have driven a dramatic acceleration in the number of new tree pests and diseases
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emerging worldwide, many with catastrophic effects on forest ecosystems (Brasier, 2008;
Defra, 2012; Boyd et al. 2013). Future introductions of known and unknown organisms are

also greatly feared for their likely ecological or economic impacts (Baker et al. 2008).

In Britain, many native trees other than ash are also threatened by introduced pests and
diseases which are either already established in Britain or will soon become established if
no action is taken (Brasier 2008). For example, oaks are affected by acute and chronic oak
decline and oak processionary moth (Denman & Webber 2009; Tubby & Webber 2010),
horse chestnut by bleeding canker and the horse chestnut leaf miner moth (Straw &
Tilbury 2006; Webber et al. 2008), and many trees are threatened by invasive Phytophthora
species (Brasier & Jung 2006). All of the best-case scenarios for the impacts of ash dieback
in British ecosystems rely on other species compensating for the lack of ash, but the
impacts of multiple diseases within forests could be much more severe, and prevent
ecosystems from being resilient (Chapin 2009; Kirby et al. 2010; Boyd et al. 2013). If the
legacy of ash dieback could be to kick-start responsible agencies into closing down
pathways for invasion and preventing the spread of other diseases, it could mark a

turning point in preventing a future environmental catastrophe.

Research Summary

The research presented in this thesis approaches the question of how ash dieback may
affect ecosystems in Britain from a number of different directions. The four data chapters

are summarised below:
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Experimental simulation of ash dieback

So far, predictions of how British ecosystems will be affected by loss of ash have largely
been based on ecological theory of how other species interact with ash (Charlton &
Memmott 2013). However, experimental manipulations of woodlands to investigate the
ecological consequences could have greater predictive power, and increase the ecological
value of predictions. An experiment was set up in early 2014 where ash trees in plots in
two woodlands were experimentally killed, to simulate the effects of ash dieback. Effects
on the ground flora, regeneration of woody species, and earthworm communities (three
key aspects of woodland ecosystems that have been predicted to be affected by ash loss)
were monitored between 2014 and 2017. The aim of the experiment was to elucidate local
impacts of ash dieback that have been predicted from theory but could not be observed in
natural ecosystems until ash dieback has fully taken hold: if this can be achieved, advice
can be produced for woodland managers to help mitigate specific effects in a timely

manner.

Abundance distributions for tree species in Great Britain: a two-stage
approach to modelling abundance using Species Distribution Modelling and

Random Forest

Predictions of the impacts of ash dieback over the whole of Britain can only be made
using good quality maps of the abundance of ash and other tree species. This was an
unexpected knowledge gap; large amounts of presence-only data are readily available for
tree species in Britain from databases such as the Distribution Database of the Botanical
Society of the British Isles, but data on abundances is far rarer and not sufficient for an

accurate national picture. However, information on abundance is far more valuable and
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useful in more situations than presence-only data, and allows for far more sensible
predictions to be made; most ecosystem functions of species will be strongly linked to the
species” abundance within the ecosystem. It was therefore a major research aim to
produce good-quality modelled abundance distributions of common British tree species

that could then be used to inform geographical predictions of impacts and vulnerability.

Producing models that can predict abundance well, with good resolution over large areas,
has long been an important aim in quantitative ecology. We present a two-stage approach
to modelling abundance, combining two established techniques, that makes a useful
contribution to the field. First, we produced ensemble species distribution models (SDMs)
of trees in Britain, using a large amount of presence data and key environmental
variables. Then we used Random Forest regression to predict abundance by linking the
results of the SDMs to a much smaller amount of abundance data. This method
performed well in predicting the abundance of 20 out of 25 tested British tree species, and

produced maps of predicted tree abundance for the whole of Britain at 1 km resolution.

Maintaining ecosystem properties after loss of ash in Great Britain

Forests with a diverse tree species mix are likely to be more ecologically resilient to a
disease that kills any single species, and more able to continue to provide forest habitat
and ecosystem services (Chapin 2009). If we are to maximise future resilience of forest
ecosystems, we need to start by identifying which areas of UK forest are currently least
resilient so that they can be prioritised. Limited resources, such as replanting efforts, need

to be targeted to the areas where they are most required; the same is true for tackling
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other impacts on British woodlands which may exacerbate the effects of ash dieback, such

as deer overabundance.

We mapped ecological vulnerability to ash loss in Britain, in terms of ability to maintain
ash-associated ecosystem properties after widespread ash death. Our results indicate that
in some areas of Britain, provision of ash-associated ecosystem properties could be
reduced by over 50% if all ash is lost. Some woodland types, and trees outside
woodlands, may be especially vulnerable to ash loss. We also use our predictions to make
targeted recommendations for each highly vulnerable area and woodland type to reduce
ecosystem vulnerability to ash loss, including recommending appropriate alternative

species to encourage through management.

The financial impact of ash dieback in Great Britain

The ash dieback epidemic is likely to have significant cost implications for both the public
and private sectors, and yet this consequence of tree diseases is generally poorly
understood. Since by their nature the costs are spread between a large number of
stakeholders and over a long timescale, they may not be considered as a whole and so the

true cost could easily go unnoticed by policy makers and the public.

This chapter provides an estimate for the full cost of ash dieback outbreak to the British

economy, to the best of our current knowledge. We estimate that the total cost will be £9.2
billion. The single highest contributor to the overall cost is health and safety interventions
on roadside ash trees. Costs from this to individual local authorities may be very high, up
to £357 million estimated for Devon, although the current level of awareness among local

authorities is low; 88% have not yet attempted any surveys of roadside ash. Health
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implications may also be significant, but it is not yet possible to estimate this effect.
Overall, the socioeconomic impact of this single tree disease is extremely high, and will
undoubtedly be worsened by interactions with other tree pests and diseases. This aspect
of tree disease must be considered fully by policy makers deciding on reactive measures,
plant health surveillance and biosecurity laws. It shows that more stringent regulations to

reduce the likelihood of future introductions would be highly cost effective.
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Abstract

An experiment was set up to explore the effects of ash canopy loss on semi-natural
ancient woodland ground flora and earthworm communities, simulating ash loss by
Hymenoscyphus fraxineus. In early 2014, ash trees were killed by ring-barking and
poisoning in plots in two Oxfordshire woodlands, Wytham Woods and Bagley Woods. In
May 2015, earthworm communities were sampled in the plots, using mustard vermifuge.

From 2014 to 2017 inclusive, biannual ground flora surveys were conducted.

No effect was found of ash death on ground flora community composition or diversity, or
earthworm diversity or abundance. No compensatory growth by other tree species was
observed using dendrometer band measurements; however, visual surveys of canopy
cover suggested that remaining trees rapidly (within three years) began to grow into the
gaps left by ash. This may have reduced the degree of environmental change experienced
by ground-dwelling organisms, and could be a mechanism for resilience to some impacts

of ash dieback in diverse woodlands.

Introduction

Ash trees in Britain and the ash dieback epidemic

The 2012 discovery of ash dieback in Great Britain caused significant alarm to ecologists,
conservation professionals and the public alike (Pautasso et al. 2013; Woodward & Boa
2013). Hymenoscyphus fraxineus, the invasive fungal pathogen that causes ash dieback, is

native to East Asia but was accidentally introduced into Europe in the 1990s (Kowalski
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2006) where it has since spread rapidly and attacked all European ash (Fraxinus) species
(Drenkhan & Hanso 2010; Kirisits ef al. 2010; Gross et al. 2014). In Britain, common ash
(Fraxinus excelsior L.) is the third most common broadleaved tree in Britain (Forestry
Commission 2013) and is highly susceptible to the disease; perhaps as many as 95% of ash
trees in Britain are predicted to die from ash dieback within the next few decades
(Halmschlager & Kirisits 2008; Kjeer et al. 2011; Pautasso et al. 2013) (although predictions
of final mortality rates vary widely (FRAXBACK 2012)). However, the concern generated
by the arrival of ash dieback was not only because of the death of the ash trees
themselves, but because of the cascading effects that this may have on other woodland
biodiversity (Pautasso et al. 2013; Mitchell et al. 2014b). Exotic tree pests and diseases are
causing significant losses of forest biodiversity worldwide, and similar impacts have been

predicted for ash dieback (Boyd et al. 2013).

Common ash in Britain is both extremely abundant and ecologically unusual, and as a
result it supports a wide range of biodiversity in many habitats (Mitchell et al. 2014a, b;
Littlewood et al. 2015). It supports woodland generalist species by virtue of being an
important component of many British woodlands (Rodwell 1991; Forestry Commission
2013). It is also the most common tree species found outside of woodlands, meaning that
it has a crucial role in maintaining connectivity of woodland ecosystems (Brown & Fisher
2009; Maskell et al. 2013). At 12%, Britain has one of the lowest percentages of woodland
cover in Europe and highly fragmented woodlands (Hopkins & Kirby 2007; Mason 2007;
“Global Forest Resources Assessment 2010: main report. FAO, Rome.” 2010); the corridors
and stepping stones provided by ash between these fragments may be key for connecting

fragmented populations of woodland biodiversity.
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Ash also has a range of ecological traits that differentiate it quite strongly from other
native tree species, and make it difficult to replace (Mitchell et al. 2014a, 2016). Ash
woodlands allow a high level of light penetration to the woodland floor, encouraging
high levels of floral biodiversity (Grime et al. 1988; Dolle & Schmidt 2009). The leaf litter is
nutrient-rich with rapid decomposition, leading to unusually high nutrient turnover and
low soil carbon sequestration (references within Mitchell et al. 2014a). Its bark is
unusually alkaline, similar to elm species, so it has been able to support a range of
specialist species displaced by Dutch elm disease (Thomas 2016). These and a range of
other unusual traits have allowed opportunities for ash specialists to evolve; of the 953
species known to associate with ash in some way, 44 are thought to be obligately
associated (Mitchell ef al. 2014a, b). The knock-on effects of ash dieback on other
biodiversity could therefore be significant, potentially causing population declines which

may be severe in already rare species, and an overall reduction in biodiversity.

Effects of ash dieback on woodland ground flora and earthworm communities

It is not clear what the overall effects of ash dieback on woodland ground flora will be.
On one hand, the rich ground flora commonly associated with ash may be adversely
affected by death of trees and associated habitat modification (Mitchell et al. 2014a, b). On
the other hand, much of the semi-natural ancient woodland in Britain, which has
traditionally been managed by coppicing producing a very rich ground flora, has in
recent decades been left to grow to a “high forest” state (Hopkins & Kirby 2007; Erenler et
al. 2010). This situation, which tends to produce a closed canopy with low light
penetration, is associated with a poorer floral diversity (Rackham 2008; Paillet et al. 2009).
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It is possible that, in the short term at least, the loss of ash in some ancient woodland
could lead to a more open forest structure (Heilmann-Clausen et al. 2013), which could
benefit some rarer ground flora. Those woods which already have a relatively open
structure could instead be affected by runaway growth of competitive, fast-growing
species such as bramble or stinging nettle, which could smother richer ground flora

communities and drive losses in biodiversity (Harmer et al. 2011).

The degree to which other tree species will regenerate after ash death is an important
factor that will determine many longer-term impacts of ash dieback. Many forests in
Britain and elsewhere are currently suffering impacts from high numbers of native and
exotic deer compared to historical levels (Hopkins & Kirby 2007; Rackham 2008), which
are severely limiting regeneration of the majority of tree species (Royo et al. 2010; Cook-
Patton ef al. 2014). Until the arrival of ash dieback, ash was considered the “tree of the
future” in many woods, as it showed levels of natural regeneration far higher than other
native species (Kerr 1995; Marigo et al. 2000; Butt et al. 2009), possibly due to the superior
ability of ash to make use of increasing nitrogen levels in soils (Hofmeister et al. 2004). The
recovery of forests from ash dieback will rely heavily on the regeneration ability of other
tree species — but limited by deer overbrowsing together with rabbit and grey squirrel
damage, regeneration may not approach pre-anthropocene rates in the majority of British

forests (Rackham 2008).

Earthworms (Lumbricidae) are another important component of woodland ecosystems
that may be affected by loss of ash trees. Earthworms are considered important ecosystem
engineers, playing major roles in soil formation and quality, and nutrient turnover (Lee
1985; Feller et al. 2003; Blouin et al. 2013). This in turn can impact floral communities, other
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soil organisms, and animals at higher trophic levels. They can themselves be affected,
however, by their environment and the species present, as a high proportion of their food
is made up of leaf litter (Reich et al. 2005; Cesarz et al. 2007; Curry & Schmidt 2007). Ash
leaves, which are soft and high in nutrients, may be particularly palatable to earthworms,
encouraging high abundance and diversity in the associated earthworm communities
(Mitchell et al. 2014a). If earthworm populations are adversely affected by the loss of ash

trees, this could in turn drive further impacts on other parts of woodland ecosystems.

Experimental ash dieback simulation

An experiment was set up in 2014 in two semi-natural ancient woodlands in Oxfordshire,
Wytham Woods and Bagley Woods, in which ash trees were experimentally killed to
simulate ash dieback and allow the effects of ash death on other aspects of the woodland
ecosystem to be monitored. Wytham Woods (51° 46" N, 001° 20" W), roughly three miles
to the north west of Oxford, is Oxford University’s research woodland and one of the
most researched areas of woodland in Europe. Bagley Woods (51° 43’ 5" N, 1° 15" 40" W)
lies two miles to the South of Oxford and is owned by St. John’s College, Oxford. The
experiment was run for three years after ash death, with surveys of ground flora carried
out in May and July each year, and a survey of earthworm communities carried out in

May 2015.

Predictions of how British ecosystems will be affected by loss of ash have largely been
based on observations of which species interact trophically or coexist with ash (Charlton

& Memmott 2013; Mitchell et al. 2014a, b). However, experimental manipulations of
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woodlands to investigate the ecological consequences are necessary to increase the power
and ecological value of predictions. This experiment, which is to the best of the authors’
knowledge the first if its kind, aims to give advance warning of the possible effects of ash
dieback on wider forest biodiversity and ecosystems, to allow the evidence-based design

of management recommendations to help mitigate any major changes detected.

Methods

Site choice

39 plots of 25 by 25 metres were selected in areas of semi-natural ancient woodland
within Wytham Woods (21 plots) and Bagley Woods (18 plots). All study plots were
categorised as W8 Fraxinus excelsior—Acer campestre—Mercurialis perennis woodland,
following the National Vegetation Classification (Rodwell 1991) but the two woods
differed in the abundance of deer present. Wytham Woods have had an active program to
reduce deer numbers since 1998, including deer fencing, which has produced a four-fold
decrease in densities of all occurring deer species; Bagley Woods has some limited deer
control but is unfenced and as such the impact of deer on the site is higher. Deer impact
surveys carried out in June 2015 indicated a moderate impact of deer in Bagley and low

impact in Wytham.

Plot locations

Wytham Woods contains an 18-hectare long-term monitoring plot, associated with the

Smithsonian Institution Global Earth Observatories (SIGEO) programme. To reduce
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uncontrolled factors and allow the treatment to be standardised, experimental plots were
chosen to have similar tree species composition to the 18-hectare Smithsonian plot.
Locations were selected using species composition records of the woodlands together
with visual inspection. Plots were also sited well away from main paths, for safety
considerations. The plots were arranged in blocks of three, with at least a 10 m buffer
zone between them. In each block, one plot was assigned randomly to each of three
treatment levels; high ash death (100%), medium ash death (50%) and a control (0% ash

death).

Ash dieback simulation

Due to patchiness in the woodlands causing differing numbers and sizes of ash trees in
each plot, simply killing a set percentage of trees would have produced highly variable
levels of canopy openness. We therefore used basal area of ash killed as the actual
treatment criterion, as this is very strongly correlated with crown area (Hemery et al.

2005) and therefore loss of canopy.

The basal area of ash killed in each treatment was based on the basal area of ash in the 18-
hectare Smithsonian plot. The combined basal area of ash trees within the Smithsonian
plot has been measured at 6.73 m? per hectare (Butt et al. 2009); this scales to an average of
0.42 m? combined basal area within each 25 x 25 m area. For the high ash death treatment,
ash trees with a combined basal area of as near as possible to 0.42 m? were killed in each
plot (leading to canopy loss of the same degree as would follow 100% ash death in the

Smithsonian plot). For the medium ash death treatment, ash trees with approximately
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0.21 m? combined basal area were killed in each plot. In some high ash death plots, not all
ash trees were killed, as doing so would have opened the canopy beyond the desired
maximum level and reduced the consistency of the treatment. However, on no occasion

were other species of tree killed to make up the correct level of openness.

Ash trees were killed by a combination of ring-barking and poisoning with glyphosate.
Ring-barking was carried out in January 2014; one or more strips of bark at least two
centimetres wide were removed from around the entire girth of the tree close to the base
of the stem, using a chainsaw for larger trees or a small stripping knife for small trees and
saplings to prevent accidental felling. Ring-barking causes the death of the tree by
disruption of the phloem, mimicking the effects of ash dieback. Ash trees were ring-
barked in the order of smallest to largest, with a running total kept of the combined basal
area ring-barked: when the required basal area for the plot had been reached, no more
trees were killed. This imitates the behaviour of ash dieback, which characteristically kills
small ash trees very quickly, but can take decades to kill larger trees. Not all trees were
effectively killed by ring-barking. In May 2015, any ring-barked ash trees that were still
alive (around 30%) were treated with glyphosate herbicide using “ecoplugs'”, and all
treated trees were visually confirmed to be dead in July 2015. Any regrowth from below

the cut ring was removed each spring and summer.

'Ecoplugs are plastic plugs containing glyphosate herbicide that are hammered into holes
drilled in tree trunks to kill them. Ecoplug MAX® is a registered trade mark of Monsanto
Company.
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Compensatory tree growth

Growth rates of other tree species in the experimental plots were monitored using
dendrometer bands. These are permanent bands fitted around the trunk and held in place
with a spring, allowing incremental growth to be accurately recorded using callipers (Butt
et al. 2013). Four trees of species commonly found on the sites (Acer pseudoplatanus, Betula
pendula, Castanea sativa, Crataegus monogyna and Quercus spp.) were fitted with
dendrometer bands for each plot in April 2014. The bands were then checked and growth

increments recorded in August 2014, January 2015, January 2016 and February 2017.

Floral surveys

Floral surveys were carried out in 10 x 10 m core plots at the centre of each treatment plot,
to minimise the impact of edge effects of the treatment plot. Surveys were carried out
once in May and once in July, from 2014 to 2017 inclusive. The survey procedure was the
same as that used by Kirby & Thomas 2000 and was as follows: a line was laid across each
of the diagonals of the plot and percentage vegetation cover was estimated by eye in three
height categories: canopy cover (> 2.5 m high); shrub cover (0.5 — 2.5 m high) and ground
cover (< 0.5 m high). Bramble cover in the plot was also visually estimated using a five-
point scale (0%, 1-24%, 25-49%, 50-74%, >75%). The ground flora (vascular plants under
two metres high, including seedlings of trees and shrubs) was then surveyed in thirteen
0.1 m? circlets, evenly spaced along the two diagonals of the core plot. The number of

circlets a species occurs in gives a measure of species abundance. The entire core plot was
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then slowly and systematically walked, and any further species that occurred were

recorded as present.

Earthworm survey

A survey of the earthworm communities in each plot was carried out in May 2015. A 30
cm? quadrat was placed within the core plot, in a location chosen using random selection
(constrained to avoid areas that might be unsuitable, such as large cracks in the soil). The
earthworms present within the quadrat were then sampled, using vermifuge extraction
with mustard (Sherlock 2012). Leaf litter was cleared to expose the soil surface, and any
leaf litter- or surface-dwelling earthworms were collected. 40 g of hot mustard powder
was then shaken into four litres of water, and immediately poured over the quadrat. This
was done gradually to allow the mixture to permeate before more was added and to
prevent the mustard from running onto the surrounding soil. All earthworms that
emerged to escape the irritant within 30 minutes were collected. They were stored in

ethanol in the field and then identified in the lab according to Sherlock (2012).

Canopy photos and analysis of light availability

Hemispherical canopy photographs were taken in September 2014, using a Nikon
Coolpix995 digital camera and a hemispherical lens. Hemiview canopy photograph
analysis software was used to quantify the canopy openness of each plot, using the metric

Indirect Site Factor.
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Statistical analysis

Ground flora community change in the plots was analysed using Constrained
Correspondence Analysis (CCA) from vegan package in R. Models had the form:
Community ~ Site + Treatment * Year, where the interaction term Treatment * Year is the
variable of interest, as this tells us whether the ground flora communities of treatment
plots diverged significantly from the control plots over time. Two analyses were run,
using the same model form: the first used the ground flora community data with tree
seedlings not included; the second included only tree species, to analyse regeneration of
these species. Ground flora data from the May and July surveys were combined in each

year, using the maximum abundance recorded at either survey for each species.

A linear mixed-effects model was run, using the Ime 4 package in R, to analyse change in
Shannon-Wiener diversity of the ground flora over time in the different treatments. A
random-intercepts-and-slopes form of model was used to allow for differences in the
effect of treatment over time between blocks. Treatment (a factor with three levels; high
ash death, medium ash death and control), year (factor with four levels; 2014, 2015, 2016
and 2017) and site (factor with two levels; Wytham and Bagley) were treated as fixed
effects, and block as a random factor with 13 levels, with the model as follows: Diversity ~
Treatment * Year + Site + (1+Treatment|Block). A similar model was run to analyse
changes in abundance of bramble over time in the high ash death treatment plots only.

This model had the form: Abundance ~ Year + Site + (1+Block).
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The Bray-Curtis dissimilarity index was also used to analyse changes between the ground
flora communities in the different treatments over time, using the R package vegan. A
dissimilarity matrix was calculated for each plot type (high ash death, medium ash death
and control) and a principal components analysis of dissimilarity scores carried out to

look for divergence between treatments over time.

Generalized linear mixed-effects models were used to analyse any differences in
abundance and diversity of earthworms between the treatment and control plots. Both
abundance and Shannon-Wiener diversity were analysed using the logged response
variable to produce normally distributed residuals, with Block as a random effect: log

Response ~ Treatment + Canopy Openness + Site + (11Block).

For the analysis of compensatory tree growth, a linear mixed-effects model, with
treatment, site and species (a factor with six levels) as fixed effects, and block as a random
effect, was run. The response variable was the log of the incremental stem growth
between 2014 and 2017, divided by the initial circumference. The model form was:
logGrowth ~ Treatment + Species + Site + (1|Block). However, even when log
transformed, the response was strongly non-normal as the values were bounded at zero.
We therefore also analysed the same data using censored (Tobit) regression from the
VGLM package, which is used to estimate linear relationships where there is “censoring”
in the data, (i.e. data points above or below a particular value cannot be recorded). This
model had the form: Growth ~ Treatment + Species + Site, tobit(Lower = 0). Finally, a
linear model (ignoring Block) with the form logGrowth ~ Treatment * Species + Site was

run to analyse the interaction between treatment and species, because a linear mixed-
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effects model containing block and the interaction term was rank-deficient (unable to

estimate all the effects of interest).

Canopy openness in the high ash death treatment plots was analysed using ANOVA, to
identify changes to the canopy cover over time. The response variable was canopy cover

(estimated by eye during the floral surveys), with year as the explanatory variable.

All statistical analysis was carried out using R version 3.4.1 (R Core Team 2016).

Results

Treatment: basal area ring-barked

The average basal area of ash ring-barked per plot was very close to the target basal area,
for both sites and treatments (figure 3). For the high ash death treatment, the target basal
area to ring-bark was 0.42 m?per plot, and the actual average basal areas achieved were
0.42 m? for Wytham and 0.4 m? for Bagley. For the medium ash death treatment, the
target was 0.21 m? and the averages were 0.22 m? for Wytham and 0.23 m? for Bagley. The
range of values for each plot was somewhat wider for Bagley than Wytham, due to the
constraints of the sizes of ash trees that were present in the plots, but in general the

standardization of the treatment was successful.

Analysis of ground flora

Constrained Correspondence Analysis showed that the ground flora communities
differed significantly between the two sites (CCA, 199 permutations: Df =1; F=12.2; p =

0.005), and between different years (Df = 1; F = 3.48; p = 0.005), but that the term of
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interest, the interaction of treatment by year, was not significant (Df =2; F =0.417; p =1.0);
i.e. there was no divergence between the vegetation communities of the control plots and
the treatment plots over time (figure 4).
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Figure 3: Standardisation of ring-barking treatment for a) high ash death treatment
plots and b) medium ash death treatment plots. W1, W2 etc. and B1, B2 etc. refer to
blocks of plots within Wytham (black bars) and Bagley Woods (white bars). Grey bars
show the mean basal area of ash ring-barked per plot for each of the two woodlands.
The red line shows the ideal basal area ring-barked for each of the two treatments.
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Shannon-Wiener diversity index also showed no significant differences in ground flora
communities between treatments over time (Linear mixed-effects model: Df = 6; Chi
square = 0.176; p = 0.99) (supplementary figure 1), and bramble abundance in the high ash
death plots did not differ significantly between years (Linear mixed-effects model: Df = 6;
Chi square = 2.83; p = 0.83) (supplementary figure 2). Similarly, Bray-Curtis dissimilarity
showed no divergence in vegetation communities between the treatment plots and

control plots over time (see supplementary figure 3).

There was also no effect of treatment-by-year interaction on the tree seedling community
(CCA, 199 permutations: Df = 6; F = 0.544; p = 1) (see supplementary figure 4), although
year (Df =3; F =8.57; p=0.005) site (Df =1; F =3.01; p = 0.005) and treatment (Df =2; F =
1.45; p = 0.04) were all significant. Visual inspection of the data also confirmed that there
was no significant difference in abundance of all tree seedlings between different

treatments for any year (supplementary figure 5).

Compensatory growth by other tree species

Similarly, dendrometer band data showed no evidence of compensatory growth among
tree species other than ash in the treatment plots. Both Linear mixed-effects modelling
and censored (Tobit) regression agreed that treatment was non-significant (Linear mixed-
effects model: Df = 2; Chi square = 1.86; p = 0.39; censored regression: Df = 2; Chi square =
0.83; p = 0.66). Some faster-growing tree species may be slightly more able to respond to

changes in light levels than others. In particular, Acer pseudoplatanus seemed to be able to
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Figure 4. Detrended correspondence analysis (DCA) of effects of ash death treatments on
ground flora communities over four years (not including tree seedlings; for effect on tree
seedlings, see supplementary figure 4). DCA is shown here because it is a powerful tool for
graphically displaying patterns in community data. However, no divergence was seen
between treatments (high and low ash death and control) over time. Axes 1 and 2 are shown;
no patterns were detected in any other axis combinations.

respond most rapidly to the increase in light levels and grow faster than other species (see

supplementary figure 6). However, in our final linear model, the interaction term

treatment by species was not significant (Df = 8; F = 1.29; p = 0.25), so there is not strong

evidence to support this effect.
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Earthworm communities

There was no significant effect of ash death on the abundance (linear mixed-effects model:
Df = 2; Chi square = 3.05; p = 0.22) or Shannon-Wiener diversity (linear mixed-effects
model: Df = 2; Chi square = 3.92; p = 0.14) of earthworms sampled in the plots (figure 5).
Small, non-significant decreases in abundance were seen with high ash death treatment
(est. =-0.14; 95% CI =-0.32, 0.06) (figure 5a and b), and similarly for diversity (est. =-0.20;

95% CI =-0.43, 0.04) (figure 5c¢).

In our initial linear model of earthworm abundance against treatment and canopy
openness (ISF), a significant decrease in abundance was seen with higher canopy
openness (Df =1, p =0.002, est. =-4.74) (figure 5d). However, when block was added as a
random effect in our final GLMM (see methods), the significance of canopy openness
became marginal (p = 0.091, est. =-2.69). There was no significant difference between sites

for abundance or diversity of earthwormes.
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Figure 5: a) Earthworm abundance per sample in plots of different treatments (high or
medium ash death treatments, or control). White bars are Bagley Woods, grey bars are
Wytham Woods. b) Average earthworm abundance for each treatment across woods.
Although the average abundance was highest in the control plots and lowest in the high ash
death treatment plots, the differences between treatments were not significant. c)
Earthworm diversity per sample in different treatments. Diversity was slightly higher in
control plots, but this was not significant (p = 0.15) d) Earthworm abundance per plot against
canopy openness (ISF). ISF was significant (p = 0.002, est. = -4.74) in an initial linear model of
earthworm abundance against treatment and ISF, but when block was added as a random
effect in a GLMM, ISF became only marginally significant (p = 0.091, est. = -2.69).
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Canopy cover

No significant differences in canopy cover were found between years, for any of the
treatment levels. Canopy cover in the high ash death treatment plots decreased slightly in
2015 and 2016, and increased slightly again in 2017 (figure 6), but these differences were

not large enough to be significant.
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Figure 6: Canopy cover in the treatment plots over time: a) high ash death treatment
plots, b) medium ash death treatment plots, c) control plots. No significant differences
were seen over time within each plot type, although for both high and medium ash death
plots, small decreases in cover were seen in 2015 and 2016 followed by recovery in 2017.
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Discussion

Our experiment suggests that some components of woodland ecosystems may be more
resilient to the effects of ash dieback than previously thought. Despite recording ground
flora communities for four years after experimentally-induced ash death in our plots, we
failed to detect any significant changes to ground flora communities or diversity. We also
found no effect of ash death on bramble abundance, regeneration of tree species,

increment growth of other trees or earthworm abundance or diversity.

There was, however, some weak evidence to suggest that compensatory growth of
canopy trees occurred. Canopy cover was at its lowest two years after the loss of ash, and
by three years the canopy gaps left by dead ash trees were already starting to be filled by
the surrounding trees (figure 6). This may have reduced the degree of environmental
change experienced by ground-dwelling organisms by, for instance, stabilising light
levels. However, it is not clear to what degree this represents increased canopy growth or
just plasticity of the existing canopy as in regrows each year. Woodland vascular plants
and earthworms are both strongly affected by microclimate (Kirby 1990; Breshears et al.
1998; Eggleton et al. 2009; Palo et al. 2013), so this could be a mechanism for resilience to
some impacts of ash dieback in diverse woodlands. Varying growth rates between
different tree species present in the ecosystem may therefore be an important trait
affecting the overall ecosystem resilience to ash loss, and it may be advantageous for
woodland managers to promote fast-growing species such as Acer pseudoplatanus to help
maintain canopy cover (supplementary figure 5) (see Chapter 3 for further exploration of

how tree species traits may affect ecosystem resilience).
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However, there are various alternative explanations for why we may have failed to detect
effects, so the conclusion that semi-natural ancient woodlands may be more resilient than
was feared can only be drawn tentatively. One potential alternative explanation is that the
ecosystem effects of ash death may take longer to appear than the time frame of this
experiment. Although changes to light levels and exposure can occur rapidly after loss of
canopy cover, other changes may take many years to accumulate, particularly changes to
soil chemistry or leaf litter composition. In the long term, we would expect topsoil to
become more acidic following loss of ash, as ash litter is neutral to alkali and is
uncommon in this regard (Mitchell et al. 2014b). However, high levels of buffering in soil
systems mean that changes such as this may take years to emerge and progress down the
soil profile (Ovington 1953; James & Riha 1985). Any effects of changing pH on ground
flora or earthworms may therefore not have appeared within this timescale. Equally, any
negative effects of deeper shade that may result from changes in tree species composition

in the long-term, may be slow to occur (Ddlle & Schmidt 2009).

A second possibility is that major impacts may be seen only when ash is present at a
higher proportion than in our plots. Both woodlands in this experiment were diverse
semi-natural ancient woodlands, and ash was killed in the plots at a density of 6.73 m?
basal area per hectare. However, some areas of recent regeneration or ash plantation will
have far higher ash densities than these, and it may be that large impacts to woodland
ecosystems will only be seen above a certain threshold density of ash. This could be the
case if light levels are a primary driver of ecological change; at high densities of ash, the
compensatory growth seen in this experiment may not be sufficient to buffer the loss of

ash. There are also likely to be greater impacts when dead ash trees start to fall naturally,
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increasing the size of canopy gaps. This was only seen to a limited degree in the
experimental plots by the end of the study period, and so may not yet have had a major
impact. It is also possible that stronger effects will be seen when larger areas are affected,
as our experiment was confined to small blocks and left the surrounding woodland

untouched.

Additionally, this study only focussed on two components of woodland ecosystems;
ground flora and earthworm communities. Other groups of organisms were not studied
which may be more strongly affected by loss of ash, particularly lichens and insects which
both have species that are thought to use ash obligately (Lohmus & Runnel 2014; Mitchell
et al. 2014a; Littlewood et al. 2015). Neither of these groups were investigated in this
experiment due to the scale of the plots: 25 x 25 metres was considered too small a plot to
have much relevance to highly mobile organisms such as flying insects, or highly patchy
organisms such as lichens. However, species such as these, which feed or live exclusively
on ash trees, are likely to be the most vulnerable to loss of ash, and unless they can change
their life histories to utilise other trees, will not be helped by compensatory growth of

other tree species.

Small, non-significant decreases in earthworm abundance and diversity were observed in
high ash-death treatments, and marginally significant decreases in abundance were
observed in plots with high canopy openness. Although our treatment was not significant
in this experiment, we might expect that earthworms would be affected by changes in
canopy cover and species composition in the longer term — indeed, even in this
experiment, where earthworms were only sampled in a single year after ash death, plots
with higher canopy openness were observed to have fewer earthworms. Earthworms’
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primary food is leaf litter, and they are known to be strongly affected by the quality and
quantity of leaf litter produced, and by differences in nutritional value of litter between
tree species (Reich et al. 2005; Cesarz et al. 2007; Curry & Schmidt 2007; Palo et al. 2013).
Earthworms are known to favour ash leaf litter because of its low toughness and high
nutrient content, so a decrease in ash cover could plausibly cause a long-term decrease in

earthworm abundance that was not seen in this short study period (Mitchell et al. 2014a).

This may be important because earthworms have a disproportionate effect on ecosystems
and play key roles in nutrient cycling and soil production (Lee 1985; Feller et al. 2003;
Blouin et al. 2013). Changes in nutrient cycling may themselves have knock-on effects on
the abundance and composition of ground flora and other groups, so if changes to
earthworm communities were to occur, this could contribute to long-term changes in the
wider woodland ecosystem (Brown 1995; Partsch et al. 2006). Earthworms are also
important contributors to woodland food webs, so this could have further impacts on
higher trophic levels such as badgers (Brown 1995). We suggest that the effects of ash loss
on earthworm communities would merit further investigation, especially as they were
only sampled for a single year in this experiment. The mustard vermifuge method used
(Sherlock 2012) has been shown to produce results consistent with hand-sorting
(Lawrence & Bowers 2002), but earthworms are notoriously difficult to sample
exhaustively across functional groups due to their wide range of behaviours and habitats
and their close incorporation into soils. It may therefore be worthwhile to use additional

earthworm sampling techniques for a more complete picture.

As well as having a short duration, this study was also limited in size for logistical
reasons, comprising 13 blocks in two sites. Ecological experiments tend to give results
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containing large amounts of random variation, or with many confounding factors that
may mask real trends in small samples. In addition to this, woodlands are highly patchy,
and very different floral communities can frequently be found within metres of each
other. It is possible that more, and perhaps larger, plots would have smoothed out some
of the “noise” and provided sufficient statistical power to find significant results.
Observational studies are currently ongoing into the effects of ash dieback on ground
flora in woodlands in the East of England, including Bradfield Woods in Suffolk — a
highly diverse ancient coppice system currently suffering severe effects of ash dieback
(Rob Fuller, pers. comm.). It will be interesting to see how these observations of the effects

of ash dieback compare to the results of our experiment in future.

Our experiment was designed to mimic the effects of ash dieback as closely as possible
(the reason for killing ash trees with ring-barking). Removing a strip of bark from around
the entire base of the trunk kills trees by disrupting the phloem (similarly to ash dieback)
and, initially, leaves standing dead trees. However, in the first year after ring-barking, it
was clear that only around two thirds of the treated trees had died, with others in various
conditions ranging from poor to indistinguishable from untreated trees. We therefore
completed the treatment by poisoning the unaffected ash trees with glyphosate herbicide
in spring 2015. All treated trees were visually confirmed to be dead in July 2015. This
delay in the death of a proportion of treated ash trees may have contributed to the degree
of resilience seen in other parts of the woodland community, perhaps giving other trees
time to grow into gaps that developed gradually. However, this is in fact how ash dieback
outbreaks tend to progress (Plitira & Baliuckas 2007; Kjeer et al. 2011; McKinney et al. 2011;

Alsop 2015). Differences in inherent tolerance and microclimatic conditions mean that a
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phased effect is most commonly seen, with some trees succumbing faster than others to
infection. Young trees in particular are known to die more quickly than mature trees
(Lygis et al. 2014) and this was mimicked intentionally in our experiment by killing
smaller trees preferentially to make up our desired basal area of ash (see Methods). It is
possible that this pattern of tree deaths may confer a level of resilience to woodland
communities facing ash death, as we have seen, by reducing the degree of change that is

felt at any one time.

Conclusions

The results of our experiment show that, at least in the short term and in woods with ash
admixed in diverse tree communities, woodland ground flora and earthworm
communities can show a surprising degree of resilience to ash loss. While this is
undoubtedly good news for woodland biodiversity and land managers working to
preserve it, it must not encourage complacency: tree diseases are certainly capable of
driving wide-ranging changes to woodland ecology and communities and biodiversity
loss. If ash dieback does not, under certain circumstances, lead to dramatic loss of some
ash-associated communities, this is likely to be because of the ability of other tree species
to compensate in part for the loss of ash, either by maintaining suitable woodland
microclimates or directly providing habitat. Woodlands with a diverse mixture of tree
species are known to have better outcomes for many stressors, ranging from invasive
diseases to climate change. In the long term, it is therefore critical to respond to ash

dieback not only by attempting to lessen the immediate effects, but also by protecting
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other tree species and enhancing woodland diversity. With each species loss to an

invasive pest or disease, woodlands become less resilient to future threats.
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Abstract

High-quality abundance data is expensive and time consuming to collect and often highly
limited in availability. Nonetheless, accurate, high-resolution abundance distributions are
essential for many ecological applications ranging from species conservation to
epidemiology. Producing models that can predict abundance well, with good resolution
over large areas, has therefore been an important aim in ecology, but poses considerable

challenges.

We present a two-stage approach to modelling abundance, combining two established
techniques. First, we produce ensemble species distribution models (SDMs) of trees in
Great Britain at a fine resolution, using much more common presence-absence data and
key environmental variables. We then use Random Forest regression to predict
abundance by linking the results of the SDMs to a much smaller amount of abundance
data. We show that this method performs well in predicting the abundance of 20 out of 25
tested British tree species, a group that is generally considered challenging for modelling

distributions due to the strong influence of human activities.

Maps of predicted tree abundance for the whole of Great Britain are provided at 1 km?
resolution. Abundance maps have a far wider variety of applications than presence-only
maps, and these maps should allow improvements to aspects of woodland management
and conservation including analysis of habitats and ecosystem functioning, epidemiology
and disease management, providing a useful contribution to the protection of British
trees. We also provide complete R scripts to facilitate application of the approach to other

scenarios.
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Introduction

Robust information on the distribution and abundance of species is essential for many
applications in ecology and conservation. Advances in Species Distribution Modelling
have driven an explosion in the use of these and similar techniques, which are now
widespread (Aratjo & Guisan 2006). However, the most commonly desired output from
these techniques, an estimate of the probability of species occurrence, is restricted in its
uses. Furthermore, due to limitations in the quality of available data, the actual output of
Species Distribution Models (SDMs) is often even less useful, producing only a relative,
not absolute, likelihood of presence, and sometimes worse (Pearce & Boyce 2006;
Guillera-Arroita et al. 2015). For many ecological questions, estimates of abundance
would be far more valuable as they provide much more information about the state of
populations and properties of ecosystems (Pearce & Ferrier 2001; Sagarin et al. 2006; Hui

et al. 2009).

Predicting abundance distributions with accuracy is challenging. Even where presence-
absence or presence-only data are easy to find, large amounts of abundance data are
rarely available (Nielsen et al. 2005; Van Couwenberghe et al. 2013). Therefore, finding
effective ways to model abundance is an important area of research in ecology. A variety
of different approaches, including looking for a fundamental relationship between the
area of occupancy and abundance (Gaston et al. 2000) and looking at how occupancy

patterns change with different grain size (Hui et al. 2009) among others (Wenger &
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Freeman 2008; Hwang & He 2011) have been attempted. However, none of these has
produced consistently satisfactory results and each has significant theoretical or practical

limitations.

Another approach has been to investigate relationships between likelihood of occurrence
and abundance. This approach assumes that species abundance and occurrence are
controlled by the same or related environmental factors (Brown 1984; Van Couwenberghe
et al. 2013). Various studies have attempted to correlate the results of SDMs or related
models with abundance data to produce models predicting abundance in unknown areas
(Nielsen et al. 2005; Johnson & Seip 2008; Van Couwenberghe et al. 2013). However, wide
variation in the relationships between species occurrence and abundance have been
reported, with various studies showing weak relationships (Gaston et al. 2000; Nielsen et
al. 2005; Van Couwenberghe et al. 2013). Another study by Pagel et al. (2014) used a
hierarchical model to predict abundances in time and space using a combination of
plentiful occurrence data and restricted abundance data. Their method produced
unbiased results, but with very low precision in predictions, perhaps due to inflexibility
in their models or not using environmental covariates. These studies have all suggested
promise for a technique combining the use of large amounts of occurrence data with
small amounts of abundance data, but none have yet performed well enough to be of use

for many real-world applications.

We present a two-stage modelling approach for predicting abundance, where the results
of SDMs produced using the R package biomod2 (Thuiller et al. 2016) are regressed
against abundance data and additional predictors using Random Forest regression with
the R packages caret and randomForest (Breiman 2001; Liaw & Wiener 2002; Kuhn et al.
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2016). This approach performs well in almost all cases tested here and is flexible and
simple to use. We argue that poor correlations between SDM results and abundance
previously reported may be partly due to the use of less powerful or inappropriate
modelling techniques in other studies. SDMs are first produced using, in our case,
presence-absence data to produce a map of estimated probability of occupancy for the
species of interest. Separate abundance data is then used to fit a Random Forest
regression that predicts abundance from probability of occupancy. Additional predictors,
which may be expected to influence abundance but not occupancy, can be included at this
stage. We also include the SDM results of co-occurring species as covariates in the
Random Forest regression, allowing biotic effects to be accounted for in the prediction of

abundance and producing more realistic species responses.

We have used this approach to produce distribution maps showing the abundance of 20
common tree species in Great Britain. Available tree distribution data for Great Britain
was surprisingly poor, presenting a knowledge gap for ecologists working on British
woodlands, particularly in light of major threats such as emerging tree diseases (Boyd et
al. 2013). Our distributions show total combined area covered by each species within each
square kilometre (hectares per square kilometre) across Great Britain, and are a significant
improvement on previously widely available distribution data. We envisage that such
distribution maps could make an important contribution in a number of fields related to

British forestry, from conservation planning to epidemiology.
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Methods

We predicted abundance of tree species using a combination of two established
techniques. First we used the R package biomod2 (Thuiller et al. 2016) to produce
ensemble species distribution models (SDMs) of trees in Great Britain at 1 km? resolution.
Then we used Random Forest regression, with caret (Kuhn ef al. 2016) and randomForest
(Liaw & Wiener 2002) packages in R, to link the results of these SDMs to a much smaller
amount of abundance data, to predict abundance across Great Britain at the same

resolution. Figure 7 shows a schematic overview of the methods.

Stage |: Fitting species distribution models

From the Distribution Database of the Botanical Society of the British Isles (BSBI) (see
Data Sources) we downloaded all records from Great Britain between 1950 and 2014 for
25 commonly found tree species: Acer campestre L., Acer platanoides L., Acer pseudoplatanus
L., Alnus glutinosa (L.) Gaertner, Betula pendula Roth, Betula pubescens Ehrhart, Carpinus
betulus L., Castanea sativa Miller, Corylus avellana L., Crataegus monogyna von Jacquin, Fagus
sylvatica L., Fraxinus excelsior L., Populus tremula L., Prunus avium L., Prunus padus L.,
Pseudotsuga menziesii Franco, Quercus petraea Lieblein, Quercus robur L., Salix caprea L.,
Salix cinerea L., Sorbus aria Crantz, Taxus baccata L., Tilia cordata Miller, Ulmus glabra
Hudson and Ulmus procera Salisbury. We discarded records with location data less precise
than tetrad level (2 km x 2 km), and simplified data with more precise locations to tetrad
level. We chose tetrad resolution as a suitable compromise between having a high

number of records to use and a small spatial scale, as using coarse scales can be
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problematic when modelling species distributions (Guisan et al. 2007a; Dengler et al.

2009).

We then converted this presence-only data to presence-absence. We considered tetrads
for which botanical surveys had been undertaken at least twice since 1950, and where at
least 50 species of plants were recorded in each survey, to be “well-surveyed” (Groom
2013) (a map is provided in Supplementary Figure 7). Any well-surveyed tetrads that did
not have records for the species of interest were reclassified as “absence” points for that
species (i.e. locations where the species was likely to be either truly absent or at very low
abundance and therefore playing little role in defining the dominant ecological
characteristics of that tetrad). Accounting for the likelihood that common trees will have a
higher detection probability than most species of plants, we kept this threshold low
enough to prevent the exclusion of tetrads in species-poor areas, while being high enough
to prevent the inclusion of too many poorly-surveyed tetrads (Groom 2013). This
produced a total of 18,993 tetrads from across Great Britain that were considered well-
surveyed and subsequently used as presence or absence points. Data manipulation was
carried out using custom written scripts in Python (Python Software Foundation: Version

3.3.2).
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Figure 7. Schematic showing the outline of the two-stage method for predicting abundance
distributions. The first stage uses SDMs to produce maps of predicted probability of
occupancy, while the second stage takes these maps as inputs and uses Random Forest
regression to produce maps of predicted abundance. Distribution data inputs are shown in
square boxes, model covariates in round boxes, model outputs are shaded in solid grey and
modelling processes in hashed grey.

We downloaded data on a variety of ecological variables across Great Britain from a

variety of free sources (Table 2). See Data Sources for details. Pre-processing of layers was

carried out in ArcGIS (Esri 2014) to ensure identical extent, cell size and coordinate

system for use in species distribution modelling. All environmental covariates were used

at 1 km resolution: vector datasets were rasterised to 1 km resolution.

We then fitted Species Distribution Models (SDMs) to these data. For reviews of these
methods see Pearson & Dawson (2003b) and Elith & Leathwick (2009). SDMs use species
records and environmental variables to fit models that describe the relationship of the
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species’ distribution to the environmental variables, which can then be used to predict the

occupancy probability or related measures across a wider landscape (Thuiller 2003; Elith

& Leathwick 2009). SDMs for all species were produced using the package biomod2 in R

(R Core Team 2016; Thuiller et al. 2016).

We selected 15 environmental variables as covariates from the original set of 33 (see table

2). We removed one of each pair of variables with a pairwise Pearson’s correlation

coefficient higher than 0.7, while retaining variables that are known to be important

determinants of plant growth (Prentice et al. 1992; Guisan et al. 2007b). The final selection

Table 2. Ecological variables downloaded and processed for Species Distribution Modelling.

Details of data sources can be found in Data Sources.

Variable Description Unit Source

biol Annual mean temperature °C*10 Worldclim

bio2 Mean diurnal temperature °C*10 Worldclim
range: mean of monthly (max
temp — min temp)

bio3 Isothermality (bio2/bio7 * °C*10 Worldclim
100)

bio4 Temperature seasonality: °C*1000 Worldclim
standard deviation*100

bio5 Max temperature of warmest °C*10 Worldclim
month

bio6 Min temperature of warmest  °C*10 Worldclim
month

bio7 Temperature annual range °C*10 Worldclim

bio8 Mean temperature of wettest  °C*10 Worldclim
quarter

bio9 Mean temperature of driest ~ °C*10 Worldclim
quarter

biol0 Mean temperature of °C*10 Worldclim
warmest quarter

bioll Mean temperature of coldest °C*10 Worldclim
quarter

biol2 Annual precipitation mm Worldclim
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biol3 Precipitation of wettest mm Worldclim
month
biol4 Precipitation of driest month mm Worldclim
biol5 Precipitation seasonality: cm Worldclim
coefficient of variation
biol6 Precipitation of wettest mm Worldclim
quarter
biol7 Precipitation of driest quarter mm Worldclim
biol8 Precipitation of warmest mm Worldclim
quarter
bio19 Precipitation of coldest mm Worldclim
quarter
altitude Altitude m*10 Worldclim
slope Slope % Derived from Altitude
using ArcGIS (Slope)
aspect Aspect Degrees Derived from Altitude
using ArcGIS (Slope)
directradiat  Direct radiation: incoming Watt Derived from Altitude
direct solar radiation hours m?  using ArcGIS (Solar
Radiation Analysis)
directdurat  Direct duration: duration of =~ Hours Derived from Altitude
direct solar radiation using ArcGIS (Solar
Radiation Analysis)
diffuseradiat Diffuse radiation: incoming ~ Watt Derived from Altitude
scattered solar radiation hours m?  using ArcGIS (Solar
Radiation Analysis)
nfi National Forest Inventory Nominal  Forestry Commission
Great Britain 2014, forested
areas
soil Soil type Nominal  European Soil Database
soiltext Dominant soil surface Nominal  European Soil Database
textural class
octop Topsoil organic carbon Nominal  European Soil Database
content
awctop Topsoil available water Nominal  European Soil Database
capacity
mintop Topsoil minerology Nominal = European Soil Database
ancient_es Ancient woodlands in Nominal = Natural England, Forestry
England, Scotland and Wales Commission Scotland and
National Resources Wales
land cover =~ UK Land cover map 2007 Nominal  Countryside Survey/CEH
07 (1 km?)
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was altitude, aspect, slope, direct incoming solar radiation, mean diurnal temperature
range, temperature seasonality, annual precipitation, ancient woodland locations, topsoil
available water capacity, topsoil minerology, topsoil organic carbon content, topsoil
texture class, soil category, National Forest Inventory (NFI) forest type and land cover
type (see Supplementary Table 1 for pairwise Pearson’s correlations between selected
variables). We ran six algorithms (GLM, GAM, Classification Tree Analysis (CTA),
Generalised Boosting Models (GBM), Random Forest (RF) and Maximum Entropy
(MaxEnt)) 15 times for each species using the 15 environmental covariates, producing a

total of (25 species x 6 algorithms x 15 repeats) = 2250 models.

Each model run was carried out using a randomly chosen 70% of the presence-absence
data (Thuiller 2003; Heikkinen et al. 2012); the remaining 30% were used for cross
validation to assess the performance of each model using two model assessment criteria;
area under the Receiver Operator Curve (ROC) and the True Skill Statistic (TSS)
(Allouche et al. 2006). For each species, we selected the best-performing models (see Table
3) to build an ensemble distribution model (a mean of the raw model results, weighted by
the model ROC scores), producing a single distribution map for each species that
represents a robust estimate of a species’ British distribution at 1 km? resolution (Thuiller
et al. 2016). The model selection process was as follows. Firstly, we assessed ROC and TSS
scores — for both metrics, a higher value indicates better model fit — and if there was a
leading group of models whose ROC and TSS scores were a step higher than the
remainder, this leading group was chosen. Often this leading group contained just the 15
Random Forest models. Otherwise, the top 20 models with the highest scores were

selected. Secondly, we visually assessed the predicted responses of the species to each
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environmental covariate for each of these models. Any models that contained biologically
implausible responses were rejected, as were models where the responses or predicted
occurrence maps disagreed greatly from the overall consensus, as these can lead to
development of inappropriate ensemble models (Henrik Hannemann, pers. comm.). See
the walkthrough of R code in Supporting Information for an example of how models
were chosen and example response curves. After rejection of implausible models, the final
number of models used to produce each ensemble ranged between 11 and 20. Ensemble
models were therefore robust, biologically plausible, and had high predictive power for

the majority of species (see Table 3).

Non-significant variables were not removed from the models because of the very large
size of our datasets, and because the models were used to make predictions rather than to
test hypotheses. Therefore final models may include terms that were not important to the
outcome, but this should not have had a detrimental impact on the model fit. The

numbers and types of models selected for each species are displayed in Table 3.

Stage 2: Modelling abundance using Random Forest regression

Abundance data for trees, in the form of hectares covered by a species per square
kilometre (or percent cover), was obtained from the 2007 Countryside Survey and
myForest (see Data Sources). The Countryside Survey is a large-scale survey in Great
Britain measuring many aspects of landscapes and the countryside, including diversity
and abundance of plant species. It uses a random stratified sampling procedure to
capture a representative sample of all land cover types. By contrast, myForest is a service
set up to help woodland owners map and manage their forests, which currently holds
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data on over 45,000 Ha of woodlands across Great Britain, but does not contain any
records outside of woodlands. For all tree species combined, 9800 randomly selected
abundance data points from the Countryside Survey and 9453 abundance data points
from myForest were used, making an average of 770 abundance data points per species

(see Supplementary Table 3 for numbers of data points per species).

The two abundance datasets (Countryside Survey and myForest) were rescaled to express
them as hectares covered per kilometre squared (percent cover), in order to make them
comparable. For the myForest data, which was originally provided in the format
percentage cover of each species within a woodland patch, this involved multiplying each
percentage cover record by the proportion of woodland cover in the relevant kilometre
square. For this, we used a shapefile downloaded from the National Forest Inventory
(NFI), containing outlines of all woodlands over 0.5 hectares in Great Britain. For the
Countryside Survey data, which was collected using a more complex methodology
(details available in Barr et al. 1990) where linear features such as hedgerows were
sampled separately from the rest of the landscape, more manipulation was required. The
data was weighted by the length of linear features in the kilometre squared, to account for
the fact that linear features are more likely to contain trees and the lengths of them are not
equal across the country. The weighting was done using (linear plot percentage cover x
percent of kilometre square covered by linear features) + (non-linear plot percentage
cover x remaining area), with all required information taken from the Countryside

Survey.

Tree cover data for England and Wales from Bluesky’s National Canopy Map were made
available by the Woodland Trust, to be used as a modelling covariate. Three layers from
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this were used: the total tree cover, tree cover derived only from woodlands included in
the NFI, and tree cover derived from trees outside woodlands. The National Canopy Map
layers were used in England and Wales, while the more basic NFI layers were used in
Scotland where complete tree cover data was not available. We also used the NFI dataset
to calculate the proportion of each square taken up by broadleaved woodland edge,
which was defined as any woodland within 50 m of non-woodland (Aune et al. 2005). All
these layers were used as covariates in the Random Forest regression (below). We used R

version 3.2.3 for all modelling and data processing (R Core Team 2016).

We used Random Forest regression to model the relationships between abundance, the
probability of occupancy predicted by the SDMs, and our tree cover covariates which we
expected would be important for modelling tree abundance (Breiman 2001). A separate
Random Forest regression was implemented for each species. The SDM outputs for all
species were included as variables for each species, so that the models would also capture
interactions between species (such as competition). Potentially, this could also capture
variation in other variables that are not included in that species” SDM but which correlate

with the distribution of other species. Models had the form:

Abundancerfocal sp. ~ Pfocal sp. + Psp.2 ... Psp.2s + Ca+ Cw + Co + Ce
where P is the predicted probability of occupancy from the relevant SDM, Ca is cover
from all trees, Cw is cover from woodland trees only, Co is cover from trees outside

woodland only, and Ck is cover from woodland edge.

Models were run using the combined myForest and Countryside Survey data. We chose

to use Random Forest regression because it is insensitive to data distribution and
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therefore copes well with our data which has a high percentage of zeros. It can also take a
large number of potentially collinear variables, and is robust to overfitting, making it
extremely useful for prediction (Segal 2004; Prasad et al. 2006). We used these models to
predict abundance of each species across the whole of Great Britain at 1 km? resolution.
We used Root Mean Squared Error (RMSE) and Mean Absolute Error (MAE), produced
by k-fold cross validation with 10 folds, to evaluate our models. These two commonly
used evaluation metrics give interpretations of a model’s average error when testing it
against independent data, in this case, the 10% that was left out of each run (Chai &

Draxler 2014).

Results

Species Distribution Modelling

All selected models had useful prediction capability (AUC > 0.7) (Boyce et al. 2002). In
general, prediction accuracy of the selected models was good and they successfully
predicted a large proportion of known presence or absence points. The selected models
had ROC scores between 0.71 and 0.96 and TSS scores between 0.31 and 0.83 (Table 3).
Ensemble models were built using 100% of the available data, so evaluations are not
given for ensemble models as this would test the models on the same data they were
generated with, resulting in unfair evaluation statistics. For the four species with the
lowest predictive power (lowest TSS and ROC scores), (Populus tremula, Prunus avium,
Pseudotsuga menziesii and Tilia cordata) (Table 3), we investigated further to ensure that all
ecological factors known to be important to them were included in the model runs.

However, no further improvements to the model fit were found. These were species that
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tend to be either widespread but uncommon throughout their range (P. tremula, P. avium,

T. cordata) or non-native trees whose distribution is largely controlled by human planting

(P. menziesii) and as a result it is unlikely to be possible to generate high-scoring

Table 3. The number, type, and prediction accuracy of the individual models used to build

ensemble distribution models for each tree species. Algorithms included were GAM

(Generalised Additive Model), GBM (Generalised Boosted Regression), GLM (General Linear

Model), RF (Random Forest) and MaxEnt (Maximum Entropy).

Species Number of Algorithms Mean Mean TSS
models used to  included ROC score
build ensemble score

Acer campestre 20 GAM, RF, GBM 0.92 0.71

Acer platanoides 20 GLM, GAM, RF, 0.76 0.44

GBM

Acer pseudoplatanus 20 GAM, RF, GBM 0.85 0.55

Alnus glutinosa 15 RF 0.80 0.46

Betula pendula 15 RF 0.79 0.46

Betula pubescens 15 RF 0.80 0.46

Carpinus betulus 20 RF, GBM, MaxEnt 0.78 0.40

Castanea sativa 15 RF 0.81 0.47

Corylus avellana 16 RF, GBM 0.86 0.46

Crataegus monogyna 20 GLM, GBM, RF, 0.96 0.82

GBM
Fagus sylvatica 20 GAM, RF, GBM 0.81 0.48
Fraxinus excelsior 20 GLM, GAM, RF, 0.92 0.83
GBM

Populus tremula 17 RF, GBM 0.71 0.31

Prunus avium 11 RF 0.75 0.36

Prunus padus 20 RF, GBM 0.80 0.48

Pseudotsuga 19 GAM, RF, GBM, 0.76 0.39

menziesii MaxEnt

Quercus petraea 15 RF 0.82 0.49

Quercus robur 16 RF, GBM 0.90 0.64

Salix caprea 16 RF, GBM 0.79 0.42

Salix cinerea 16 RF, GBM 0.78 0.42

Sorbus aria 20 RF, GBM 0.84 0.53

Taxus baccata 20 GAM, RF, GBM 0.80 0.44

Tilia cordata 15 RF, GBM 0.76 0.36

Ulmus glabra 15 RF 0.79 0.43

Ulmus procera 15 RF 0.89 0.61
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distribution models for these species (Guisan et al. 2007b). For 21 out of 25 species,

however, SDMs produced high-quality ensemble models.

Abundance modelling

Observed abundance (Ha km)

Figure 8. Observed abundance against abundance predicted by Random Forest regression,
as used to assess model performance, shown for four tree species. The line on each graph
is the 1:1 line showing perfect model fit.
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In general, the Random Forest models were very successful in predicting the abundance

of tree species. Figure 8 shows the predicted against observed abundance for four
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representative species; graphs for all other species are shown in Supplementary figure 8.
For the majority of species, the predictions of the models are similar to the observed

values.

We produced Root Mean Square Error (RMSE) and Mean Absolute Error (MAE) scores
using 10-fold cross validation to evaluate our models” performance. These two commonly
used model evaluation metrics give interpretations of a model’s average error when
testing it against independent data (Chai & Draxler 2014). Table 4 shows RMSE and MAE
scores for each species; the error scores are given in the same scale as the response
variable, i.e. hectares covered per square kilometre (percent cover). All the models have
RMSE scores under 10, and most are under 5. All MAE scores are under 5. The average

prediction error for most of the models produced is therefore less than 5%.

For six species, Acer platanoides, Populus tremula, Prunus padus, Sorbus aria, Ulmus glabra
and Ulmus procera, there were too few non-zero abundance data points to use 10-fold
cross validation. We chose 50 positive data points as the cut off for using 10-fold cross
validation, as this gives an average of five non-zero data points per fold. Acer platanoides
had 42 positive abundance data points, so for this species we used 8-fold cross validation
to maintain an average of five non-zero data points per fold. However, for the remaining
five species we felt that there was not enough data available to produce reliable
abundance models (see Table 4). These species were omitted and maps of predicted
abundance of the remaining 20 species across Great Britain were produced (Figure 9 and
downloadable from the Sylva Foundation website and Oxford University Research
Archive (see Data Sources). Where adequate abundance data was available, however,
Random Forest regression was able to improve the prediction of the species for which the
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SDMs had a poorer fit. We were able to successfully model the abundance of Prunus
avium, Pseudotsuga menziesii and Tilia cordata despite the SDM prediction accuracy for

these species being poorer than the other species.

Table 4. Root Mean Square Error (RMSE) and Mean Absolute Error (MAE) scores
for the Random Forest regression model for each species. The number of non-zero
data points available for each species is also shown.

Species RMSE MAE Number of non-
zero data points
Acer campestre 1.44 0.35 315
Acer platanoides 1.27 0.19 42
Acer pseudoplatanus 4.01 1.40 634
Alnus glutinosa 2.40 0.66 195
Betula pendula 6.88 2.29 802
Betula pubescens 4.09 1.09 127
Carpinus betulus 3.79 1.05 320
Castanea sativa 9.56 3.58 501
Corylus avellana 4.47 1.47 935
Crataegus monogyna 1.10 0.23 339
Fagus sylvatica 8.45 291 918
Fraxinus excelsior 4.95 1.88 1629
Populus tremula NA NA 16
Prunus avium 1.98 0.56 401
Prunus padus NA NA 9
Pseudotsuga menziesii 7.66 1.96 193
Quercus petraea 5.99 1.84 209
Quercus robur 6.50 2.54 1867
Salix caprea 1.38 0.28 74
Salix cinerea 0.16 0.03 55
Sorbus aria NA NA 3
Taxus baccata 2.21 0.49 86
Tilia cordata 1.04 0.14 56
Ulmus glabra NA NA 22

Ulmus procera NA NA 27




Acer campestre Castanea sativa

012 3 4586 78 0 10 20 30 40 50 60

Fraxinus excelsior Quercus robur

Figure 9. Maps of predicted abundance for four species, in hectares per km?, or percent
cover. Note the scale varies between species. Maps for all other successfully modelled
species are available to download from Sylva Foundation website and Oxford University
Research Archive (see Data Sources).
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We also calculated R? scores for the models, and these are available in Supplementary
Table 3. However, we recommend caution when interpreting these scores, as R? is not the
most appropriate metric to use in this situation. R? is affected by the extent of the
dependent variable (Gelman & Hill 2007), and as the maximum abundance varied greatly
between species, this confounds comparison between our models. The high percentage of
zeros in our datasets also produces difficulty in the interpretation of R For instance, for
Acer campestre, over 97% of the available abundance data points were zero. The model
tended to predict very slightly higher than zero for these points (generally between zero
and one percent cover), resulting in a low R? (0.523). However, the observed vs predicted
graph (Figure 8) and the low RMSE and MAE scores (Table 4) for Acer campestre show
that the model generally predicts very close to the true abundance, despite scatter in the
data, and this is mirrored for most other species. For applications where the difference
between zero and one or two percent cover is unimportant, these models can be used
directly for predicting abundance; where it is more important, the predicted against
observed graph can be used to select a cut off below which predicted abundance will be

coerced to zero.

Discussion

The two-stage modelling approach produced good or excellent predictions of abundance
for the majority of species across the whole of Great Britain, despite only being trained on
a relatively small amount of abundance data. This is in contrast to several previous
studies looking for relationships between SDM results and abundance, which have shown

little or no relationship (Gaston et al. 2000; Nielsen et al. 2005; Johnson & Seip 2008).
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However, to our knowledge no previous studies have used Random Forest regression to
model this relationship, and doing so has a number of advantages. Most importantly
perhaps is that it does not make any assumptions about the shape of the relationship.
Previous studies have attempted to use the negative binomial and other theoretical
distributions, but we argue that this is likely to be an oversimplification that may mask
true relationships. The shape of such a relationship, which is likely to have several
different drivers, may not follow a simple mathematical function, and is known to vary
between species (Gaston et al. 2000; Nielsen et al. 2005; Harris 2015). The use of Random
Forest regression allows for such variation, making it a much more powerful technique

for this application (De’ath & Fabricius 2000; Prasad et al. 2006; Evans & Cushman 2009).

Our two-stage modelling approach has a number of other advantages. It can incorporate
biotic effects, and include covariates that are expected to influence abundance separately
from those expected to influence occupancy. It makes use of the large amount of presence
or presence-absence data that is often available, rather than discarding it. It will work
with any measure of abundance (number of individuals, percentage cover, biomass etc.)
and has been shown to be effective over large spatial extents. It may be a particularly
powerful approach where occurrence and abundance are not influenced by exactly the
same factors (see Nielsen et al. 2005a). Although not tested here, this method also has the
potential to be effective when used with the results of more problematic SDMs, such as
those made using presence-only data, which can only predict a relative likelihood of

occupancy (Araujo & Peterson 2012).

We can also make use of the covariate allocation of Random Forest to gain insights into
underlying ecological processes within the community. For each species for which we
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have modelled abundance, we can inspect which variables are having the strongest
effects in the model (see Supplementary Table 2) (Breiman 2001). This means we can see
which other species’ SDM results are most strongly associated with the abundance of our
species of interest, allowing us to identify possible biotic interactions such as competition.
This does not allow us to distinguish causal relationships because of the possibility that
hidden covariates could be at play; two species” SDM results could be correlated with
each other not because of a biotic interaction, but because they are both influenced by an
underlying factor. However, it does provide a qualitative estimate of biotic effects that
could be an interesting starting point for further study. The inclusion of biotic effects may
have the additional benefit of improving model performance for predicting abundance
under new conditions, such as future climate scenarios (Aratjo & Guisan 2006; Elith &
Leathwick 2009; Anderson 2013; Harris 2015). Species distributions and abundances are
predicted to be strongly influenced in future by both climatic changes and biotic effects,
and to our knowledge this is the first technique for predicting abundance which is able to
make some account of these biotic effects. However, the approach will not be able to
incorporate changes to biotic effects with novel species assemblages, or other factors such

as dispersal limitation, without further modification.

Not all species were successfully modelled using this technique. Prunus padus, Populus
tremula, Sorbus aria, Ulmus glabra and Ulmus procera were all unsuccessful, in each case
because very little abundance data was available for these species in our data sets. For
example, our combined abundance data set contained only four non-zero data points for
Sorbus aria, demonstrating the difficulty in acquiring abundance data even for such a

well-studied system. However, various tree species which are generally considered to be
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difficult to model — such as Pseudotsuga menziesii, a non-native species whose distribution
is still largely controlled by planting, and Tilia cordata, which is thought to be both rare
and widespread in Britain due to an unusual ecological history (Pigott 1991) — were
successfully modelled by Random Forest regression, despite showing relatively poor
SDM performance. Overall, the method performed well for the majority of species and
seems to be generally effective across a range of species, provided that sufficient

abundance data are available.

British trees exist in highly human-modified landscapes where their distributions have
without exception been altered by human land use and preferences (Hopkins & Kirby
2007; Rackham 2008). This is a challenging scenario for modelling abundance; other
studies which have tried to model abundance of vascular plant species have avoided trees
for this reason (Van Couwenberghe et al. 2013). However despite this the models
performed well for the majority of species. This suggests that the models may be flexible
enough to work in a variety of contexts, and are likely to perform even better in less
human-dominated landscapes. This flexibility is one of the major advantages of using
Random Forest regression, and we expect it to offer broad application in modelling
abundance of a wide range of species (Prasad et al. 2006). The next step for evaluating the
method will be to compare its performance to other published methods for predicting
abundance, which could be done by evaluating the relative performance of this and other

methods with a variety of published datasets.

81



3) \2 (é 7:;7_[,,_,,5“2 3 b)

g/i‘ g 4 [ t 8 %
M-gjﬁ“_- R g resent, 4
*3, & ety 1970 6 cover

N 1 DY et 3w
§ ‘C»‘}“}:‘ ey onwards .

© BSBI 2016

Figure 10. a) Presence records of Acer campestre, downloaded from the BSBI database
(some of the best available distribution data at the country-wide level). The data is presence
only on 2 x 2 km (tetrad) scale. Note that where presence is not recorded, it is impossible to
say whether the species is truly absent. Compare with our modelled abundance distribution
(b) showing modelled hectares covered by A. campestre per square kilometre for every 1 km
square.

The abundance maps that we have produced are the best quality abundance distributions
currently available for these species in Great Britain; previously, the best widely available
distribution maps for trees in Great Britain were presence-only maps on 10 or 2 km
square scales (see Figure 10). Our maps are modelled, not directly observed, and as is the
case for modelling any highly noisy system, will not accurately predict abundance in
every 1 km square; however, they are expected to capture overall patterns of distribution
well. As more data, particularly abundance data and better quality environmental

covariates, become available, our maps can continue to be improved. Abundance maps

82



have a far wider variety of applications than presence-only maps, and these maps will
allow significant improvements to these applications. British woods face a range of
threats, including invasive diseases such as ash dieback, under- or over-management
leading to poor woodland quality, pollution and damage by deer (Rackham 2008). These
improved maps should allow better planning and management of woodlands, analysis of
habitats and ecosystem functioning, and epidemiology and disease management, and will

be a useful contribution to the protection of British trees.

Conclusion

The two-stage method to predict abundance, using Random Forest regression to model
the relationship between SDM outputs and abundance, is robust and easy to use
producing good results for the majority of British tree species. Images and raster files of
our abundance maps for the 20 successfully modelled tree species are available to
download from the Sylva Foundation website and Oxford University Research Archive
(see Data Sources). Both SDMs and Random Forest regression are well-established
techniques, and using them together in this combination is a user-friendly way to
produce good quality maps of predicted abundance. This opens the way for more
abundance maps to be produced for a wider range of scenarios, which itself could drive
improvements in a number of ecological research areas, from responses to climate change
to epidemiology. To facilitate this, we provide annotated R code in the Supporting
Information for the entire process, to act as a guide for those wishing to use this method

themselves.
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Data Sources

Ancient Woodland shapefile data:

o England: available from Natural England at
http://www.gis.naturalengland.org.uk/pubs/gis/GIS_register.asp (accessed

17/06/2016).

o Scotland: available from Forestry Commission Scotland at
https://gateway.snh.gov.uk/natural-spaces/dataset.jsp?dsid=AWI (accessed

17/06/2016).

o Wales: available from National Resources Wales at
http://lle.wales.gov.uk/Catalogue/Item/AncientWoodlandInventory2011/?1

ang=en (accessed 17/06/2016).

BSBI Distribution Database: available at http://bsbidb.org.uk/ (accessed

17/06/2016).

Countryside Survey data: the data used is available to download from the Oxford
University Research Archive, https://ora.ox.ac.uk/ “Merged abundance dataset

from myForest and the Countryside Survey”.

Landcover Map 2007: available from Centre for Ecology and Hydrology at

http://www.ceh.ac.uk/services/land-cover-map-2007 (accessed 17/06/2016).
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myForest: the data used is available to download from the Oxford University
Research Archive, https://ora.ox.ac.uk/ “Merged abundance dataset from

myForest and the Countryside Survey”.

National Canopy Map was made available for this study by kind permission of

the Woodland Trust.

National Forest Inventory Great Britain 2014: available from Forestry Commission

at http://www forestry.gov.uk/datadownload (accessed 17/06/2016).

R scripts: see Supporting Information on accompanying CD.

Raster and image files for the abundance maps produced for all species are
available to download from the Sylva Foundation website, https://sylva.org.uk/
and Oxford University Research Archive, https://ora.ox.ac.uk/ “Predicted

abundance maps for British Trees”.

Soil data from European Soil Database: available at
http://esdac.jrc.ec.europa.eu/content/european-soil-database-v20-vector-and-

attribute-data (accessed 17/06/2016).

Worldclim: free global climate data, available at http://www.worldclim.org/

(accessed 17/06/2016).
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Abstract

Pests and diseases are increasingly impacting tree populations around the world, causing
widespread ecological effects. In Britain, ash dieback (Hymenoscyphus fraxineus Baral et al.)
is affecting common ash (Fraxinus excelsior L.) populations severely, and the emerald ash
borer (Agrilus planipennis Fairmaire) is likely to add to the impact in future. This will

cause significant changes to the character and functioning of many ecosystems.

We present a method to locate the areas most ecologically vulnerable to loss of a major
tree species (common ash), and identify the resultant loss of distinctive ecosystem
properties. Our results indicate that in some areas of Britain, provision of ash-associated
ecosystem properties could be reduced by over 50% if all ash is lost. Some woodland
types, and trees outside woodlands, may be especially vulnerable to ash loss. However,
compensatory growth by other species could halve this impact in the longer term. We
produce guidance for management to reduce ecosystem vulnerability to ash loss,

including appropriate alternative species to encourage through management.

Introduction

Trees are critical components of the majority of natural terrestrial ecosystems and provide
supporting services essential for human survival, yet their long lifespans and slow rates
of reproduction and migration make them uniquely vulnerable to modern pressures
(Rackham 2008). In recent years, tree pests and diseases have emerged as one of the great

challenges currently threatening ecosystems worldwide (Boyd et al. 2013; Ennos 2014;
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Wingfield et al. 2015). Artificial processes such as international trade in plants and plant
products, and climate change, have facilitated the introduction and spread of tree natural
enemies and altered long-standing disease dynamics, causing more frequent epidemics
that threaten to wipe out whole populations (Brasier 2008; Pautasso et al. 2010; Cavers

2014).

The current threats to common ash (Fraxinus excelsior L.) in Great Britain are examples of
such artificial processes. Hymenoscyphus fraxineus Baral et al., or ash dieback, is an invasive
fungal pathogen which is currently in an epidemic phase, showing rapid spread from
centres of introduction since its initial detection in Britain in 2012 (Forestry Commission
2017a). In parts of mainland Europe where the disease has been present for longer (its
introduction into Eastern Europe is estimated as the early 1990s), the disease has shown
high rates of infection and mortality, with only between one and five percent of common
ash trees showing high levels of tolerance (Halmschlager & Kirisits 2008; Kjeer et al. 2011;
Pautasso et al. 2013). A future severe threat comes from the recent introduction into
Europe of Agrilus planipennis Fairmaire, the emerald ash borer (Straw et al. 2013). This has
been an exceptionally severe forest pest in North America where it has killed up to 100
million ash trees of various species since its discovery there in 2002 (Herms &
McCullough 2014), and is likely to spread throughout Europe, including Britain, as there
are no real barriers to its movement (Baranchikov et al. 2008; Straw et al. 2013; Thomas

2016).

In combination, these two threats are likely to lead to a rapid decline in population sizes
of susceptible ash species across Europe (common ash, Fraxinus excelsior; narrow-leaved
ash, F. angustifolia Vahl; and possibly flowering ash, F. ornus L. (Kirisits & Schwanda
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2015)), and conceivably extirpation from some areas (Straw et al. 2013; Thomas 2016).
However, the knock-on effects are likely to differ across the outbreak zone. In most of
Europe, ash species are relatively uncommon forest trees which tend not to make up a
major component of ecosystems (Beck et al. 2016), although their abundance has been
increasing in many areas (Hofmeister et al. 2004). In Britain, common ash is the third most
abundant broadleaved tree in woodlands (Forestry Commission 2013), and the most
common tree outside of woodlands (Brown & Fisher 2009; Maskell et al. 2013), so these
threats could lead to the loss of a major constituent of many British ecosystems. Common
ash is also an ecologically distinct species, having a range of unusual traits such as high
bark pH and rapidly decomposing litter (Mitchell et al. 2014a). This means that in Britain,
widespread loss of ash is likely to drive changes in the ecological properties of many

ecosystems and a reduction in the occurrence of traits and functions associated with ash.

Limited options exist for control of ash dieback or emerald ash borer, although projects to
identify and breed cultivars tolerant to ash dieback are ongoing (Clark 2014). Trade-offs
may also exist between tolerance to ash dieback and emerald ash borer (Sollars et al.
2017). However, there may be other management options available immediately that
could reduce the impact of ash loss on ecosystems, such as replanting badly-affected
areas with other tree species. These measures are, however, likely to be costly for land
managers, and so it would be advantageous to prioritise areas that are particularly

vulnerable to loss of ash.

The unique ecological characteristics of ash cannot be approximated by any single
species; therefore a mixture of trees will be required to replace the highest possible
proportion of ash-associated traits (Mitchell et al. 2014b). Plant functional traits are the

91



features of plants that determine their responses to the environment and their influence
over other trophic levels. They also have substantial effects on ecosystem properties and
services (see Pérez-Harguindeguy et al. 2013 and references therein). The Mass Ratio
Hypothesis states that a species’ relative contribution to total ecosystem properties should
be proportional to its contribution to primary productivity (Grime 1998). Thus, we may be
able to use species’ proportional abundances and ecological trait values to predict how
the traits that occur in an ecosystem could change with the loss of a species. We can also
apply this logic to produce guidance for ways in which we can manage trees and forests
to minimise the effects of species loss on the traits that occur, and prioritise areas for

action in real-world scenarios, such as the loss of ash.

Our novel method indicates which areas within an outbreak zone are the most
ecologically vulnerable to loss of a tree species — defined as experiencing the greatest
degree of change in average trait values — and provides guidance for how to minimise the
ecological change arising from ash loss that can be integrated with current practice.
Changes in trait values in ecosystems are not the only important factors in designing
management responses to disease outbreaks, but they are extremely important to the
functioning of ecosystems (Byrnes et al. 2014). We believe that this is the first time it has
been possible to consider them directly in a geographically-targeted manner when
designing management responses. In this paper, we demonstrate the use of the method

for the case of ash in Great Britain.
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Methods

Our analysis is comprised of five steps which are summarised here and in figure 11.

Further details are included in the Supplementary Methods.

Step |I. Compile data on tree abundance distributions and trait values.

Modelled abundance distributions of 20 common British tree and shrub species at 1 km?
resolution were obtained from Hill et al. (2017), and converted into proportions of the
total tree cover in each 1 km? The species were: Acer campestre L., Acer platanoides L., Acer
pseudoplatanus L., Alnus glutinosa (L.) Gaertner, Betula pendula Roth, Betula pubescens
Ehrhart, Carpinus betulus L., Castanea sativa Miller, Corylus avellana L., Crataegus monogyna
von Jacquin, Fagus sylvatica L., Fraxinus excelsior L., Prunus avium L., Pseudotsuga menziesii
Franco, Quercus petraea Lieblein, Quercus robur L., Salix caprea L., Salix cinerea L., Taxus
baccata L. and Tilia cordata Miller. Trait values were compiled for each of the above
species, and a further six species (Populus tremula L., Prunus padus L., Rhamnus cathartica
L., Sorbus aria Crantz, Sorbus aucuparia L. and Ulmus glabra Huds.) for which abundance
distribution maps were not available, but which occur regularly alongside ash in

woodland National Vegetation Classification (NVC) communities.

The values of 36 ecological traits (see table 5) were obtained for each species — this was
every trait for which we could find information for all species. Trait data was obtained
from a variety of databases (Ecoflora (2017), AshEcol (Mitchell et al. 2014c), the TRY Plant
Database (Kattge et al. 2011), and Wageningen University and Research Tree Database

(Goudzwaard 2017)) and a wider literature search to fill gaps in coverage and maximise
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the number of useable traits, as our analysis does not permit missing values. A complete

database of the trait data used, including trait values and details of the original sources

used for each species and every trait, is available in the Supplementary Materials.

Table 5. Ecological traits considered (36 traits). A complete database of the traits used,
including trait values and details of the sources used for each species for all traits, is available in

the Supplementary Material.

Trait name

Annual seed production

First seed production

Litter decomposition rate

Appendages on seeds Flowering period Longevity
Bark pH Fruit type Mycchorizal type
Deciduous Germination rate Nitrogen fixing

Dispersal agent

Germination time

Pollination syndrome

Dispersal time

Growth rate

Pollinator reward type

Dispersule size Height Resprouting ability
Ellenberg Light (L) Inflorescence type Seedbank type
Ellenberg Moisture (F) Leaf or leaflet area Seed mass
Ellenberg Nitrogen (N) Leaf dry matter content per ~ Shade tolerance
fresh mass (LDMC)
Ellenberg Reaction (R) Leaf lifespan Specific leaf area (leaf area
per leaf dry mass)
First flowering time Leaf shape Wood density
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Step 1. Species abundances and trait values:

\

Species | Abundance Bark pH | Height
(proportion) (m)
Ash 0.5 Alkaline 33.8 Step 2. i) Standardise trait values
(1 = trait value of ash):

Oak 0.3 Neutral 38.6

Rowan 0.2 Acidic 13.3 Species | BarkpH | Height (m)
Ash 1 1

Step 2. ii) Multiply standardised trait values by Oak 0.5 0.77

Rowan 0 0

Species

Abundance

Bark pH

Ash

0.5

1

species abundance, and sum across species:
Height (m)
1
Oak 0.3 0.5 0.77

Step 2. iii) Recalculate average trait values after

Rowan 0.2 0 0 total ash loss:
:‘;?tr?rifues 0.65 0.73 Species Abundance | BarkpH | Height (m)
Ash 0 1 1
Oak 0.3 0.5 0.77
Rowan 0.2 0 0
Step 3. Weight average trait values by importance, Average 0.15 0.23

using AHP weights (see Step 3 in Methods):

trait values
Bark pH | Height (m)

Importance (AHP weight) 0.85 1.62
Initial average trait values 0.65 0.73
Averggg trait yalues 0.55 1.18
multiplied by importance
Initial overall average

. 0.87
trait levels @
Average trait values after
ash death 0.15 0.23
Averf'-)g_e trait Yalues 0.13 0.37
multiplied by importance
Overall average trait

0.25

levels after ash death @

(1-(b=

a))

Step 4. Calculate vulnerability as proportional
reduction in overall average trait levels (i.e.,
decrease in similarity of the ecosystem to ash,
because of how traits were standardised):

=(1-(0.25+0.87))=0.71

Figure 11. A simplified worked example for calculating vulnerability to ash loss for a single
kilometre squared, with three species and two traits. The numbered steps correspond to

steps in the Methods.
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Step 2. Calculate average trait values across Great Britain, and how this may
change with loss of ash: a) For different localities (every | km?); and b) For

different woodland types.

i) Trait values were standardised on a scale of 0 to 1, where 1 is the value of ash and 0 is
the value of the most dissimilar species to ash. ii) The average value of the standardised
traits was calculated for each 1 km?, by multiplying the standardised trait values of each
species by that species” abundance, and summing across species. iii) The average
standardised trait value was then recalculated for each 1 km?, for four hypothetical
scenarios for the loss of ash and subsequent compensatory growth of other species: 1)
Total ash loss followed by no compensatory growth by other tree species; 2) Total ash loss
followed by all other tree species present increasing in proportion to their original
abundance to fill the space left by the ash; 3) and 4) As the two scenarios above, but with
a final step where each 1 km? is multiplied by the proportion of forest cover present in
that square, as defined by the National Forest Inventory (Forestry Commission 2017b).
These scenarios (3 and 4) represent the change that may occur in woodland ecosystems
only, with and without compensatory growth of other trees. We also carried out this
analysis (with and without compensatory growth) for different woodland types, using
species abundances from the National Vegetation Classification (NVC) floristic tables

(Rodwell et al. 1991).

Step 3. Weight traits by importance for ecosystem services using Analytic

Hierarchy Process (AHP).
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Traits are unlikely to have equal contributions to emergent ecosystem properties, such as
ecosystem services: for example, we included both litter decomposition rate and the type
of appendages on a species’ seeds in our analysis, but the litter decomposition rate is
likely to have a far greater impact on most ecosystem services. An Analytic Hierarchy
Process (AHP) (Saaty 2008) was used to produce weights for all traits based on their
relative importance for woodland ecosystem services, using the R package “ahp” (Glur
2017). For explanations of the theory and practical use of AHP, see Saaty 2008 and Glur
2017. Eight key woodland ecosystem services were considered (climate regulation,
primary production, nutrient cycling, soil formation, water cycling, flood protection,
pollination services and supporting biodiversity). Cultural services, which are unlikely to

be adequately explained by species traits, were not considered.

For simplicity, all ecosystem services were weighted equally to avoid arbitrarily assigning
more importance to one service over another, but alternative weightings can easily be
incorporated in any future analyses. All 36 traits were compared in a pairwise manner in
terms of their importance to each ecosystem service. Scores were agreed between all
authors, using our knowledge of woodland ecosystems and best judgement to agree
scores between us. Each author scored the traits separately to avoid bias towards the
opinions of senior authors, and we then discussed and resolved any disparities, which
were minor. The agreed orders of trait importance and the file containing complete
pairwise comparisons (in yaml format required for ahp package) are available in the
Supplementary Material. For each ecosystem service, consistency indices were calculated;
these measure the internal consistency of the comparison matrices generated by AHP, to

check for impossible ratings (e.g. a > b, b > ¢, ¢ > a). Our pairwise comparisons had
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consistency indices < 0.1, meaning that our comparisons are acceptably consistent (see

Supplementary Material).

Our final weights were produced by averaging the weights produced for each ecosystem
service. These were used to weight each trait by importance; the average trait value for
each trait (produced in step 2) was multiplied by its weight, before averaging across
traits. This produced overall average trait levels weighted by importance of traits, for

both the initial ecosystem and the four future scenarios.

Step 4. Calculate ‘“vulnerability’’: the proportion of ash-like traits lost.

Our final vulnerability scores are the proportional change in average trait values between
the current scenario and the four future scenarios. This can be considered as the reduction
in similarity of the average trait values to ash, because the traits are standardised
according to their similarity to ash. See figure 11 for a complete simplified worked

example of calculating vulnerability scores.

We also projected where the greatest changes in provision of each ecosystem service
might occur, by calculating vulnerability scores using the AHP weightings for each
ecosystem service in turn, rather than the overall weightings for all ecosystem services

combined. This analysis assumed no compensatory growth by other tree species.

Step 5. Identify recommendations for alternative tree species with the aim of

stabilising average trait values after loss of ash.
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Vulnerability scores were also produced for each trait separately, by calculating
vulnerability as in Step 4 but without averaging across traits first. These vulnerability
scores showed us which traits are most at risk in which areas, allowing us to recommend

alternative species that are most similar to ash for those traits.

For each of the most vulnerable areas and woodland types, the five traits with the highest
vulnerability scores were identified. We then used our compiled trait database to identify
the tree species which are most similar to ash for those traits; these species were
recommended as replacement species; three or four species were required in each case to
ensure that all five traits were provided for (see Box 1 in Supplementary Material). For the
NVC communities, replacement species were only chosen from the subset of species that
already occur in each NVC community. This avoided the recommendation of species that
would drastically alter these communities or be unsuitable for the abiotic conditions

present.

Results

Overall vulnerability scores and vulnerability hotspots.

Our results predict that loss of ash with no compensation could cause a large decrease in
ash-like traits in ecosystems (Figure. 12a). The mean value of vulnerability across Great
Britain was 0.14, but the distribution of vulnerability scores was right-skewed, suggesting
that a small number of areas are expected to be much more vulnerable to loss of ash than
the majority. The highest decrease in overall trait similarity to ash per kilometre squared

was 0.53 (where 1 means all ash-like traits are lost), i.e. more than half of the ash-like traits
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Figure 12. Vulnerability scores (reduction in average similarity to ash-like traits after 100%
ash death) for two different scenarios: a) loss of all ash, no compensatory growth of other
trees; b) loss of all ash, with compensatory growth of other tree species to completely fill
the gaps left by ash; c) expanded view showing one of the most vulnerable areas (Yorkshire
Wolds) with no compensatory growth. A vulnerability score of 0 means that all ash-like
traits are predicted to continue to be provided at the same levels after ash death by
alternative trees; a score of 1 means that all ash-like traits are predicted to be lost.
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in that location are expected to be lost. However, the overall vulnerability score varies
considerably across Great Britain. The largest hotspot of high vulnerability was the
Yorkshire Wolds (Figure 12c), with other smaller patches of high vulnerability occurring
throughout much of Britain, in both lowland and upland areas (see Box 1). Visual
exploration of the distribution maps shows that these patches of high vulnerability occur
where the overall proportion of ash is high and the diversity of other tree species is low,
so there are fewer available species that may have similar traits to reduce ecosystem

vulnerability.

In the second scenario (maximum compensation, Figure 12b), there is a strong contrast in
the vulnerability scores. The effect of loss of ash is predicted to be much lower when other

tree species are allowed to grow to compensate (although the geographical patterns of the

-0.15

0.10

-0.05

0.00

Figure 13. Vulnerability scores, for woodland trees only, for two scenarios: a) loss of all ash,
no compensatory growth of other trees; b) loss of all ash, compensatory growth of other tree
species to completely fill the gaps left by ash. Note that the colour scale is different from that
used in Figure 12.
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most vulnerable areas remained the same). The highest vulnerability score under this
scenario was 0.20, less than half of the highest score without compensation, and the
average vulnerability was only 0.06, suggesting that ecosystems will be much less

vulnerable if high compensation occurs.

When we restricted our analyses to consider only trees within woodlands (Figure 13a) we
revealed a different geographical pattern of vulnerability, with generally a much lower
vulnerability, and a more even distribution of vulnerable areas across Britain (c.f. Figure
12). The maximum vulnerability for this scenario was 0.15 in parts of Scotland and Wales,
and in England the south, north east and East Anglia. Compensatory growth also reduced

vulnerability for woodlands-only (Figure 13b), with maximum vulnerability 0.07.

The effects of ash death within some woodlands are likely to be locally important. Very
few 1-km squares in Britain are entirely covered in woodland and so high impacts within
some woodlands will be masked by averaging within 1-km squares. For this reason, we
applied our method to typical community compositions from the National Vegetation
Classification (NVC). These woodland types also varied greatly in vulnerability: the
classification with the highest vulnerability was W10e with a score of 0.47, and the lowest
was W5b with 0.07 (see Table 6). W10e contains only Acer pseudoplatanus and Corylus
avellana as frequent tree species, in addition to ash. Neither of these species have highly
similar traits to ash, which suggests that the loss of ash in W10e woodlands may produce

more significant ecological changes than in other woodland types.

For each NVC woodland sub-community considered, and for each of the most-vulnerable

areas, we have also produced guidance for some alternative tree species which could be
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planted or encouraged to reduce the vulnerability of the area. The species recommended

in each scenario are shown in Box 1 (Supplementary Material).

Table 6. Vulnerability to ash loss for NVC woodland sub-communities containing constant or
frequent ash (0 indicates provision of ash-like traits by alternative trees is predicted not to
change after ash loss, and 1 indicates predicted loss of all ash-like traits). As for the maps of
vulnerability, vulnerability scores with and without compensatory growth by other trees that
are currently present are shown. Guidance for planting and regeneration for each community
are shown in Box 1 (Supplementary Material).

NVC woodland sub- Vulnerability score (without = Vulnerability score (with

community compensation) compensation)
W10e 0.47 0.18
W7a 0.46 0.22
W8a 0.44 0.21
WS¢ 0.41 0.18
W8d 0.37 0.17
W8b 0.35 0.18
W8¢g 0.33 0.12
Wi12a 0.33 0.15
W8e 0.29 0.1
W8t 0.29 0.1
W9a 0.27 0.1
W7c 0.24 0.1
W9b 0.2 0.1
Wha 0.14 0.09
W5b 0.13 0.07

Changes in occurrence of traits and ecosystem service provision.

We plotted the change in occurrence of each trait separately to investigate which traits are
most at risk from loss of ash, and whether there is geographic variation between them.
The traits with the largest changes in trait values were seedbank type, mycorrhizal type
and dispersal agent, with Ellenberg’s light and nutrient indicators, litter decomposition

rate, and type of appendages on the seed, also predicted to be strongly affected. Despite
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some variation in geographic distribution between traits, the reduction in trait similarity
to ash was generally highest in the Yorkshire Wolds and some other lowland areas of

England and Wales (Figure 14).

We saw similar geographic patterns when we plotted the potential changes in provision
of each ecosystem service with no compensatory growth. All of the ecosystem services we
investigated showed very similar distributions to the overall vulnerability map (Figure
12), with their greatest vulnerabilities in the Yorkshire Wolds. Flood protection,
biodiversity and primary production appear to be slightly more vulnerable than the other

ecosystem services (Table 7).

Table 7. Vulnerability of each ecosystem service. These scores were calculated using the AHP
weightings for each ecosystem service in turn, rather than the overall weightings for all
ecosystem services combined. Flood protection, biodiversity maintenance and primary
production appear to be slightly more vulnerable to ash loss than the other ecosystem services.
However, see discussion for note of caution on interpreting these results.

Ecosystem service Maximum vulnerability Mean vulnerability
Flood protection 0.57 0.15
Biodiversity 0.57 0.14
Primary production 0.57 0.14
Climate regulation 0.56 0.14
Nutrient cycling 0.53 0.14
Soil formation 0.52 0.14
Water quality 0.52 0.14
Pollination 0.52 0.12
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Figure 14. Vulnerability scores for four traits: a) litter decomposition rate; b) Ellenberg’s light
indicator; c) Ellenberg’s moisture indicator, and; d) nitrogen fixing ability. The scores indicate
the predicted change without compensatory growth in the average trait values from the
values provided by ash trees, with 0 indicating that the same trait values will continue to be
available after the loss of ash trees, and 1 indicating that all trait values that are associated
with ash could be lost. The four traits shown all had both high predicted loss and high AHP
weighting; they are expected to be important traits for the provision of key woodland
ecosystem services, and the particular values of the traits ash provides are highly at risk in
some areas. Despite differences in the degree of vulnerability, the geographic pattern of
vulnerability is very similar between traits.
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Discussion

Widespread ash loss due to ash dieback (and, potentially, emerald ash borer) will
undoubtedly cause changes to the ecological character of many British ecosystems. Our
analyses suggest that the level of change could be very high in some situations; the
vulnerability scores of 0.53 in the Yorkshire Wolds and 0.47 for W10e National Vegetation
Classification (NVC) woodland community (assuming no compensatory growth by other
species) indicate that there could be a high degree of change in the average trait values in
certain ecosystems. These highly vulnerable areas and woodland types share two
characteristics: firstly, that a high proportion of the trees present are ash; and secondly
that they have a low diversity of other tree species, limiting the degree to which these
remaining trees can provide ash-like traits. These characteristics suggest that these

communities may experience high degrees of ecological change.

However, our results also suggest that the degree of change could be reduced by certain
actions. For instance, our analyses indicate that compensatory growth of other tree
species could play a particularly important role, and has the potential to reduce, by
around half, the reduction in overall trait similarity to ash, after ash death. We present
three major management recommendations that have arisen from our results, with the

aim of stabilising ecological properties after the loss of ash.
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Recommendation I: Plant or encourage regeneration of recommended
mixtures of tree species to replace ash, especially in areas with high ash

density.

The decision to replace ash on a site will be affected by a wide range of factors, and
planting may not be appropriate in every case. However, if managers decide that
replanting is required on a site, for instance if the density of ash in their woodland is high
and there is little natural regeneration, we would encourage practitioners to use our
recommended mixtures of species to minimise the effects of ash loss on the ecological
characteristics of the site. Trees have their highest ecological value when they are mature,
and since replacement trees will take a considerable time to grow to maturity it is
desirable to start planting replacement trees as soon as possible. This will be particularly
important in areas with high vulnerability, such as the Yorkshire Wolds and vulnerable

woodland types.

Box 1 (Supplementary Material) shows our recommendations for the tree species to plant
for each highly-vulnerable area and woodland type, to provide the specific values of
ecological traits that could otherwise be lost after ash loss. Recommended species are
listed in order of priority: the first species compensates for the most vulnerable trait in the
area, and so on. However, we stress that for the greatest ecological benefit, the
recommended mixtures of trees should be used, not just the first priority species, as no
single tree provides all of the most important ash-like traits. The species recommended
for each NVC woodland community should be generally suitable for planting in the areas

where that community occurs, as they were selected from the species that already occur
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in each community. However, normal silvicultural considerations will remain important,
especially the ecological suitability of a species for any particular site, which might be
checked using the Ecological Site Classification (Pyatt et al. 2001; Forest Research 2017a)
which provides advice on tree species that may grow well in particular geographical

locations.

The trees we recommend are predominantly native species; we included four non-native
species in our analyses that have been suggested for possible ‘climate proofing’; i.e. to
respond well to projected future climatic conditions (Mitchell et al. 2014a) in the UK (Acer
platanoides, Acer pseudoplatanus, Castanea sativa and Pseudotsuga menziesii). However, these
did not generally have a high trait similarity to ash and only A. pseudoplatanus and C.
sativa, which are already naturalised, came through as appropriate replacements for ash

in any of the vulnerable areas or woodland types.

Epidemic pests and diseases are a serious concern for many British tree species, not only
ash. For instance, elm species continue to be severely affected by Dutch Elm disease
(Ophiostoma novo-ulmi; Brasier 1991); for this reason, we do not recommend Ulmus glabra
as a suitable replacement species, despite many of its trait values being similar to ash and
therefore theoretically useful for compensation. The fungal-like disease Phythophthora alni
(Brasier and Kirk, 2001) is now widespread in alders in Britain, although so far only
around 20% of alder trees are affected (Forest Research 2017b). We recommend Alnus
glutinosa as a replacement tree in some cases, because it continues to be commonly
planted in Britain. However, these cases highlight the severe impacts of concurrent
outbreaks of disease in multiple species. The more diseases are present, the more difficult
it is for an ecosystem to be resilient.
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Our analysis includes only a subset of British tree species, as there is a paucity of
information available on traits or distributions even for the most common native species.
However, we are confident that we cover an adequate breadth of species, especially those
that co-occur commonly with ash. Rare species, by their nature, are likely to make small
contributions to ecosystem functioning, so we believe we have been able to capture the

dominant characteristics of ecosystems to produce our guidance.

Recommendation 2: Ash trees outside of woodlands should be replaced with a

range of suitable tree species.

Ash death outside of woodlands could easily be dismissed by land managers as
unimportant, and action not taken. However, this could lead to significant environmental
consequences and loss of wider landscape connectivity. Ash trees are frequently found as
isolated trees and in linear features such as hedgerows and roadsides, and are believed to
be the most common tree outside of woodlands (Brown & Fisher 2009). In these positions,
they are thought to play important roles improving connectivity across landscapes and
between isolated woodland patches. Maintaining this connectivity after loss of many ash

trees should be a key aim of management.

Our predicted vulnerability to ash loss is much lower when only woodland trees are
considered, in comparison to when all trees are considered together (including trees
outside of woodlands) (Figures 12 and 13). This suggests that ash trees in Britain may be
particularly important for their roles outside woodlands, supporting the conclusions of

others (Maskell et al. 2013; Mitchell et al. 2014b). Our analyses also suggest that they make
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considerable contributions to the ecological characteristics of habitats outside of
woodlands, and that there may be limited scope in many areas for remaining trees to

compensate.

Recommendation 3: Relieve concurrent pressures on woodlands.

It is important to recognise that high levels of compensatory growth by other tree species
are not likely to occur naturally in many British woodlands. Regeneration of many woody
species has been in decline in British woodlands for several decades (Coté et al. 2004;
Kirby et al. 2005; Hopkins & Kirby 2007; Gill & Morgan 2010) and a well-documented
range of pressures on woodland, including overgrazing by deer, damage by grey
squirrels, atmospheric pollution and invasive species, may in fact make rapid
compensation unlikely in the majority of woodlands (Rackham 2008). Many of these
pressures can be relieved, to a certain degree, by good silvicultural practice, such as
culling herbivores and removing invasive species. In areas with severe pressures on
woodlands, this may be one of the most important ways to respond to ash dieback.
Silvicultural management can improve the health of other tree species and the resilience
of woodlands in general to respond to major disturbances now and in the future (Broome
et al. 2014). Our predicted vulnerability was halved by allowing maximum levels of
regeneration so that other tree species were able to fill the gaps left by ash trees. The UK
Forestry Standard (Forestry Commission 2011) has further information on sustainable

forestry management in the UK.
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Comparison with similar papers

Previous authors (Broome et al. 2014; Mitchell et al. 2016) have tackled the question of the
most ecologically-appropriate species for replacement of ash. Mitchell et al. 2016 firstly
used Principal Components Analysis (PCA) to summarise the differences between species
in three traits/ecosystem functions (decomposition rate, leaf litter characteristics and soil
chemistry). They found that the most ecologically similar trees to ash were A.
pseudoplatanus, A. campestre and A. glutinosa. However, they found that different species —
namely Q. petraea/robur, F. sylvatica and A. pseudoplatanus — were most similar based on
the number of ash-associated species supported by each tree. Mitchell et al. therefore
concluded that there was no relationship between the ecosystem functions of the tree
species and the biodiversity that they support. Lastly, they made a combined assessment
of functioning and species use, to account for this apparent trade off, and recommended

A. pseudoplatanus, A. campestre and A. glutinosa as the most suitable alternative species.

In this work, we have extended this approach somewhat further, with the introduction of
geographically explicit predictions of trait change. As well as producing maps of the most
vulnerable areas and guidance presenting locally-appropriate alternative trees, this
approach allows us to include potential complementarity in the trait profiles of
alternative species, to identify optimal species mixtures. Purely proposing the species
with the highest overall trait similarity to ash (for instance, through using principle
components analysis to identify the most similar species) could have inadvertently
caused us to recommend species with greatly overlapping trait profiles, while leaving
other key traits uncompensated for. However, by keeping all traits separate and then
recommending mixtures of several species that each provide different key traits, we
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ensured that our recommended combinations of species would provide the highest
possible range of traits similar to ash. This also allowed us to analyse both the average
degree of change of all traits together, and trait-by-trait analysis of change, across the
geographic range. The use of the Analytic Hierarchy Process to weight traits according to

their importance for ecosystem services was a further innovation in our method.

In our approach, we have not included species use as a criterion for selection of
alternative trees. This is because the realised species use of any alternative tree will
depend on the distributions of each ash-associated species, and very limited distribution
data is available for the vast majority of the 955 species associated with ash trees. Broome
et al. 2014 looked at utilisation by ash-associated species to recommend management
approaches, and found that lack of distribution data for ash-associated species was a
major difficulty for this approach. Mitchell et al. 2014 found no link between ecological
traits and species use, but we might expect our analysis to provide a better proxy for
species use as we used a greater range of traits in our analysis. Other studies have shown
that it is possible to use plant traits to successfully predict emergent ecosystem properties
such as ecosystem functioning and species use, especially when many traits are used

(Wardle et al. 1998; Diaz et al. 2001; de Bello et al. 2010).

Despite the methodological differences, it is encouraging that there is some agreement
between our results and those of Mitchell et al. (2016); in our results, we frequently
recommend both species that these authors found to be most ecologically similar, and
those with the highest number of ash-associated species. This finding is a suggestion that

our analysis of traits may act sufficiently as a proxy for species use. However,
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investigating whether this potential link proves to be true in this case will be an important

next step to test the breadth of applications for our approach.

Effects on ecosystem services

The change in mean values of certain traits that are important to the provision of
ecosystem services may be cause for concern in the worst-affected areas. For instance,
litter decomposition rate and Ellenberg’s nutrient indicator are both thought to be
important for flood protection and maintaining water quality; changes in mean values
may alter the ability of ecosystems to provide these services in vulnerable areas such as
the Yorkshire Wolds. The finding that flood protection services may be altered in the
Yorkshire Wolds may be of particular concern, as this area has experienced recent severe
flooding (East Riding of Yorkshire Council 2013) and a possible reduction in this service

due to ash loss could lead to a worsening of this problem.

However, we advise care in interpreting the results for impact on ecosystem services
(Table 7). Our present analysis shows how the values of traits that are particularly
associated with ash may be lost, and these are not necessarily the values of the traits that
are most effective for providing ecosystem services. Thus, we cannot say whether the
provision of an ecosystem service is likely to increase or decrease in a particular area, only
that it is likely to change as the average value of key traits for that service change. For
instance, ash is an entirely wind-pollinated tree, so if it were rapidly replaced by insect
pollinated trees the provision of pollination services from those trees may increase,

although the overall ecosystem character would be less ash-like. However, in areas where
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ash makes up a large proportion of the trees present, it is likely that provision of most

woodland ecosystem services will be decreased, at least in the short to medium term.

A future development of our method could allow us to directly predict changes in

ecosystem service provision. If trait values were scored according to which value of a trait
is best for providing each ecosystem service, rather than scoring by similarity to ash, then
our method could be used to predict how ecosystem services could be reduced or boosted
by a change in community composition. Unfortunately, data on how different trait values
may affect ecosystem services is currently very limited, and we were not able to carry out

this analysis at this time.

Limitations and next steps

As with all trait-based ecological research, this work is limited by issues around the use of
plant traits that plague functional ecology. These are not new problems and have been
discussed by many other authors, but several of the main caveats of trait-based functional
ecology remain major obstacles (Weiher ef al. 1999; Garnier & Navas 2012; Pérez-
Harguindeguy et al. 2013). Researchers still tend to measure convenient traits, which are
not necessarily the most important; for example, root traits remain neglected. Knowledge
of how plant traits affect ecosystem properties and services remains poor. And, more
fundamentally still, trait levels tend to be given as a single value, when often a range or
standard deviation of possible values would be more valuable, reflecting phenotypic
variation due to genetics, the environment and their interaction. Our approach makes use

of functional traits to the best of our current ability, and we believe that we are able to
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draw useful conclusions from our research, even with an incomplete picture of the full

range of traits.

The use of the Analytic Hierarchy Process (AHP) for trait analysis in this paper also
makes a positive contribution towards improving the use of traits, by allowing us to
weight each trait according to its importance for emergent ecosystem properties, such as
ecosystem functions or services. The best way to weight traits has so far been a stubborn
question in functional ecology, and we believe that using AHP to produce meaningful
weights is a useful step forward. However, we echo the calls of others to encourage
research into the major caveats of trait-based research, to further increase the utility of

such research and contribute to our understanding of ecosystems.

Conclusions

Widespread ash death in Britain on the scale that has been predicted is likely to cause
major changes to both woodland and non-woodland ecosystems. However, the degree of
change that is likely to be experienced will be far lower if there is significant
compensatory growth by other tree species in response to ash loss, and could be further
reduced by the management actions recommended here. Our key guidance points can be
found in Box 1 (Supplementary Material), which is designed to be used directly as a guide

for land managers and to accompany forestry best practice.

The approach we have used complements work done by others on the theoretical
outcomes of ash loss. Since it uses data with coverage of the whole of Britain, it has the

advantage of producing maps of vulnerability over a large scale that allow easy

115



comparison between regions and scenarios (the map of overall vulnerability to ash loss
with no compensatory growth is available at larger scale in the Supplementary Material).
Our approach also predicts exactly which functional traits are likely to be reduced in
vulnerable areas, facilitating management decisions. Furthermore, the use of AHP is an
advance that allows the weighting of traits according to their importance. These
advantages give our approach considerable potential for application to general
assessments of ecosystem functions and services. On the question of tree diseases, our
method could easily be used to investigate the impacts of threats to other tree species,
combined threats to multiple species, or as part of Pest Risk Assessment analyses. We
believe that extending this method to more scenarios could provide a major step forward

in our understanding of the potential consequences of species loss.

Data Sources

A complete database of the trait data used in the current study, including trait values and
details of the original sources used for each species and all traits, is presented in
Supplementary Material. Tree abundance distributions were taken from Hill et al., 2017:
raster files are available from the Oxford University Research Archive, “Predicted
abundance maps for British Trees” https://ora.ox.ac.uk/objects/uuid:c381f783-7eaa-4be6-
9788-c197c74b2953 (Last accessed 03 March 2017). Woodland area data were taken from
the National Forest Inventory Great Britain 2014: available from Forestry Commission at
http://www forestry.gov.uk/datadownload Last accessed 17 June 2016. All analyses were

carried out using R version 3.3.2 (R Core Team 2016).
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Supplementary material

The following supplementary material is available on the accompanying CD:

e Larger-size version of the map of overall vulnerability to ash loss with no

compensatory growth.

e Detailed supplementary methods

e A complete database of the traits used, including trait values and details of the

original sources used for each species and all traits.

e The agreed orders of trait importance for AHP, the AHP output table, and the

yaml file containing complete pairwise comparisons (required for “ahp” package).
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Abstract

Invasive pests and diseases of trees are causing well-documented forest die-offs and
associated biodiversity loss around the globe; however, they are also causing significant
economic and social challenges. We estimate the financial cost to Great Britain of the
invasive tree disease ash dieback to be approximately £9.2 billion, and argue that the scale

of this cost has not previously been fully appreciated.

The single greatest contributor to the overall cost is safety interventions for roadside ash
trees. Costs from this to individual local authorities may be very high, up to £357 million
for Devon County Council. Health implications for people may also be significant, but it
is not yet possible to quantify this effect. The cost of lost ecosystem services was found to
be less than a third of the total cost, suggesting that economic assessments that focus
exclusively on loss of ecosystem services may be dramatically underestimating true costs
of biodiversity loss. A key output of this analysis is the accompanying workbook, which
provides a framework for estimating costs arising from tree diseases, and allows users to

vary uncertain factors to explore their effects on costs.

Overall, the socioeconomic impact of this single tree disease is extremely high, and will
undoubtedly be worsened by interactions with other tree pests and diseases. We argue
that policy interventions to reduce the likelihood of future invasions, such as more
stringent biosecurity measures, restrictions of international trade in live trees, or the
introduction of tariffs to truly represent the cost of introduced diseases, would be highly

cost-effective and are urgently required.
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Introduction

Invasive forest pests and diseases are causing high tree mortality in forest ecosystems
around the globe (Wingfield et al. 2010; Boyd et al. 2013; Roy et al. 2014; Freer-Smith &
Webber 2015). Accidentally introduced by people, through movement of ornamental
plants, soil and timber, or driven by climate change, forest pests and diseases have
become some of the most severe threats to forests (Brasier 2008; Bentz et al. 2010; Potter &
Urquhart 2017). In Britain, one of the country’s most common tree species, Fraxinus
excelsior L. (common ash), is facing major decline due to the introduction of the fungus
Hymenoscyphus fraxineus (Baral et al., 2014), or ash dieback, from East Asia (Pautasso et al.
2013; Woodward & Boa 2013; Thomas 2016). There are thought to be between 155 and 185
million ash trees in Britain (Forestry Commission 2013; Maskell et al. 2013; The Tree
Council 2015), of which 90% or more may eventually be killed by ash dieback
(FRAXBACK 2012; Hinsley & Pocock 2014; Queloz et al. 2017). Any that are not killed by
the fungus may soon face another threat; Agrilus planipennis (Fairmaire 1888), the emerald
ash borer. This bark beetle, also native to East Asia, has devastated ash tree populations in
North America and is currently present in Southern European Russia (EPPO 2017),
having been found for the first time in Moscow in 2007 (Baranchikov et al. 2008; Straw et
al. 2013). It is likely to reach Britain in the next few decades, where it is expected to attack

trees that have survived ash dieback (Straw et al. 2013; Thomas 2016).

The ecological damage caused by events such as these is undoubtedly great, but major

forest die-offs usually also have significant economic impacts, and this may be an under-
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appreciated aspect of the problem (Kostichka & Cannon 1984; Kovacs et al. 2010;
McKenney et al. 2012). Increased biosecurity measures, which could help reduce the
numbers of invasive pests and diseases accidentally imported, are sometimes claimed to
place too great a financial or administrative burden on industry to be put in place.
However, the inevitable costs of allowing invasive diseases to take hold may be measured
in billions of pounds and could represent a far larger cost to society than the cost of
increased biosecurity. For example, the cost of the emerald ash borer to the US economy
has been estimated to exceed $10 billion over the period 2009-2019 (Kovacs et al. 2010),

just for treatment, removal and replanting of infested trees.

We present an estimate of the full cost to Great Britain of the ash dieback outbreak. To our
knowledge, this is the first time it has been attempted to estimate the full cost of a tree
disease to an entire country. There are many individual factors that contribute to the total
cost. For ash trees, which are one of Britain’s most common broadleaved trees, the costs
from some of these factors are significant. Ash trees seed freely and have been
preferentially planted alongside roads as a fast-growing and cosmopolitan tree that is
resistant to problems such as squirrel damage and pollution (Maskell et al. 2013; Kirby et
al. 2014; The Tree Council 2015). As a result, huge numbers of ash trees line Britain’s
roads, and now present a vast challenge to local authorities to make them safe (Worrell
2013; The Tree Council 2015). Other infrastructure, such as railway lines, will also be
affected; for some major railway lines, the cost of felling or maintaining diseased ash trees
may be as high as £1 million per mile (Neil Strong, pers. comm.). Other major costs will
occur passively (rather than due to the cost of active management), such as the loss of

ecosystem services that are provided by ash (Defra 2013b). Ash provides a wide range of
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ecosystem services in Britain and, as a common tree, its loss is likely to lead to a marked
reduction in many of these services. Some of these services, such as improvement of air
and water quality, and carbon storage, are highly valuable to society (Rouquette & Holt in

prep.; Defra 2013a).

We have included as many factors as possible into our analysis to produce a realistic
estimate of the total cost of ash dieback, although some factors are inevitably impossible
to estimate or can only be estimated with low confidence. Nonetheless, even when only
accounting for a subset of factors, our estimates show that the ash dieback epidemic is
likely to have significant cost implications for a range of stakeholders. We also show that
some remedial actions, such as replanting roadside ash trees to help maintain levels of
ecosystem services, could help to cap the overall cost. We therefore recommend specific
policy areas where incentives, such as grants to replant lost trees, would be cost effective

and beneficial.

The total cost to the country will inevitably, however, be high, as there are no methods
currently available to control the ash dieback epidemic meaningfully since it became
established. Substantial investment in biosecurity measures, to reduce the rate of arrival
of future significant pests and diseases, may be cost effective in the long term in

preventing such inevitable costs of pest and disease invasions.
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Methods

Overview

Through discussion between authors, we identified as many factors as possible that have
contributed or will contribute to the total cost of ash dieback. We then consulted 35
forestry, arboriculture and conservation professionals and experts (see

Acknowledgements) to develop a comprehensive list of cost factors (table 8).

The proportion of ash trees in Britain that will be killed by ash dieback is still uncertain.
Ash dieback kills young ash trees rapidly, but older ash trees can decline for decades
before finally succumbing, making it difficult to predict final mortality rates even for
countries where ash dieback has been present since the 1990s (Pautasso et al. 2013;
Vasaitis & Enderle 2017). To produce our estimate, we used a final mortality rate for ash
trees of 90%, which is supported by the most recent evidence from earlier infected
countries (Vasaitis & Enderle 2017). We also estimated higher and lower bounds for each
cost, based on mortality rates of 100% and 50%. This encompasses a slightly larger range
than the reported final mortality rates from mainland European countries (Enderle et al.
2017; Kjeer et al. 2017; Rozsypalek et al. 2017) and so provides suitable best- and worst-case

scenarios.

We identified the stakeholders who might incur a cost for each factor, and estimated the
costs of each using a predicted rate of ash loss of 90% and a bounding range of possible
rates from 50% to 100% (Vasaitis & Enderle 2017). All costs were estimated
conservatively, where there were choices to be made that affected cost. A next step for our

estimate will be to conduct a sensitivity analysis to vary uncertain cost factors and analyse
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their effects on the overall cost. The estimation of each factor is described in turn below;

more details of the cost calculations can be found in the accompanying workbook, which

Table 8: Complete list of cost factors considered in our analysis. For each factor, we defined the
cost type and the sectors who might incur the primary cost.

Cost factor Sectors primarily affected Cost type
Safety felling of roadside ash Public, private (business/personal) Damage
Safety felling of lineside ash Public Damage
Safety felling of urban ash Public, private (business/personal) Damage
Safety felling of ash on rights of Private (business/personal) Damage
way

Replanting in woods over 0.5 ha Public, private (business/personal) Replacement
Replanting in small woods (< 0.5 Private (business/personal) Replacement
ha)

Replanting hedgerows Private (business/personal) Replacement
Replanting roadside ash Public Replacement
Replanting urban ash Public Replacement
Replanting individual ash trees Private (business/personal) Replacement
Loss of profits from commercial Private (business) Lost value
forestry

Loss of profits from nurseries Private (business) Lost value
Loss of profits from international Private (business) Lost value
trade in young ash

Publicly-funded research projects  Public Damage
Publicly-funded surveys Public Damage
Loss of woodland ecosystem Public Lost value
services

Loss of non-woodland ecosystem Public Lost value
services

Grant aid for removing ash trees Public Damage
under statutory plant health

notices and restocking

Public liability insurance increases ~ Public Damage

for councils

Loss of profits from downstream Private (business) Lost value
ash products

Cost of hiring additional Public Damage
treeworkers and administrative

staff

Reductions in property prices Private (personal) Lost value
Reductions in revenue from Private (business) Damage

countryside visits and tourism
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also allows a user to explore the effects of different ash mortality rates and components of

the cost on overall costs (see supplementary materials).

Total cost

We summed each of the constituent cost factors to calculate the total cost of ash dieback to
Britain. We also calculated the total cost to each sector (public, business and individual).
Finally, we split the costs according to the type of cost of each factor (table 8): damage cost
(a cost incurred by repercussions from a direct environmental impact, such as need to fell
dead trees); replacement cost (the amount required to replace an asset, such as replanting
trees); or lost value (reduction in the value of an asset, such as reduced ecosystem service

provision).

Factors for which cost has been estimated

Safety felling of roadside ash. Confidence: Medium. Using freedom of information (FOI)
requests to all 207 local authorities in Britain (English unitary authorities, county councils,
metropolitan boroughs, London boroughs, Scottish unitary authorities, Welsh principal
areas and the Isles of Scilly) we collected information on the numbers of ash trees in each
local authority (LA) area that could pose a threat to roads should they fail. Most LAs had
no information on this, but 24 had data on at least publicly-owned roadside ash trees and

11 had estimates of the entire stock of roadside ash trees within their boundary.

We used the data gathered from the FOI requests to estimate the numbers of roadside ash
trees in all LAs. Numbers of roadside ash trees in each LA were estimated using a linear
model of number of roadside ash trees against amount of ash in linear features in each
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LA. Amount of ash in linear features in each LA was derived from a dataset of the
estimated amount of ash per kilometre of linear features across Britain, at 1 km? scale
(Maskell et al. 2013), developed from results of the 2008 Countryside Survey (Carey et al.
2008). Models were also run with terms for the length of different types of roads per LA
(figures for 2017 from the Department of Transport, see Data Sources), but the model fit
was not improved so road lengths were dropped. The number of ash trees and amount of
ash in linear features were both logged (after adding one to every value to eliminate
zeros) to improve linearity and produce homoscedastic residuals. We knew the true
intercept to be zero, as a small number of local authorities have no ash trees, so we set the
intercept to zero which did not distort the relationship across non-zero values. The final

model used was:

log(number of roadside ash trees + 1) ~ 0 + log(amount of ash in linear features + 1)

where 0 represents an intercept constrained to be zero.

The cost of felling a single “average” roadside ash tree was estimated at £800, following
advice from a number of foresters from Kent, Norfolk and Oxford County Councils, and
Nicholson’s Nursery in Oxfordshire (see Acknowledgements for details). This accounts
approximately for the size distribution of roadside ash trees (noting that some trees will
require no or very little work), the need for road closures and mobile elevated work
platforms in some cases, and additional site costs for difficult access, such as working
outside standard working hours. Inevitably, this figure is a simplification of the range of
possible costs; however, it was agreed by a range of professionals (above) and no data is

currently available to refine this estimate.
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We calculated the annual and total cost to each local authority for safety felling of
roadside ash. We assumed that ash trees will become unsafe and die gradually and
asynchronously over the next decade at a rate of 10% of the original number per year,
leading to repeated costs of returning to the same stretches of road. This assumption is
supported by the experiences of foresters in mainland Europe and the observed mortality
pattern of ash dieback to date (Vasaitis & Enderle 2017). We used this to estimate net
present value using the recommended discount rate of 3.5% (HM Treasury 2003). We also
assumed that councils will follow current Forestry Commission advice of only felling
trees when they become a threat to health and safety. Data from our FOI requests
suggested (with low confidence) that 36% of roadside trees may be in public ownership,

so we also split the total cost between sectors using these proportions.

Safety felling of lineside ash. Confidence: High. We used estimates made in 2011 by

Network Rail of the numbers of lineside ash trees across the entire rail network in Britain
(The Tree Council 2015, Jon Stokes, pers. comm.). There are thought to be 500,000 ash trees
above 15 cm diameter alongside railway tracks. We assumed that the cost of handling an
average lineside ash tree would be higher than for an average roadside ash, at £1,000 (Jon

Stokes, pers. comm.).

Safety felling of urban ash. Confidence: Medium. The report “Trees in Towns II” (Britt &
Johnston 2008) estimated that ash comprises on average 4.1% of trees in British towns, or
3.6 million ash trees. Our FOI requests suggested that 64% of these are likely to be
privately owned (a similar figure was reached in the 1993 report “Action for London’s
trees” (The Tree Council 2015, appendix 2) which estimated that 69% were in private

ownership).
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To avoid double-counting, we removed from our estimate the number of urban ash trees
that can also be considered as roadside trees. Our FOI requests suggested that 30% of
urban trees are found alongside roads, so we removed this percentage from the estimate
of total urban ash trees. The cost per “average” ash tree was again estimated at £800,
following discussion with arboriculturists at Nicholson’s Nursery in Oxfordshire, and
Oxford and Norfolk County Councils, although this may be an underestimate if many

trees are situated in areas of high risk, such as adjacent to schools or hospitals.

Safety felling of ash on rights of way. Confidence: Low. We used figures for approximate
lengths of rights of way from Christie & Matthews 2003 (England), McCraw & Davison
2000 (Scotland) and Natural Resources Wales (Wales) (total: 237,079 km) (see Data
Sources for details). We calculated the average number of ash trees outside woodlands
per km? using the lower estimate of 27.2 million ash trees outside woodlands in Britain
from The Tree Council 2015, and then used this to estimate the average number of ash
trees per kilometre of footpath (below). This will be a conservative estimate, in the
absence of better data, as it does not account for footpaths passing through woods or

alongside hedges.

Through discussion with foresters, we estimated the cost of clearing and leaving in situ a
single average-sized ash tree at £20 (Nigel Fisher, pers. comm.). This was based on a rate of
roughly 3.5 trees per hour for a team of two chainsaw operators, each paid £200 per day,

working 6 hours per day (to allow for the distance between trees).

To calculate the total cost, we made two assumptions. Firstly, we estimated that any ash

trees within 25 m either side of a footpath could be of potential concern, as mature ash
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trees commonly reach 25 m tall or higher. This allowed us to use the average density of
ash trees in the countryside to estimate the total number of ash trees that might be found
within 25 m of a right of way, along the entire length of countryside rights of way in
Britain. Secondly, we assumed that only trees that actually fall onto a footpath are likely
to be cleared, and estimated that this might be 10% of the trees that die. The total cost was
therefore calculated as the cost of clearing 10% of the ash trees estimated to occur within

25 m either side of a right of way, multiplied by the ash mortality rate of 90%.

Replanting costs. With advice from foresters from Nicholson’s Nursery in Oxfordshire,
we estimated representative costs for replanting dead ash trees with alternative species in
different situations, including breakdowns of the components of the cost. We used these
to approximately estimate replanting costs in different situations, below. We assumed
that the costs of saplings would be the same regardless of whether they were alternative

species or, potentially in future, resistant ash cultivars (Jo Clarke, pers. comm.).

Replanting in woods over 0.5 ha. Confidence: Low. Ash represents approximately 5.4% of
all trees in British woods (or 11.1% of broadleaves) (figures from the National Forest
Inventory (NFI), Forestry Commission 2013), but not all of these are likely to be replanted;
many will be left as gaps or to regenerate naturally, especially where ash is at a low
density or in neglected woodlands. The report “Chalara in ash trees” (Defra 2013a)
estimated that 20-30% of “ashy woodlands” are under active management, and that in
total this represents 1-2% of total British woodland. We assumed, therefore, that up to

1.5% of British woodland may eventually be replanted in response to ash dieback.
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We used the number and average size of British woodlands (both from the report “UK
Indicators of Sustainable Forestry” (Forestry Commission 2002)) to estimate
approximately the area of ash that is likely to be replanted, and the number of felling
licences that might be required. We then used a standard stocking density of 2500 per
hectare (from the UK Forestry Standard, Forestry Commission 2011) to estimate the cost
of replanting this area. We also used data on woodland area-by-ownership classes from
the National Inventory of Woodland and Trees (Forestry Commission 2003) to split the

cost between sectors.

We accounted for revenue from extracted ash biomass as part of the total cost, following
the method used in Worrell (2013). There are currently 22 million tonnes of ash stock in
Britain (Forestry Commission 2013), of which 73.9% is over 25 years old (i.e. large enough
to be harvested and sold). We assumed ash would be sold for firewood, at a price of £35
per m® (Worrell 2013, Colin finlay, pers. comm.) (a stable price compared with the current
as there is unlikely to be a large enough spike in production to severely flood the market),
and that 60% of felled ash might be recovered as some is likely to be badly affected by

disease and therefore not marketable.

Replanting in small woods (< 0.5 ha). Confidence: Low. We assumed the same proportion
of small woods (20%) are under active management. However, labour costs will be
somewhat higher in smaller woodlands due to small and awkwardly shaped areas. The
Tree Council (2015) report estimates there to be 25.5 million ash trees in small woods,
covering 38,510 ha. We estimated the cost of replanting 20% of this area, using standard
stocking densities. We also accounted for revenue from extracted ash biomass in the same
way as for larger woods.
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Replanting hedgerows. Confidence: Low. The Tree Council (2015) report estimates there to
be 19,700,000 ash trees in ash-dominated hedgerows. Hedgerow trees provide a wide
range of ecosystem services and maintenance costs are low (Rouquette & Holt in prep.);
we therefore estimated the cost of replanting all hedgerow ash trees, using the standard
stocking density. We assumed no revenue from ash biomass, as most hedgerow

replanting will be on a very small scale and, as such, any sales of biomass would be also.

Replanting roadside ash. Confidence: Low. The cost of replanting roadside ash will vary
greatly depending on whether a road is rural or urban. For this reason, we subtracted the
number of roadside ash trees that are in urban areas from the total number estimated by
our modelling of roadside ash numbers (and instead included these under replanting

urban ash).

Roadside trees are highly cost effective in terms of their ecosystem service provision
(Rouquette & Holt in prep.), so we have assumed that all roadside ash will be replanted.
However, as road closures are expensive, we have assumed that most replanting will
happen at the same time as the removal of dead ash, to minimise costs, so we have not
included the cost of road closures in this estimate. As with woods, we have accounted for

revenue from 60% of felled ash being sold for biomass.

Replanting urban ash. Confidence: High. The London Assembly (2011) estimated that the
average cost for planting a single urban tree was £110. Urban ash trees have very high
ecosystem service value (Rouquette & Holt in prep.), so we assumed the majority will be

replanted, and none sold for biomass as production is likely to be in small quantities over
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a prolonged period. We used the full estimate of numbers of urban ash trees (3,600,000)

from Trees in Towns II to estimate the cost (see replanting roadside ash).

Replanting individual ash trees. Confidence: Low. The Tree Council (2015) estimated there
are 2,300,000 individual ash trees in the countryside in Britain. These have high ecosystem
service value, so we have assumed that they will be replanted. We also assumed none will

be sold for biomass (see replanting urban ash).

Loss of profits from commercial forestry. Confidence: Low. We calculated the total ash
biomass managed for timber (pre-ash dieback) from the amount of ash biomass currently
estimated to be in British woods over 0.5 ha (33,829,000 m? (Forestry Commission 2013))
and the percentage of this thought to be managed for profit (20-30% (Defra 2013a)).
Following the method in Worrell (2013), we estimated the difference between the amount
of biomass that is likely to be harvested due to ash dieback and the amount that could
have been harvested, if all stock could be utilised. We calculated this as the difference
between 60% of ash that is managed for timber being recovered (due to loss of value of

diseased wood, as in the replanting sections above) and 100% being harvested.

Loss of profits from nurseries. Confidence: Medium. A report from the Horticultural
Trades Association in 2012, which undertook a survey of ash growers in Britain,
estimated the total value of lost ash stock in nurseries be £2-2.5 million (Defra 2013a). We
used the lower estimate and assumed that all stock held in nurseries was destroyed in
2012, as was legally required. We assumed no further losses, as nurseries are likely to

have switched immediately to producing other species.
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Publicly-funded research projects. Confidence: High. We searched the research grant
award archives of Defra, NERC and BBSRC using the keywords “ash dieback”, “Chalara”
and “Hymenoscyphus” to find the values of all government and research council-funded
research programmes that have focussed on ash dieback since its arrival into Britain.
Forestry Commission and Forest Research grants are included under Defra grants. We
only included research projects that focussed exclusively on ash; for instance, we did not
include research into novel phytopathogenic fungicides, although this research may have
applications relating to ash dieback in future. For comparison with projects aimed at
reducing harmful disease introductions, we also searched the same archives for all
projects in the last decade relating to the keywords “tree disease”, “tree health” and

“biosecurity”.

Publicly-funded surveys. Confidence: Medium. An initial rapid survey in 2012 to find the
extent of ash dieback across Britain was headed by the Forestry Commission, with help
from the MOD, Highways Agency, Network Rail, the National Trust and the Woodland
Trust among others. This was largely completed in 10 days of intense effort. Complete
records of people who took part across the full range of organisations are not available,
due to the scale and short notice of the operation. However, at least 2,500 people from the
Forestry Commission were employed in the survey. The average rate of pay for the
Forestry Commission employees who took part was roughly £800 (Forestry Commission,
pers. comm.). There have also been annual surveys since 2012 of 25% of the remaining
uninfected squares, carried out by the Forestry Commission. These are estimated to have

cost £155,000 to summer 2017 (Forestry Commission, pers. comm.).
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Forestry is a devolved issue, and additional annual surveys have been carried out by
Natural Resources Wales at a cost of £6,000-£10,000 p.a. (Andrew Wight, pers. comm.).
Some local authorities have also carried out their own surveys of ash trees; the only such
survey whose cost is currently known is a survey of roadside ash in Norfolk, which cost
£60,000 in 2017 (Norfolk County Council, pers. comm.). Future surveys, both national and
local, will undoubtedly be carried out, but it is not possible to estimate the number, scale

or cost of these at present.

Loss of woodland ecosystem services. Confidence: Low. The total non-commercial (social
and environmental) benefits of woodland and urban ash trees have been tentatively
estimated at £150 million per annum (Willis ef al. 2003; Defra 2013a). This figure includes
landscape, recreation, biodiversity and carbon sequestration. Ash trees are likely to die
gradually over a period of at least 10 years, and in many situations, other tree species will
grow to replace them. However, replacement by other tree species will take time; larger
trees provide a greater amount of ecosystem services, so we conservatively assume that
there will be 10 years of lost ecosystem services value from ash trees. We estimated net

present value using the recommended discount rate of 3.5%.

This is the most frequently used data on the ecosystem service value of urban and
woodland ash trees, but as the authors of the original report state, it is likely to be a
significant underestimate. This is due to factors that were not included, such as

improvement to air quality, and other factors that cannot be estimated.

Loss of non-woodland ecosystem services. Confidence: Low. The ecosystem service

benefits of a single non-woodland ash tree, accounting for maintenance costs, have been
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estimated at £56 per annum for urban ash trees and £8.85 per annum for roadside ash
trees (Rouquette & Holt in prep.). We used estimated numbers of urban ash trees and
non-urban roadside ash trees from Britt & Johnston (2008) and our modelling results. We
assumed 10 years of lost ecosystem service provision (as for loss of woodland ecosystem

services) and estimated net present value using the recommended discount rate of 3.5%.

This estimate will again be an underestimate due to inestimable factors, and because we
cannot currently include values for other types of non-woodland ash trees, such as

hedgerow or parkland trees.

Factors for which total cost has not been estimated

Grant aid for removing ash trees under statutory plant health notices and restocking.

Decisions on whether to provide grant aid for removal of infected recently-planted ash
trees and subsequent restocking are devolved, and so differed between the constituent

countries of Great Britain.

In England, no statutory plant health notices (SPHNs) were served for ash dieback but
grant aid was made available for a short time for removal of infected recently-planted ash
trees, and for a longer time for restocking. In Wales, no SPHNs were issued and, to date,
grants have not been made available, although this may be considered for the future. In
Scotland, there were initially a number of SPHNs and these were supported by
government grants. However, records of the figures awarded in England and Scotland

are only readily available grouped together with grants for removal of Rhododendron
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and larch infected with Phythophthora ramorum, and we have not been able to split out the

value of grants relating to ash dieback.

Additionally, government grants for removal and restocking are intended to cover up to
half of the cost of the work required. We have estimated the full costs for removal and
replanting a realistic proportion of ash trees across the whole of Great Britain, so it would
be difficult to avoid double-counting if we included the value of grant aid in the overall
cost. We have therefore not attempted to estimate the cost of grant aid awards relating to

ash dieback.

Public liability insurance increases for councils. We contacted several providers of
public liability insurance for councils (Zurich Municipal, Norris and Fisher, BHIB, AON)
to ask about the impact that ash dieback might have on insurance premiums for councils.
However, none of the providers responded to our requests. Ash dieback is likely to lead
to increased risk of damage to people and property from falling trees, which may in turn
drive higher insurance premiums. However, these increased premiums may simply
reflect and counterbalance some of the costs already mentioned, so there is a risk of

double-counting if insurance premium increases were included.

Loss of profits from international trade in young ash. The “Chalara Management Plan”
(Defra 2013b) estimated the annual value of trading young ash trees to UK importers at
up to £300,000. The import of ash to Britain was banned in late October 2012 (just prior to
the main planting season), following the initial discovery of ash dieback in a nursery in
Buckinghamshire in March 2012. However, in many cases nurseries will have been able to

rapidly switch to alternative species to protect profits. In the absence of contradictory
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evidence, we have therefore conservatively assumed that there were no lost profits from
international trade in young ash. There may in fact have been a small cost associated with
this, but it is likely to be less than £300,000, which is already a very small proportion of

our total cost.

Other factors that were not estimated. Some of the possible costs that we identified
will depend very strongly on unpredictable behaviours of people or are otherwise not
currently possible to estimate. These factors are: loss of profits from downstream ash
products; the cost of hiring additional treeworkers and administrative staff; reductions in
property prices; reductions in revenue from countryside visits and tourism. We include
these factors as “known unknowns”, but make no attempt to estimate their values.
However, these costs are likely to be small compared to others, so will make little

difference to the estimation of the total cost.

Results

Total cost of ash dieback.

The total cost to Great Britain of all components of the ash dieback outbreak is estimated
at £9.2 billion, using ash mortality of 90% (table 9). The higher and lower bounds of the
total estimated cost are £10.1 billion for a mortality rate of 100%, and £5.4 billion for a

mortality of 50% (figure 15).
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Of the total estimated cost, £5.6 billion will be felt by the public sphere (table 9). Costs can
also be split out as damage costs, replacement costs and lost values. Categorising the cost
components in this way reveals an estimated £5 billion of damage costs, £1.1 billion of

replacement costs and £3 billion of lost value (figure 15, and see accompanying workbook

for details).
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Table 9: The estimated total cost of ash dieback with a mortality rate of 90%, and the cost of each component split between the public and private
sectors. See accompanying excel workbook for more details of individual costs, calculations and data sources.

Cost factor: Cost to:
Confidence
Name Public Private Total cost rating
Business Personal Both/either
Safety felling (roadside) £977,819,567 £1,738,345,896 | £2,716,165,463 Medium
Safety felling (lineside) £450,000,000 £450,000,000 High
Safety felling (urban) £653,184,000 £1,161,216,000 | £1,814,400,000 Medium
Safety felling (rights of way) £239,333 £239,333 Low
Replanting (large woods) £178,136,067 £69,934,900 £191,771,174 £439,842,141 Low
Replanting (small woods) £145,230,021 £145,230,021 Low
Replanting (hedgerows) £146,804,400 £146,804,400 Low
Replanting (roadside) £13,305,127 £13,305,127 Low
Replanting (urban) £356,400,000 £356,400,000 High
Replanting (individual) £17,139,600 £17,139,600 Low
Loss of profits (forestry) £72,932,209 £72,932,209 Low
Loss of profits (nurseries) £2,000,000 £2,000,000 Medium
Publicly-funded research £6,672,757 £6,672,757 High
Publicly-funded surveys £21,501,000 £21,501,000 Medium
Woodland ES loss £1,162,037,679 £1,162,037,679 Low
Non-woodland ES loss £1,788,209,404 £1,788,209,404 Low
Human mortality Unknown Unknown Low
Grand total:

Total:

£5,607,265,600

£144,867,110

£191,771,174

£3,208,975,249

£9,152,879,133
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Figure 15: Components of the total cost of ash dieback in Britain. Damage costs are in blue, replacement costs in yellow, and lost values in green. The
estimate for each is the cost calculated using 90% ash mortality rate; bars show costs for best- and worst-case mortality rate scenarios (50% and 100%).
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Safety felling of roadside ash.

The linear model estimates that there are roughly 4,380,000 roadside ash trees in Britain

(95% confidence intervals: 1,200,000; 16,290,000). Our estimate is supported by an

independent estimate from the Highways Agency in 2014, which estimated there to be 4

million roadside ash trees that could threaten road safety. At an average cost of £800 per

ash tree to fell or maintain an infected roadside ash, this gives a total predicted cost of

roughly £2.7 billion to maintain the safety of Britain’s road network. This makes safety

felling of roadside ash the single largest component of the total cost of ash dieback.

£1.7 billion of the total cost of roadside ash is predicted to be the responsibility of the

private sector, with the remaining £1 billion borne by the public sector. However,

conversations with several county councils (Oxfordshire, Norfolk, Kent) suggests that in

Table 10. The 10 local authorities with the highest predicted annual cost of safety felling of
roadside ash trees. Each authority’s published annual revenue forecast is shown, along with the
percentage of the annual revenue that is represented by the cost of maintaining roadside ash

safety.

Local authority Predicted annual cost of Local authority annual % of
maintaining roadside revenue 2017-18 annual
ash safety (£ millions) (£ millions) revenue

Devon CC £35.70 £684.75 5.2

North Yorks CC £28.90 £615.60 4.7

Lincolnshire CC £18.20 £437.12 4.1

Cornwall CC £17.20 £579.90 3.0

Norfolk CC £14.80 £1,382.9 1.1

Suffolk CC £10.70 £480.00 2.2

Essex CC £9.42 £913.00 1.0

Cumbria CC £9.05 £374.00 2.4

Staffordshire CC £8.76 £470.41 1.9

Somerset CC £8.65 £316.43 2.7
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many cases, costs are unlikely to be recouped when local authorities have to fell trees on
private land, so it is likely that the proportion of the cost borne by the public sector will be
higher. The predicted total annual cost of maintaining roadside ash safety within a county
may be a significant proportion of a council’s gross annual income: up to 5.2% in the case

of Devon County Council (table 10).

Discussion

Total cost and overview

Our analyses suggest that the ash dieback outbreak will have a very large financial cost to
Great Britain, of approximately £9.2 billion (table 9 and figure 15). We believe this is the
first time it has been possible to estimate the total cost of a tree disease to a country; our
shockingly high estimate may indicate that the scale of the cost of tree diseases has not
been previously appreciated. We have estimated costs conservatively, and as
comprehensively as possible, although there are still large uncertainties associated with
the estimate. However, even the predicted cost for our best-case scenario, for a very low

level of ash mortality of 50%, is extremely high (£5.4 billion).

Potential costs as high as this would justify large investments to reduce the overall cost;
however, many components, such as felling ash to maintain road safety, are unavoidable
at this stage in the outbreak. We advocate strongly that the most cost-effective future

strategy for tree diseases will be investment focussing on prevention of similar outbreaks.
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Damage costs, and health and safety

The highest costs associated with ash dieback are damage costs, estimated at £5 billion
(figure 15). The cost of felling dead and diseased ash trees alongside roads, estimated at
£2.7 billion, is the largest single cost factor in our analysis (table 9 and figure 15), and is
likely to be largely non-negotiable; local authorities have a duty of care to maintain the
safety of roadside trees (Health and Safety Executive 2014). The majority of roadside ash
trees (around 64%) are found on private land, where the legal responsibility for
maintenance falls to the landowner. However, discussion with several local authorities
suggests that often, council-employed tree workers are urgently required to fell trees on
private land when they become hazardous, and the cost of this is frequently not
recovered from the landowner. In reality, most of the £2.7 billion bill is likely to be met by

local authorities.

Devon County Council has the highest predicted total annual cost of maintaining
roadside ash trees, of £35.7 million. This is well over 100 times the average total annual
tree budget for local authorities in 2003/04 of £271,000 (Britt & Johnston 2008), and
amounts to over 5% of the county council’s gross annual income (table 10). Other rural
local authorities face similar levels of cost increase (table 10). This will be a significant
additional strain for local authorities that are already under strong financial pressure. It is
likely that some local authorities may require additional funding to respond adequately,
or will be forced to divert funds from other services, with potentially severe social
impacts. Costs to other public and quasi-public bodies, such as Network Rail, are also
expected to be high. Indeed, the surprising scale of these costs indicates that the financial

impacts of tree diseases has been underappreciated in the policy response, and highlights
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a need for a clear funding strategy to support the public sphere in responding

appropriately.

This is further demonstrated by the poor response from most councils to our Freedom of
Information requests: in total, only 11 out of 207 local authorities (5%) could provide us
with detailed information on the numbers of roadside ash trees within their boundaries,
and 183 local authorities (88%) claimed to have no information at all on their roadside ash
trees. This lack of knowledge is indicative that the potential costs of new ecosystem
disservices (negative effects of ecosystems on people and human societies, such as trees
falling into roads (Lyytimaki & Sipila 2009)) resulting from ash dieback are not being

widely considered, and risks leaving councils entirely unprepared.

Ecosystem service loss, and cost-effective investment to maintain services

The lost value of ecosystem services is estimated to be £2.9 billion for woodland and non-
woodland ash combined (see figure 15). This estimate is large, but interestingly makes up
less than a third of our total cost estimate of £9.2 billion. This is an important finding;
most existing economic assessments of biodiversity, such as the Natural Capital
framework, concentrate overwhelmingly on the lost value of ecosystem services. In doing
so, these analyses risk severely underestimating the true cost of loss of species. Our
analysis has demonstrated that the process of losing species can itself generate very large
costs associated with the creation of ecosystem disservices. Ecosystem service
assessments must consider the creation of such disservices, even if they are transitory like
hazardous trees. Without this, underestimates produced by current assessments may

promote actions that prove to be detrimental.
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Replacement costs for replanting lost ash trees are the smallest cost type in our study (£1.1
billion) (figure 15). However, our analysis shows that replanting lost trees will represent
an important investment for Britain, helping to cap the levels of ecosystem service loss.
We assumed in our analysis that non-woodland trees will be replanted, as active
management of non-woodland trees is generally thought to be cost effective when
compared to the value of services that they provide (Rouquette & Holt in prep.). If,
however, non-woodland trees are not replanted, the cost of lost ecosystem services could
be far higher than our estimate. Older trees provide far higher levels of services (Fay 2002;
Lindenmayer et al. 2014), so we estimated the loss of ecosystem services from ash dieback
as 10 years of the estimated annual value of services from ash, to allow time for planted
alternative trees to grow and start to provide similar levels of services (although some
ecosystem functions can only be performed by veteran trees, see Lindenmayer et al. 2014).
However, if no alternative trees are planted, it is likely to take many more years for
natural regeneration to replace ash and the services it once provided, so the cost of lost

ecosystem services could easily double or treble from what are already very high levels.

A simplified benefit-cost analysis demonstrates the potential value of replanting lost non-
woodland trees to maintain ecosystem service levels. If we assume that by failing to
replant, ecosystem services from these trees would be lost for 30 years rather than 10, we
can estimate the cost of lost ecosystem services without replanting to be c. £4 billion. By
contrast, the predicted cost of replanting all non-woodland ash trees is £534 million, and
the predicted lost value from non-woodland ash, assuming 10 years of lost ecosystem
services, is £1.8 billion. Roughly £0.5 billion of replanting could therefore reduce

ecosystem service losses by c. £2.2 billion, giving a benefit to cost ratio of 4.5:1. Evidently,
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replanting could in the long term be one of the most effective investments for capping

costs, and produce very substantial savings.

However, a disjuncture between the beneficiaries of such investments, and the
individuals or organisations responsible for making the investment, could create
difficulties. The benefits of ecosystem services are public goods, and may not provide the
necessary compensation to those people who will be responsible for much of the
replanting. To a landowner, the maintenance of ecosystem services may not be a great
enough incentive to spend money on replanting, which could potentially be prohibitively
expensive at the scale of the individual. Similarly, local authorities faced with a large bill
for replanting ash trees may opt to save money in the short term by not replanting, even if
this leads to a long-term reduction in ecosystem service provision. This is a clear case
where incentives from central government, in the form of grant aid to landowners for
replanting after ash dieback, or grants to councils for replanting roadside trees, will be
critical in shaping behaviour, and could lead to direct public benefit. Such interventions
would also be expected to provide future public savings from, for example, improved air

quality and flood protection.

Ash dieback research in Britain

The cost of government-funded research into ash dieback, at £6.7 million between 2012
and 2017, is small by comparison to the major costs but strategically important. An aim of
government in funding research is to offset other costs and mitigate harmful impacts,
such as the impacts on biodiversity. However, it is important for the future to consider

critically whether the post-establishment stage of an outbreak is the best point upon
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which to focus intensive research efforts. Many of the costs in our analysis, and broader
impacts described by other authors, became unavoidable as soon as the disease was

established in Britain.

Research can be extremely cost effective in finding novel solutions to problems, and the
massive research effort into ash dieback has produced some fascinating and useful
results. However, a more cost-effective strategy may be to fund research into preventing
future disease outbreaks; not just for monetary reasons, but also from environmental and
social perspectives. This is the frontier where we have the most to lose or gain, and where
research has the potential to provide the greatest positive impacts (Brasier 2008; Potter &
Urquhart 2017). Despite this, we could only find records for government awards totalling
£2.8 million for research on reducing tree disease invasions, in the last decade. This is less
than half of the value of the grants awarded reactively to study ash dieback after its

establishment in Britain.

Many other known significant pests and diseases have yet to reach Britain, and could
have a devastating impact if or when they do. These include Xylella fastidiosa (Wells et al.,
1987) and Phytophthora cinnamomi (Rands), both devastating diseases with very wide host
ranges, and emerald ash borer, a severe pest of ash trees which would be likely to kill any
ash trees that survive the ash dieback epidemic and push costs to the top of our range of
estimates. Both preventative and responsive research are clearly important, but research
into prevention has been neglected by comparison, and there is a strong argument that

this balance should be redressed.
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Effects of ash dieback on human health

The human costs of ash dieback are expected to go beyond monetary factors; public
health could also be significantly impacted. Donovan et al. (2013) investigated an increase
in human deaths that occurred after the emerald ash borer (EAB) epidemic in North
America. They developed models to describe the increase in mortality rates from
cardiovascular and lower respiratory conditions in North American counties affected by
EAB, and found that both causes of death were significantly increased in counties with
high rates of tree loss. After accounting for confounding factors such as socioeconomic
indicators, they found that the presence of EAB in a county was associated with 6.8
additional deaths per year from lower respiratory disease, and 16.7 additional deaths per
year from cardiovascular disease, per 100,000 adults. This amounted to 15,080 extra
deaths from cardiovascular disease, and 6,113 extra deaths from respiratory disease, over

a five-year period.

Donovan et al.’s model cannot be used directly to predict an increase in mortality in
Britain following the ash dieback epidemic, because many underlying factors, such as the
present health of the population, current pollution levels, human population densities
and so on, may differ. However, in certain key respects the outbreaks are quite similar:
both outbreaks may affect over 100 million trees, and the percentage of total canopy that
ash comprises is similar or higher in British towns (min: Virginia, 1.5%; max: New York,
7.9% - c.f. min: London, 3.5%; max: Glasgow, 12.7% (data from Donovan et al. (2013) and
responses to our FOIs). Ash dieback should therefore be expected to contribute to
thousands of premature deaths in Great Britain, representing a significant human cost.

This would remain true even if the effect seen is an order of magnitude smaller than that
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of EAB in North America. An increase in these health conditions would also constitute an
increased load on the National Health Service, with associated cost, as well as further
economic losses from lost work hours and other knock-on effects that are impossible to

quantify at this stage.

Incalculable costs and uncertainties

It was not possible to estimate every contributing factor to the overall cost of ash dieback
in this analysis (see Methods). Some costs are incalculable, and others depend strongly on
unpredictable human behaviour; these factors are likely to have a cost, but we are unable
to estimate it currently. However, we are confident that we have estimated the largest and
most important costs, so factors for which we have not estimated cost are unlikely to have

a major impact on the overall estimate.

Perhaps more importantly, some of the components of the cost are likely to be significant
underestimates, most notably the estimates for loss of ecosystem services. The two major
sources for the estimated values of ecosystem services, from both woodland and non-
woodland ash trees, both stressed that not all aspects of value from ash trees could be
included, and that many of their own categories were likely to be severe underestimates

(Rouquette & Holt in prep.; Defra 2013a).

Despite our efforts to develop a comprehensive list of possible costs, there may also be
further costs that we have not considered at all. We are reasonably confident, however,
that the analysis includes all major cost factors, after consultation with a wide range of
experts (see Acknowledgements). Furthermore, additional costs would only strengthen

the case for investment in prevention of tree diseases, and would in no way change our
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conclusions. We believe that this is the most complete analysis of the total financial cost of
a tree disease to date, and the first time that it has been possible to attempt such an

analysis.

Range of ash mortality rates

Our range of predicted costs, from best-case to worst-case, is very wide (£5.4 — 10.1
billion). This is largely due to the high degree of uncertainty surrounding final mortality
rates from ash dieback. We used final mortality rates of 50% and 100% for our best- and
worst-case scenarios, as these fully encompass the range of the most recent published

mortality rates (Vasaitis & Enderle 2017).

Recent reports have suggested that higher mortality rates of 90% or more are the most
commonly seen across Europe (Vasaitis & Enderle 2017). An analysis of genetic markers
associated with tolerance of ash dieback has suggested that, in Britain, 25% of ash trees
may suffer less than 25% crown damage (Sollars et al. 2017). However, canopy damage
does not equate to final mortality rate, firstly because it does not account for gradual
decline over many years (Harper et al. 2016), and secondly because it cannot accurately
predict the development of root collar rots, the most severe symptom of ash dieback that
is increasingly responsible for much mortality from ash dieback (Enderle et al. 2013;
Margais et al. 2017). We therefore chose to use a final mortality rate of 90% for ash trees in
Britain. This is our best estimate from the currently available evidence; many of the
highest mortality rates and fastest rates of spread have been recorded from regions with
high humidity (such as Britain), as this facilitates both sporulation of Hymenoscyphus

fraxineus and development of root collar rots (Kefsler et al. 2012; Heinze et al. 2017).
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Additionally, early modelling work assessing the likely rate of spread in Britain has
already proved to be optimistic, with the disease appearing to spread faster than expected
(Defra 2013b; Forestry Commission 2017; M. Castle and R. Cox, unpublished (2013)).
Finally, the majority of ash trees that survive are likely to be in poor condition, and in
many cases this will provoke felling of surviving ash trees, either for safety reasons or to
protect profits. Discussion with local authorities suggests that it is now common to fell
ash trees that reach 50% crown dieback, rather than waiting for them to die entirely,
which will also help to push costs towards the higher end of our range. To the best of our
current knowledge, 90% mortality (used to produce our estimate) is a reasonable
prediction for what might occur in Britain. However, the accompanying excel workbook
can be used to explore the cost implications of different mortality rates, as well as

differential estimates of other cost factors.

International trade in live ash and the need for improved international

biosecurity

The value to British businesses of international trade in ash seedlings and saplings (prior
to the 2012 movement ban) has been estimated at £300,000 per annum (Defra 2013b). This
cost is modest compared to others; nevertheless we did not include it in our analysis,
because it is likely that the majority of businesses were able to switch rapidly to other
species (see Methods). £300,000 can therefore be considered as a worst-case scenario for
the lost international trade in live ash, and we expect that the true cost will have been
significantly lower. The loss of profits from trade represent no more than 0.003% of the

total cost of the ash dieback epidemic to Britain.
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International trade in live trees is known to be a major route by which tree diseases are
transported between continents to new naive hosts, and is thought to be the largest factor
behind the recent dramatic growth in pest and disease invasions (Brasier 2008; Roy et al.
2014; Freer-Smith & Webber 2015; Potter & Urquhart 2017). Indeed, Hymenoscyphus
fraxineus is thought to have been introduced into Europe in the early 1990s via trade in
ornamental plants into Poland from its native range, the Far East (Kowalski 2006;
Pautasso et al. 2013; Gross et al. 2014). Once present in Europe, H. fraxineus is believed to
have spread naturally via wind-borne spores across almost the whole of Europe,
including Britain (Gilligan et al. 2013) (although imports of infected ash material from the

continent undoubtedly speeded up the process in Britain (Woodward & Boa 2013)).

However, many tree pests and diseases do not have such effective long-distance dispersal
abilities, and there are growing calls for restrictions on international trade in live trees
and soil into Britain, which could be extremely powerful in preventing new diseases’
arrival thanks to Britain’s geographic separation (Brasier 2008; Roques 2010; Boyd et al.
2013; Roy et al. 2014). Current UK phytosanitary protection relies on restricting
movements of known threats, via the use of Pest Risk Analyses; however, diseases and
pests will only be categorised as high risk once they have already caused damaging
outbreaks, and as such this method is inadequate protection on its own. Indeed, H.
fraxineus was itself an unknown pathogen when it was introduced into Europe, and
therefore could not have been prevented by even the best-executed Pest Risk Analysis. As
the number of outbreaks of invasive tree pests and diseases continues to rise, there is a

clear and pressing need to consider regulating high-risk routes of introduction, such as
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international trade in live plants, rather than individual organisms (Brasier 2008; Roy et al.

2014).

Such proposed regulations, however, challenge much traditional thinking in international
trade policy. The World Trade Organisation (WTO), of which 164 nations, including the
EU trade bloc, are members, exists to promote and facilitate free trade between member
states. The WTO accepts the necessity for regulations of biological imports under certain
circumstances (notably to protect the value of agriculture from invasive disease imports
through the Sanitary and Phytosanitary Measures Agreement), but states that protective
measures must not be allowed to constitute “disguised restriction on international trade”
(WTO 2009, Articles 2.1 and 2.3). In practice, the WTO has often classified restrictions on
potentially risky material as trade-limiting or protectionist — especially where
environmental, rather than agricultural, protection has been the goal — and countries have
been required to remove such restrictions (Perrings et al. 2005; Maye et al. 2012). This
political environment has made it difficult or impossible for member states to impose
scientifically-sound precautionary restrictions based on high-risk introduction routes,
rather than the reactionary restrictions based on specific known organisms (Brasier 2008;

MacLeod et al. 2010).

The result of this is that unintended consequences of introductions remain externalities to
the trade in live plants: costs that are not reflected in the market price, which can
encourage market behaviour that may be harmful (Perrings et al. 2005). However, to
function for public benefit, trade agreements must be able to recognise the harms, as well
as the benefits, that may arise from trade, and accommodate these appropriately. If the
WTO seeks to promote the benefits of free trade, it must also respond to cases of market
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failure where the economic arguments against free trade are strong. In the past, this logic
has been applied successfully to introduction risks for economically important crop
plants, but it has generally been poorly applied to environmental protection such as tree
diseases, in part due to the lack of evidence of economic impact (MacLeod et al. 2010;
Williams et al. 2010; Maye et al. 2012; Boyd et al. 2013). The current reactive measures on
plant health, such as banning imports of known harmful organisms, have been shown to
be ineffective (MacLeod et al. 2010; Roques 2010; Roy et al. 2014). Biosecurity inspections
at borders, which by necessity can only inspect a tiny proportion of imports, and by
definition can only catch symptomatic infections, are insufficient (Brasier 2008; Roques
2010). The harm that is caused by high volume trade in live plants and soil around the
world has become clear, and increasingly, the weight of evidence suggests that
controlling this trade to reduce the incidence of pest and disease outbreaks would have
worldwide environmental and economic benefits (Drew et al. 2010; Williams et al. 2010;

Roy et al. 2014; Freer-Smith & Webber 2015; Potter & Urquhart 2017).

On the specific case of ash dieback in Britain, our analysis has clearly shown that the
economic impact of the epidemic dwarfs the cost of hypothetically restricting trade in live
ash trees. For ash dieback, prevention of its introduction into Europe would probably
have been the only way to prevent its arrival in Britain, emphasising again the need for a
global response to disease introductions. However, other invasive pests and diseases with
poorer dispersal may be prevented from spreading naturally from mainland Europe to
Britain, thanks to the natural barrier of the Channel. For severe diseases where this is the
case, the cost of preventing outbreaks is likely to be orders of magnitude smaller than the

cost of letting them arrive. Ash is one of Britain’s most common tree species, and one of
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the most commonly planted, so we would expect that both the overall costs estimated
here and the value of international trade would be similar for other common species.
Indeed, as more tree species are decimated by disease outbreaks, the remaining trees
become more valuable, so the costs of further losses of trees would most likely be even
higher (Boyd et al. 2013). We are therefore confident that our analysis provides strong
evidence that restricting non-essential trade in live plants to prevent future imports of
pests and diseases, either by strictly regulating imports or by imposing tariffs, would be

highly cost-effective.

Conclusion

Despite the uncertainty in our estimate, this analysis makes one point extremely clear:
that ash dieback and other high-impact tree diseases have the potential to cause very
significant economic impacts, that may far outweigh the value of trade in live plants.
Many severe tree pests and diseases, including the emerald ash borer beetle, the
bacterium Xylella fastidiosa (which can kill 359 species of European plants) and many
others, are at risk of spreading to Britain in the short to medium term, primarily through
trade (Fera 2017). Many of these, if they do arrive, will threaten an economic impact as
large as, if not larger, than ash dieback. Most biodiversity valuation methods, including
the Natural Capital framework, focus exclusively on the lost value of ecosystem services —
however, in this analysis, ecosystem services made up less than a third of the total cost.
Clearly, there are many other components of the true cost that these analyses may fail to

consider, leading to a falsely low impression of the value of protecting ecosystems, and
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potentially informing policy actions wrongly. The cost of creating new ecosystem

disservices can be very high.

The costs of restricting trade and improving border biosecurity have often been used to
justify not imposing greater biosecurity measures for plants. However, this argument
must be urgently reviewed in the light of evidence for the high economic impact of
invasive tree pests and diseases. More tree pests and diseases have arrived in Britain in
the last 40 years than in all of previous recorded history — human influences, especially
trade, are increasing the rate of introductions at a far higher rate than the natural
background (Brasier 2008; Boyd et al. 2013; Freer-Smith & Webber 2015). The need to
prevent the arrival of pests and diseases has long been recognised in agriculture, but pests
and diseases of natural ecosystems have yet to be given equivalence. In Britain, we find
ourselves at a unique moment: when the evidence for the importance of restricting
imports of plants is emerging just at the moment when British trade laws are set to be re-

written following Brexit, providing an opportunity for evidence-based change in policy.

Ash dieback is just one example of where a disease introduction will have cascading
impacts far beyond those that were initially predicted. Britain’s current phytosanitary
controls for live plants rely on banning known pests and diseases, and are outdated and
insufficient (Brasier 2008; Potter & Urquhart 2017). Unless drastic changes to border
biosecurity are implemented, many more introductions will follow — and with each
species loss, the remaining tree species will become more valuable, and more threatened.
Declining biodiversity in ecosystems causes reduced resilience to future shocks, including
future diseases and climate change, while essential ecosystem services are provided by
fewer and fewer trees (Boyd et al. 2013; Freer-Smith & Webber 2015). A new vision of a
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healthier future for Britain’s woodlands urgently requires a unified and evidence-based

approach to tacking introductions of invasive pests and diseases.

Great Britain benefits from geography in relation to disease outbreaks of many kinds. As
an island, many pests and diseases cannot cross from mainland Europe without human
assistance, and this provides a real opportunity to tackle the routes of introduction and
dramatically reduce outbreaks (Brasier 2008). However, in countries around the world,
the numbers of outbreaks of invasive tree diseases are increasing, and the economic, as
well as ecological, impacts of this are making themselves felt. Increasingly, evidence
suggests that reducing international trade in live trees to reduce pest and disease
outbreaks would have global environmental and economic benefits (Brasier 2008; Drew et
al. 2010; Roy et al. 2014; Freer-Smith & Webber 2015; Potter & Urquhart 2017), and the

research presented here provides further weight to these conclusions.

Data sources

e Ash density in linear features and individual countryside trees was produced by
Maskell et al. 2013 using data from the Countryside Survey 2008 (Carey et al. 2008).
Spatial layers are available at: https://data.gov.uk/harvest/gemini-object/1bc985ef-

969d-4e54-acd0-92f0143976af (last accessed (18/09/2017)

¢ Road lengths data was downloaded from the Road Network Size and Condition
collection, produced by the Department of Transport. Available at:
https://www.gov.uk/government/collections/road-network-size-and-condition

(last accessed 18/09/2017)
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e Approximate lengths of footpaths from: Christie & Matthews 2003 (England);
McCraw & Davison 2000 (Scotland); “Public rights of way in Wales” page of the
Natural Resources Wales website (Wales), available at:
https://naturalresources.wales/days-out/recreation-and-access-policy-advice-and-
guidance/managing-access/public-rights-of-way/?lang=en (last accessed

18/09/2017)
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CHAPTER 6:
GENERAL DISCUSSION

There is no question that ash dieback, and tree diseases more generally, will leave lasting
impacts in Britain — ecologically, financially and socially. Of course, this is not the first
time in recent history that Britain has felt the effects of a serious disease in a widespread
tree species; the impact of Dutch elm disease, which was introduced in the 1960s, can still
be seen clearly in the British landscape (Harwood et al. 2011; de Bruin et al. 2013). The
effects of loss of ash may be even more severe than Dutch elm disease — there were
thought to be 30 million elm trees in Britain (Brasier 1996), compared to 155 to 185 million
ash trees (Forestry Commission 2013; Maskell et al. 2013; The Tree Council 2015).
Nevertheless, it appears that some ecosystems may be more resilient to the effects of ash
loss than was originally feared, and may have the capacity to buffer some of the
inevitable changes (Chapter 2). This gives us a positive opportunity: to use good

management to improve overall outcomes for people and other organisms.

Using modern ecological modelling techniques and the wealth of ecological data available
in Britain, we have attempted to provide advice that could lessen some of the impacts of
ash loss. We have mapped the most severely hit areas (in terms of the degree of ecological
change) and produced region and ecosystem-specific guidance to land managers, in an
attempt to improve outcomes practically for natural ecosystems and associated
biodiversity. We have offered regionally-specific guidance on appropriate species for
replanting, and have highlighted the importance of good forestry practice in allowing

ecosystems to respond to major shocks like ash dieback. We estimate that if our

161



guidelines were to be followed, they could substantially reduce the degree of overall

ecological change that results from ash dieback.

However, the resilience of ecosystems to shocks and our ability to help their resilience
with management could in future be compromised by additional pests and diseases. If
unchecked, these have the potential to make Britain’s woodland ecosystems increasingly
depauperate and vulnerable through their synergistic effects (Brasier 2008; Rackham 2008;
Boyd et al. 2013; Freer-Smith & Webber 2015). Ash dieback and Dutch elm disease show
how this has already started to occur. Ash trees are thought to provide habitat for certain
threatened lichen species that were once found on elms, owing to both species having
unusual alkaline bark (Watson et al. 1988; Thor et al. 2010). If the ash population is
critically reduced, this could lead to the loss of not only ash specialist species, but also elm
specialists that have adapted to use ash as refugia; thus, the ecosystem’s resilience to

Dutch elm disease will be reduced by the loss of ash (Jonsson & Thor 2012).

On the economic side, tree diseases can also be extraordinarily expensive — far more so
than the potential cost of regulating international trade in trees (Chapter 5). The financial
cost of ash dieback is likely to have extensive impacts on local authorities, private
landowners and a range of other stakeholders, many of whom may not even yet be aware
of the scale of the problem. Although cost has been considered as a major motivation for
preventing the spread of crop diseases, it is not often fully appreciated as an important

issue relating to tree diseases (MacLeod et al. 2010; Maye et al. 2012).

The 2016 vote for Britain to leave the European Union provides a unique opportunity to

change our trajectory of ever-increasing pest and disease introductions (Boyd et al. 2013;
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Freer-Smith & Webber 2015). New restrictions or tariffs on trade in plants and
improvements in border biosecurity could have widespread benefits by preventing severe
outbreaks like ash dieback in the future (Perrings et al. 2005; Maye et al. 2012; Roy et al.
2014). It may generate less media attention than the immediate crises that occur when
invasive pests and diseases are discovered in new areas (Pidgeon & Barnett 2013), but it is
in prevention that the greatest benefits stand to be gained, as control is often impossible

once invasive diseases become established (Mack ef al. 2000; Brasier 2008).

We will now discuss a brief synthesis of each chapter in this thesis in turn, followed by

general conclusions from all chapters.

Experimental simulation of ash dieback

This experiment aimed to elucidate some of the specific and local effects of losing ash in
semi-natural ancient woodlands. We recorded ground flora communities and the
regeneration of woody species for three years after ash death, and earthworm
communities for one year. However, we found no short-term effects on any of these of

loss of ash, even at the highest level of ash death.

This interesting result gives hope that some woods, including semi-natural ancient
woodlands which tend to have high biodiversity and social value, may be resilient to the
effects of ash dieback — at least where the current abundance of ash is not overwhelming.
Over the course of the experiment, the canopy gaps caused by loss of ash were seen to
begin to close quickly, helping to restore understory shade levels and minimise short-

term change for the ground flora.
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However, much uncertainty remains as to the long-term impacts on biodiversity. Impacts
from soil changes, for instance, are likely to occur over longer time scales than this
experiment as a result of high levels of buffering within soil systems (Ovington 1953;
James & Riha 1985); and a long-term reduction in light levels, as tree species with lower
canopy light transference take over from ash, may also cause a reduction in floral
biodiversity (Délle & Schmidt 2009; Mitchell et al. 2014b). Indeed, rather than key aspects
of woodland ecosystems being genuinely unaffected by a profound change in the nature
of woodlands, it seems more likely that we may be seeing time lags occurring and that

effects will emerge later on.

Additionally, the scale of this experiment was not suitable for investigating impacts on
insects or lichens, two groups which have been predicted to be particularly severely hit
by ash dieback (Broome et al. 2014; Mitchell ef al. 2014a). Both of these types of organisms
would have required far greater experimental areas to study effectively. Many insects are
highly mobile, and so our experiment, with small patches where ash was killed
surrounded by large areas where it was not, would not have constituted an effective
treatment for insects which could easily move in and out of the experimental treatment
blocks. Lichens, on the other hand, tend to be extremely patchily distributed, and so
would also have needed far larger experimental areas to see effects beyond random noise.
Woodland ground flora is also patchy (although generally less extreme), so it may be that
more experimental plots or larger areas would have given this experiment greater

statistical power to be able to tease out genuine ecological changes.

We did not investigate the effect of ash death on woodland ecosystem functions or
services, and this would be a key extension of this experiment. For instance, how much
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CO:z was released from the death and decomposition of ash trees, and to what extent was
the observed low degree of growth by competitors able to compensate for this loss?
Measurement of these and more ecosystem functions would provide a rare opportunity to
improve our understanding of the effects of tree species loss on people and general

ecosystem characteristics.

Nonetheless, the woods in our experiment showed higher resilience than we anticipated;
this appears to have been based on other tree species being able to respond and fill in the
gaps left by ash. It will be interesting to see in the future how the results of our

experiment compare with observations of woods that are affected by ash dieback.

Modelling abundance distributions of common British tree species

Researchers in Britain are very fortunate to have access to a large amount of freely
available environmental data, including detailed species distribution records such as
those in the BSBI Distribution Database, and this has been instrumental in allowing us to
make useful predictions of the impacts of ash dieback. Despite this, we were initially
missing a key piece of information for our predictions: how does the abundance of tree

species vary across Britain?

This was an important question to answer, not only because the areas with the most ash
trees might be expected to feel the most severe effects of ash dieback, but also because the
effects of their loss and the most beneficial management interventions will vary with the
abundance of other species too (see Chapter 4). The number of trees that will remain after

ash loss and whether they are ecologically similar or very different to ash will help to
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determine the actual impacts of ash loss, both on biodiversity and the ecological identity
of ecosystems (Broome et al. 2014). Many other questions, on subjects ranging from
species dynamics to epidemiology, are best answered using abundance distributions —
they contain far more information and so are much more useful than simple presence-
only maps of species records, or even modelled presence-absence maps (Pearce & Ferrier

2001; Sagarin et al. 2006; Hui et al. 2009).

We developed maps of abundance of common tree species in Britain using a combination
of two established techniques (species distribution modelling and random forest
regression), and found the combination to be highly effective. Data on species
abundances tends to be very limited; this method was able to link presence-only data, of
which a large amount is available for species observations in Britain, with key
environmental variables and a much smaller amount of abundance data, to produce
predicted maps of abundance. The use of random forest regression to do this allowed for
any shape of relationship between the two types of data, and this lack of assumptions
may have been critical in the effectiveness of the method. It also allowed us to incorporate
the effects of abundance of other species on the target species, and to separately apply
covariates that are expected to influence abundance and those expected to influence

occupancy.

Modelling good quality abundance distributions has been a challenging technical
question in quantitative ecology for many years (see Gaston et al. 2000; Wenger &
Freeman 2008; Hwang & He 2011), and our analysis has made a useful contribution to
this field. The technique worked well for a group, trees, that is traditionally considered
challenging to model due to major human influences on tree distributions (Van
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Couwenberghe et al. 2013), and produced maps of an acceptable quality for use in our

analysis of the impacts of ash dieback (Chapter 4).

Modelling ecosystem vulnerability to ash loss

We mapped the areas of Britain most vulnerable to ecological change as a result of losing
ash, based on the abundance of ash and the identities, abundance and ecological traits of
the other tree species present. The aims were to identify the areas and woodland types at
risk of the largest impacts, and produce guidance for specific management actions for
each of these areas. An important discovery from this work was that the ecological
impacts may not be most severe in the areas of highest ash abundance. Rather, we found
that the proportion of trees that were ash, and the identity of other tree species present,
were both important factors affecting the impact. This highlights how the synecological
significance of a species can be more important than its raw abundance in measuring

impacts of species loss.

Using our maps of overall impacts and individual trait loss, we produced a range of
targeted management recommendations for each highly vulnerable area and woodland
type. This advice should aid land managers in reducing the level of ecological change that
occurs with ash death, helping to protect ecosystem characteristics and associated
biodiversity. We were able to produce such guidance to reduce the levels of ecological
change because of the availability of a wide range of largely native alternative tree
species, which help to improve resilience to environmental change (Chapin 2009; Boyd et

al. 2013).
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The novelty in this approach lies in directly assessing the change in available trait values
in a geographically-explicit manner. This allowed us to see patterns of impacts and
develop management advice separately for different areas with different community
compositions, as well as nationally where this was appropriate. We used as many
ecological traits in our analysis as we could find (36), and used an Analytic Hierarchy
Process (AHP) to weight traits according to their importance for ecosystem services. How
to weight traits appropriately has long been an unanswered question in functional
ecology, and we believe that using AHP to produce meaningful weights is a useful step
forward. We also hope that by using a large number of traits in our analysis, we may have
captured relationships between tree species traits and their associated biodiversity;
investigating this potential link will be an important next step to test the breadth of

possible applications for this approach.

This method for mapping ecosystem vulnerability to species loss has a range of potential
applications beyond ash dieback. The approach could be broadened to include the
impacts of other tree pests and diseases, as the effects of loss of multiple tree species in
the same area are likely to be more severe. Future adaptations of this approach could be
used to directly include the effects on associated biodiversity and to highlight geographic
areas where particular species may be at risk from cascading effects of species loss, or

even to include effects of additions of invasive plant species.
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The financial impact of ash dieback in Great Britain

Finally, we investigated the financial impact of ash dieback, which we believe to be an
underappreciated issue for tree diseases, and strategically key to influencing policy. A
theme that emerged from the previous chapters was the importance of preventing more
introductions of pests and diseases, because with each species loss, ecosystems become
progressively less able to respond to future shocks (Chapin 2009; Boyd et al. 2013).
Improved biosecurity for trees has been rejected politically in the past, largely due to
trade agreements which seek to protect business from loss of trade, as the costs of
regulating trade are considered to be too high (Perrings et al. 2005; Maye et al. 2012). Ash
dieback provides us with an ideal opportunity to test the validity of this argument, or to

see whether market failure is occurring.

The answer we reached was a shockingly high estimate for the cost for losing ash trees:
£9.2 billion in Great Britain. Significant costs to the public sphere, business, public goods
and human health will all result from ash dieback, and by extension other major tree
diseases. The results of allowing tree diseases to become established are many times
higher than the potential lost trade that may result from tighter regulation (see Chapter
5). There may be additional costs of improved biosecurity that have not been included in
our analysis, but clearly the high cost of tree diseases would make even large investments
in biosecurity or restrictions to trade in live plants cost-effective, if they were to reduce

the chance of future invasions.

The identification of different costs and the stakeholders they will affect allowed us to

identify reciprocal relationships between costs, and opportunities to keep costs to their
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minimum. Replanting non-woodland ash trees would help maintain levels of ecosystem
services and prevent further large losses of the value of the countryside, and would be
highly cost-effective in the long-term (Rouquette and Holt in prep.). We also identified
areas where strategical policy responses will be key, such as providing grants to

landowners and local authorities to help them to replant lost trees for public benefit.

Additionally, we were surprised to find that the loss of ecosystem services represented
only a third of the total cost in our analysis; the greatest costs came from safety
implications. This suggests that the Natural Capital Framework, and other purely
ecosystem service-based models, may be missing the majority of real-world impacts that
biodiversity loss has on people (Turner & Daily 2008; Silvertown 2015). The unintended
consequences of profound ecological change can be to introduce new ecosystem
disservices, such as in this case the high cost to local authorities of maintaining a safe tree
stock. If this is not explicitly taken into consideration by ecosystem assessments,
valuations of species may give a highly inaccurate picture of the effects of change,

potentially encouraging damaging behaviour or policy approaches.

General conclusions

With just one or two species threatened by highly damaging diseases, there are actions we
can take to minimise the harm and help ecosystems to cope and recover (Chapter 4;
Schroter et al. 2005; Pautasso et al. 2013a; Broome et al. 2014; Mitchell ef al. 2014b). This is
in part possible because of the excellent environmental data available in Britain which

allows ecological modelling to be carried out, with wide-ranging benefits. This thesis

170



helps to develop some further resources — abundance maps — and uses these to develop
practical management advice that may reduce the harm done to ecosystems from ash
dieback. These outputs are respectively published and in review, and should help to

produce practical improvements on the ground.

However, opportunities such as these will become harder to achieve in future if the
current trajectory of ever-increasing pest and disease invasions continues (Loo 2009; Boyd
et al. 2013; Woodward & Boa 2013). Already we find that some of the most useful species
when it comes to replacing ash with ecologically similar trees (elm, alder) are problematic
to recommend due to their own problems with invasive diseases (Chapter 4; Harwood et

al. 2011; Sieber 2014; Alsop 2015).

It is no longer possible to look at a single invasive disease in isolation (Brasier 2008;
Woodward & Boa 2013). Ash dieback is a perfect illustration of this; the available
evidence strongly suggests that a proportion of ash trees will survive the disease
(Mckinney et al. 2014; Alsop 2015; Lobo et al. 2015; Rosenvald et al. 2015), and this has led
some commentators to suggest that the threat from ash dieback has been overstated, or
even that we should celebrate the potential short-term benefits for saprophytic organisms
(Heilmann-Clausen et al. 2013). However, survivors of ash dieback are not expected to
survive attack by the emerald ash borer, which could, if current projections are borne out,
reach Britain in the next few decades (Baranchikov ef al. 2008; Valenta et al. 2017). A far
bleaker future outcome for ash and its associated biodiversity is therefore likely when
considering ash dieback and emerald ash borer together (Thomas 2016). The cost analysis
provides the final evidence that preventing future tree pests and diseases is no longer just
an ecological imperative, but also a political one. If our estimation of the total cost of ash
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dieback proves to be remotely accurate, then the economic argument for supporting
large-scale international trade in trees to protect the interest of business would appear to

be entirely false.

There remain, of course, many questions to be answered on the impacts of ash dieback in
Britain, and further afield. What will be the long-term effects on common and rare
associated biodiversity? What will be the social and broader human impacts of losing a
sizeable proportion of the tree cover? (Britain already has one of the lowest tree cover
percentages in Europe (“Global Forest Resources Assessment 2010: main report. FAQ,
Rome.” 2010)). What will the effects of ash loss be on landscape connectivity and carbon
storage (Reay 2013; Mitchell et al. 2014a)? Exactly how might the ash dieback outbreak
interact with future introduced diseases, or other crises such as climate change? These are
all important questions connected to issues that people and ecosystems face immediately
as a result of ash dieback. But the long-term problem of invasive tree pests and diseases is
one of those rare scientific problems with a clear solution: regulating international trade
in plants and soil, the largest pathway for such introductions (Brasier 2008; Roy et al. 2014;
Freer-Smith & Webber 2015; Potter & Urquhart 2017). The ash dieback epidemic, if
nothing else, has served to make that abundantly clear (Pautasso et al. 2013; Woodward &

Boa 2013). The challenge now, is to persuade politicians to act.

172



REFERENCES

1.Allen, C.D., Macalady, A.K., Chenchouni, H., Bachelet, D., Mcdowell, N., Vennetier, M.,
et al. (2010). A global overview of drought and heat-induced tree mortality reveals
emerging climate change risks for forests. For. Ecol. Manage., 259, 660-684

2.Allouche, O., Tsoar, A. & Kadmon, R. (2006). Assessing the accuracy of species
distribution models: Prevalence, kappa and the true skill statistic (TSS). J. Appl. Ecol., 43,
1223-1232

3.Alsop, J. (2015). Ash dieback (Hymenoscyphus fraxineus) experience from continental
Europe. Q. J. For., 109, 174-180

4.Anderson, R.P. (2013). A framework for using niche models to estimate impacts of
climate change on species distributions. Ann. N. Y. Acad. Sci., 1297, 8-28

5.Araujo, M.B. & Guisan, A. (2006). Five (or so) challenges for species distribution
modelling. ]. Biogeogr., 33, 1677-1688

6.Aratjo, M.B. & Peterson, A.T. (2012). Uses and misuses of bioclimatic envelope
modeling. Ecology, 93, 1527-1529

7.Aune, K., Gunnar, B. & Moen, J. (2005). Isolation and edge effects among woodland key
habitats in Sweden: Is forest policy promoting fragmentation? Biol. Conserv., 124, 89-95

8.Baker, R.H.A., Black, R., Copp, G.H., Haysom, K.A., Hulme, P.E., Thomas, M.B., et al.
(2008). The UK risk assessment scheme for all non-native species. NEOBIOTA 7, 7, 46-57

9.Baral, H.-O., Queloz, V. & Hosoya, T. (2014). Hymenoscyphus fraxineus, the correct
scientific name for the fungus causing ash dieback in Europe. IMA Fungus, 5, 79-80

10.Baranchikov, Y., Mozolevskaya, E., Yurchenko, G. & Kenis, M. (2008). Occurrence of
the emerald ash borer, Agrilus planipennis in Russia and its potential impact on European
forestry. EPPO Bull., 38, 233-238

11.Barr, CJ., Bunce, R.G.H.,, Clarke, R.T., Fuller, RM., Furse, M.T., Gillespie, M.K,, et al.
(1990). Countryside Survey 1990: Main Report (Countryside 1990 vol.2.). Department of the

173



Environment, London.

12.Beck, P., Caudullo, G., Tinner, W. & de Rigo, D. (2016). Fraxinus excelsior in Europe:
distribution, habitat, usage and threats. In: European Atlas of Forest Tree Species. (eds. San-
Miguel-Ayanz, J., de Rigo, D., Caudullo, G., Houston Durrant, T. & Mauri, A.).
Luxembourg, pp. 98-99

13.de Bello, F., Lavorel, S., Diaz, S., Harrington, R., Cornelissen, ].H.C., Bardgett, R.D., et
al. (2010). Towards an assessment of multiple ecosystem processes and services via
functional traits. Biodivers. Conserv., 19, 2873-2893

14.Bentz, B.J., Régniere, J., Fettig, C.J., Hansen, E.M., Hayes, J.L., Hicke, J. a., et al. (2010).
Climate change and bark beetles of the western United States and Canada: direct and
indirect effects. Bioscience, 60, 602-613

15.Blouin, M., Hodson, M.E., Delgado, E.A., Baker, G., Brussaard, L., Butt, K.R., et al.
(2013). A review of earthworm impact on soil function and ecosystem services. Eur. J. Soil
Sci., 64, 161-182

16.Boyce, M.S., Vernier, P.R., Nielsen, S.E. & Schmiegelow, F.K. (2002). Evaluating
resource selection functions. Ecol. Modell., 157, 281-300

17.Boyd, L.L., Freer-Smith, P.H., Gilligan, C.A. & Godfray, H.C.J. (2013). The consequence
of tree pests and diseases for ecosystem services. Science, 342, 1235773

18.Brasier, C.M. (1996). New horizons in Dutch elm disease control. Forestry Commission,
Edinburgh.

19.Brasier, C.M. (2008). The biosecurity threat to the UK and global environment from
international trade in plants. Plant Pathol., 57, 792-808

20.Brasier, C.M. & Jung, T. (2006). Recent developments in Phytophthora diseases of trees
and natural ecosystems in Europe. In: Progress in Research on Phytophthora Diseases of Forest
Trees. Proc. 3rd Int. IUFRO Working Party 7.02.09 Meeting, Freising, Germany (ed. Brasier, C.
M.; Jung, T.; Osswald, W.). Forest Research, Farnham, UK, pp. 5-16

21.Breiman, L. (2001). Random forests. Mach. Learn., 45, 5-32

174



22 Breshears, D.D., Nyhan, ].W., Heil, C.E. & Wilcox, B.P. (1998). Effects of woody plants
on microclimate in a semiarid woodland: soil temperature and evaporation in canopy and
intercanopy patches. Int. J. Plant Sci., 159, 1010-1017

23.Britt, C. & Johnston, M. (2008). Trees in Towns II: A new survey of urban trees in
England and their condition and management. Department for Communities and Local
Government, London

24 Broome, A., Mitchell, R. & Harmer, R. (2014). Ash dieback and loss of biodiversity. Q. J.
For., 108, 241-248

25.Brown, G.G. (1995). How do earthworms affect microfloral and faunal community
diversity? Plant Soil, 170, 209-231

26.Brown, J.H. (1984). On the relationship between abundance and distribution of species.
Am. Nat., 124, 255-279

27 .Brown, N. & Fisher, R. (2009). Trees outside woodlands: a report to the Woodland
Trust. https://www.woodlandtrust.org.uk/mediafile/100083918/Trees-outside-woods-
report.pdf

28.de Bruin, A., Knight, S., Cinderby, S. & Jones, G. (2013). Dutch Elm Disease management
in East Sussex

29.Butt, N., Campbell, G., Malhi, Y. & Morecroft, M. (2009). Initial results from
establishment of a long-term broadleaf monitoring plot at Wytham Woods, Oxford, UK.
University of Oxford, Oxford

30.Butt, N., Slade, E., Thompson, J., Malhi, Y. & Riutta, T. (2013). Quantifying the
sampling error in tree census measurements by volunteers and its effect on carbon stock
estimates. Ecol. Appl., 23, 936-943

31.Byrnes, ].E.K.,, Gamfeldt, L., Isbell, F., Lefcheck, J.S., Griffin, ].N., Hector, A., et al.
(2014). Investigating the relationship between biodiversity and ecosystem
multifunctionality : challenges and solutions. Methods Ecol. Evol., 5, 111-124

32.Carey, P.D., Wallis, S., Chamberlain, P.M., Cooper, A., Emmett, B.A., Maskell, L.C,, et
al. (2008). 2008 Countryside Survey: UK Results from 2007

175



33.Cavers, S. (2014). Evolution, ecology and tree health: finding ways to prepare Britain’s
forests for future threats. Forestry, 88, 1-2

34.Cesarz, S., Fahrenholz, N., Migge-Kleian, S., Platner, C. & Schaefer, M. (2007).
Earthworm communities in relation to tree diversity in a deciduous forest. Eur. |. Soil
Biol., 43

35.Chai, T. & Draxler, R.R. (2014). Root mean square error (RMSE) or mean absolute error
(MAE)? — Arguments against avoiding RMSE in the literature. Geosci. Model Dev., 7, 1247—
1250

36.Chandelier, A., Helson, M., Dvorak, M. & Gischer, F. (2014). Detection and
quantification of airborne inoculum of Hymenoscyphus pseudoalbidus using real-time PCR
assays. Plant Pathol., 63, 1296-1305

37.Chapin, F.S. (2009). Managing ecosystems sustainably: the key role of resilience. In:
Principles of Ecosystem Stewardship (eds. Folke, C., Kofinas, G. & Chapin, F.). Springer, New
York, NY

38.Charlton, N.L. & Memmott, J. (2013). Impact of Chalara dieback of ash on community
function and stability. University of Bristol, Bristol.

39.Christie, M. & Matthews, ]. (2003). The economic and social value of walking in
England. University of Wales, Aberystwyth

40.Clark, J. (2014). The Living Ash Project: a new breeding programme for ash. Q. J. For.,
108, 185-187

41.Cook-Patton, S.C., LaForgia, M. & Parker, J.D. (2014). Positive interactions between
herbivores and plant diversity shape forest regeneration. Proc. R. Soc. B Biol. Sci., 281

42.Coté, S.D., Rooney, T.P., Tremblay, J.-P., Dussault, C. & Waller, D.M. (2004). Ecological
impacts of deer overabundance. Annu. Rev. Ecol. Evol. Syst., 35, 113-147

43.Van Couwenberghe, R., Collet, C., Pierrat, ].C., Verheyen, K. & Gégout, J.C. (2013). Can
species distribution models be used to describe plant abundance patterns? Ecography
(Cop.)., 36, 665-674

176



44.Curry, J. & Schmidt, O. (2007). The feeding ecology of earthworms — A review.
Pedobiologia (Jena)., 50, 463477

45.De’ath, G. & Fabricius, K. (2000). Classification and regression trees: a powerful yet
simple technique for data analysis. Ecology, 81, 3178-3192

46.Defra. (2012). Independent panel on forestry final report. Defra, London.
http://www.defra.gov.uk/forestrypanel/reports/

47 Defra. (2013a). Chalara in Ash Trees: A framework for assessing ecosystem impacts
and appraising options. Defra, London.

48.Defra. (2013b). Chalara Management Plan. Defra, London.

49.Dengler, ]., Lobel, S. & Dolnik, C. (2009). Species constancy depends on plot size — a
problem for vegetation classification and how it can be solved. J. Veg. Sci., 20, 754-766

50.Denman, S. & Webber, J. (2009). Oak declines: new definitions and new episodes in
Britain. Q. J. For., 103, 285-290

51.Diaz, S., Noy-Meir, I. & Cabido, M. (2001). Can grazing response of herbaceous plants
be predicted from simple vegetative traits? . Appl. Ecol., 38, 497-508

52.Ddélle, M. & Schmidt, W. (2009). Impact of tree species on nutrient and light
availability: evidence from a permanent plot study of old-field succession. Plant Ecol., 203,
273-287

53.Donovan, G.H., Butry, D.T., Michael, Y.L., Prestemon, J.P., Liebhold, A.M., Gatziolis,
D., et al. (2013). The relationship between trees and human health. Am. |. Prev. Med., 44,
139-145

54.Downie, A. (2016). Nornex Final Report: An open consortium (Nornex) for molecular
understanding of ash dieback disease. John Innes Centre, Norwich

55.Drenkhan, R. & Hanso, M. (2010). New host species for Chalara fraxinea. New Dis.
Reports, 22, 16

177



56.Drew, J., Anderson, N. & Andow, D. (2010). Conundrums of a complex vector for
invasive species control: a detailed examination of the horticultural industry. Biol.
Invasions, 12, 2837-2851

57.East Riding of Yorkshire Council. (2013). Flood investigation report: Burton Fleming
during winter 2012 - 2013. East Riding of Yorkshire Council, Beverley

58.Ecoflora: Ecological Flora of the British Isles. (2017). Available at: http://ecoflora.org.uk/.
Last accessed 2 March 2017

59.Eggleton, P., Inward, K., Smith, J., Jones, D.T. & Sherlock, E. (2009). A six year study of
earthworm (Lumbricidae) populations in pasture woodland in southern England shows
their responses to soil temperature and soil moisture. Soil Biol. Biochem., 41, 1857-1865

60.Elith, J. & Leathwick, J.R. (2009). Species Distribution Models: ecological explanation
and prediction across space and time. Annu. Rev. Ecol. Evol. Syst., 40, 677-697

61.Ellis, C.J., Coppins, J. & Peter M, H. (2012). Lichens under threat from ash dieback.
Nature, 491, 2012

62.Enderle, R., Fussi, B., Lenz, H.D., Langer, G., Nagel, R. & Metzler, B. (2017). Ash
dieback in Germany: research on disease development, resistance and management
options. In: Dieback of European Ash (Fraxinus spp.): Consequences and Guidelines for
Sustainable Management (eds. Vasaitis, R. & Enderle, R.). FRAXBACK, pp. 89-105

63.Enderle, R., Peters, F., Nakou, A. & Metzler, B. (2013). Temporal development of ash
dieback symptoms and spatial distribution of collar rots in a provenance trial of Fraxinus
excelsior. Eur. |. For. Res., 132, 865-876

64.Ennos, R.A. (2014). Resilience of forests to pathogens: an evolutionary ecology
perspective. Forestry, 88, 41-52

65.EPPO. (2017). EPPO Reporting Service. EPPO, Paris.

66.Erenler, H.E., Ashton, P.A., Gillman, M.P. & Ollerton, J. (2010). Factors determining
species richness of soil seed banks in lowland ancient woodlands. Biodivers. Conserv., 19,
1631-1648

178



67.Esri 2014. (2014). ArcGIS Desktop: version 10.2.1. Environmental Systems Research
Institute, Redkands, CA.

68.Evans, ].S. & Cushman, S.A. (2009). Gradient modeling of conifer species using random
forests. Landsc. Ecol., 24, 673-683

69.Fay, N. (2002). Environmental arboriculture, tree ecology and veteran tree
management. Arboric. |., 26, 213-238

70.Feller, C., Brown, G.G., Blanchart, E., Deleporte, P. & Chernyanskii, S. (2003). Charles
Darwin, earthworms and the natural sciences: various lessons from past to future. Agric.
Ecosyst. Environ., 99, 29-49

71.Fera. (2017). UK Plant Health Risk Register. Fera, York.

72.Forest Research. (2017a). ESC4 (Ecological Site Classification version 4). Available at:
http://www forestdss.org.uk/geoforestdss/esc4m.jsp. Last accessed 27 June 2017

73.Forest Research. (2017b). Phytophthora disease of alder. Available at:
https://www .forestry.gov.uk/fr/infd-737hun. Last accessed 20 June 2017

74.Forestry Commission. (2002). UK indicators of sustainable forestry. Forestry
Commission, Edinburgh.

75.Forestry Commission. (2003). National Inventory of Woodland and Trees. Forestry
Commission, Edinburgh.

76.Forestry Commission. (2011). The UK Forestry Standard. Forestry Commission,
Edinburgh.

77 Forestry Commission. (2013). NFI Preliminary Report: NFI preliminary estimates of
quantities of broadleaved species in British woodlands, with special focus on ash.
National Forest Inventory, Forestry Commission, Edinburgh.

78 Forestry Commission. (2014). NFI Technical Report Survey of the impact of the 2013 St.
Jude’s day storm on woodland in Southern England. Forestry Commission, Edinburgh.

179



79.Forestry Commission. (2017a). Chalaramap. Available at:
http://chalaramap.fera.defra.gov.uk/. Last accessed 31 January 2017

80.Forestry Commission. (2017b). Forestry Commission - National Forest Inventory. Available
at: http://www .forestry.gov.uk/inventory. Last accessed 27 June 2017

81.FRAXBACK. (2012). FRAXBACK COST action report. Available at:
http://www .fraxback.eu/index.php?option=com_content&view=article&id=68&Itemid=23
3. Last accessed 12 August 2015

82.Freer-Smith, P.H. & Webber, ].F. (2015). Tree pests and diseases: the threat to
biodiversity and the delivery of ecosystem services. Biodivers. Conserv., 14, pp.1-14

83.Garnier, E. & Navas, M.L. (2012). A trait-based approach to comparative functional
plant ecology: Concepts, methods and applications for agroecology. A review. Agron.
Sustain. Dev., 32, 365-399

84.Gaston, K.J., Blackburn, T.M., Greenwood, J.].D., Gregory, R.D., Quinn, RM. &
Lawton, J.H. (2000). Abundance-occupancy relationships. J. Appl. Ecol., 37, 39-59

85.Gelman, A. & Hill, J. (2007). Data Analysis Using Regression and Multilevel/Hierarchical
Models. First edit. Cambridge University Press, Cambridge, UK

86.Gill, RM.A. & Morgan, G. (2010). The effects of varying deer density on natural
regeneration in woodlands in lowland Britain. Forestry, 83, 53—-63

87.Gilligan, C,, Frasier, R., Godfray, C., Hanley, N., Leather, S., Meagher, T., et al. (2013).
Final report. Tree Health and Plant Biosecurity Expert Taskforce. London

88.Global Forest Resources Assessment 2010: main report. FAO, Rome. (2010).

89.Glur, C. (2017). ahp: Analytic Hierarchy Process. R package version 0.2.11.
https://CRAN.R-project.org/package=ahp

90.Goudzwaard, L. (2017). Wageningen University and Research Tree Database. Available at:
http://www.wur.nl/en/Expertise-Services/Chair-groups/Environmental-Sciences/Forest-
Ecology-and-Forest-Management-Group/Education/Tree-database.htm. Last accessed 2

180



March 2017

91.Grime, J.P. (1998). Benefits of plant diversity to ecosystems: immediate, filter and
founder effects. J. Ecol., 86, 891-899

92.Grime, J.P., Hodgson, J.G. & Hunt, R. (1988). Comparative plant ecology: A functional
approach to common British species. Unwin Hyman Ltd., London, UK

93.Groom, Q.J. (2013). Estimation of vascular plant occupancy and its change using
kriging. New |. Bot., 3, 33-46

94.Gross, A., Holdenrieder, O., Pautasso, M., Queloz, V. & Sieber, T.N. (2014).
Hymenoscyphus pseudoalbidus, the causal agent of European ash dieback. Mol. Plant Pathol.,
15, 5-21

95.Guillera-Arroita, G., Lahoz-Monfort, ].J., Elith, J., Gordon, A., Kujala, H., Lentini, P.E.,
et al. (2015). Is my species distribution model fit for purpose? Matching data and models
to applications. Glob. Ecol. Biogeogr., 24, 276-292

96.Guisan, A., Graham, C.H., Elith, J., Huettmann, F., Dudik, M., Ferrier, S., et al. (2007a).
Sensitivity of predictive species distribution models to change in grain size. Divers.
Distrib., 13, 332-340

97.Guisan, A., Zimmermann, N.E., Elith, J., Graham, C.H., Phillips, S. & Peterson, A.T.
(2007b). What matters for predicting the occurrences of trees: Techniques, data, or species’
characteristics? Ecol. Monogr., 77, 615-630

98.Gurnell, J. (1996). The grey squirrel in Britain: problems for management. Proc.
Euromean Congr. Mammal., 67-81

99.Halmschlager, E. & Kirisits, T. (2008). First report of the ash dieback pathogen Chalara
fraxinea on Fraxinus excelsior in Austria. Plant Pathol., 57, 1177

100.Harmer, R., Kiewitt, A. & Morgan, G. (2011). Can overstorey retention be used to
control bramble (Rubus fruticosus L. agg.) during regeneration of forests? Forestry, 85, 135—
144

101.Harper, A.L., McKinney, L.V., Nielsen, L.R., Havlickova, L., Li, Y., Trick, M., et al.

181



(2016). Molecular markers for tolerance of European ash (Fraxinus excelsior) to dieback
disease identified using Associative Transcriptomics. Sci. Rep., 6, 19335

102.Harris, D.J. (2015). Generating realistic assemblages with a joint species distribution
model. Methods Ecol. Evol., 6, 465-473

103.Harwood, T.D., Tomlinson, 1., Potter, C.A. & Knight, ].D. (2011). Dutch elm disease
revisited: past, present and future management in Great Britain. Plant Pathol., 60, 545-555

104.Health and Safety Executive. (2014). Management of the risk from falling trees or branches.
Available at: http://www.hse.gov.uk/foi/internalops/sims/ag_food/010705.htm. Last
accessed 19 September 2017

105.Heikkinen, R.K., Marmion, M. & Luoto, M. (2012). Does the interpolation accuracy of
species distribution models come at the expense of transferability? Ecography (Cop.)., 35,
276-288

106.Heilmann-Clausen, J., Bruun, H.H. & Ejrnzes, R. (2013). Dieback of European ash
(Fraxinus excelsior) — Sheer misery or an opportunity for biodiversity? — Reply to Pautasso.
Biol. Conserv., 167, 450-451

107.Heinze, B., Tiefenbacher, H., Litschauer, R. & Kirisits, T. (2017). Ash dieback in
Austria - history, current situation and outlook. In: Dieback of European Ash (Fraxinus spp.):
Consequences and Guidelines for Sustainable Management (eds. Vasaitis, R. & Enderle, R.).
FRAXBACK, pp. 33-52

108.Hemery, G.E., Clark, J.R., Aldinger, E., Claessens, H., Malvolti, M.E., O’Connor, E., et
al. (2010). Growing scattered broadleaved tree species in Europe in a changing climate: a
review of risks and opportunities. Forestry, 83, 65-81

109.Hemery, G.E., Savill, P.S. & Pryor, S.N. (2005). Applications of the crown diameter-
stem diameter relationship for different species of broadleaved trees. For. Ecol. Manage.,
215, 285-294

110.Herms, D.A. & McCullough, D.G. (2014). Emerald ash borer invasion of North
America: history, biology, ecology, impacts, and management. Annu. Rev. Entomol., 59,
13-30

182



111.Hill, L., Hector, A., Hemery, G., Smart, S., Tanadini, M. & Brown, N. (2017).
Abundance distributions for tree species in Great Britain: A two-stage approach to
modeling abundance using species distribution modeling and random forest. Ecol. Evol.,
7, 1043-1056

112.Hinsley, S.A. & Pocock, M.J.O. (2014). Ash dieback: long-term monitoring of impacts
on biodiversity. JINCC, Peterborough.

113.HM Treasury. (2003). The Green Book: Appraisal and evaluation in central
government. HM Treasury, London.

114.Hofmeister, J., Mihaljevi¢, M. & Hosek, J. (2004). The spread of ash (Fraxinus excelsior)
in some European oak forests: an effect of nitrogen deposition or successional change?,
203, 3547

115.Hooper, D. & Vitousek, P. (1998). Effects of plant composition and diversity on
nutrient cycling. Ecol. Monogr., 68, 121-149

116.Hopkins, ].J. & Kirby, K.J. (2007). Ecological change in British broadleaved woodland
since 1947. Ibis (Lond. 1859)., 149, 29-40

117 .Hui, C., McGeoch, M., Reyers, B, Le Roux, P., Greve, M. & Chown, S.L. (2009).
Extrapolating population size from the occupancy-abundance relationship and the scaling
pattern of occupancy. Ecol. Appl., 19, 2038-2048

118.Hwang, W.H. & He, F. (2011). Estimating abundance from presence/absence maps.
Methods Ecol. Evol., 2, 550-559

119.James, B.R. & Riha, S.J. (1985). pH buffering in forest soil organic horizons: relevance
to acid precipitation. J. Environ. Qual., 15, 229-234

120.Johnson, C.J. & Seip, D.R. (2008). Relationship between resource selection,
distribution, and abundance: a test with implications to theory and conservation. Popul.
Ecol., 50, 145-157

121.Jénsson, M.T. & Thor, G. (2012). Estimating coextinction risks from epidemic tree
death: affiliate lichen communities among diseased host tree populations of Fraxinus
excelsior. PLoS One, 7, 1-10

183



122 Kattge, J., Diaz, S., Lavorel, S., Prentice, I.C., Leadley, P., Bonisch, G,, et al. (2011). TRY
- a global database of plant traits. Glob. Chang. Biol., 17, 2905-2935

123.Kerr, G. (1995). Silviculture of ash in southern England. Forestry, 68, 63-70

124 .Kefler, M., Cech, T.L., Brandstetter, M. & Kirisits, T. (2012). Dieback of ash (Fraxinus
excelsior and Fraxinus angustifolia) in Eastern Austria: Disease development on monitoring
plots from 2007 to 2010. J. Agric. Ext. Rural Dev., 4, 223-226

125 Kirby, K.J. (1990). Changes in the ground flora of a broadleaved wood within a clear
tell, group fells and a coppiced block. Forestry, 63, 241-249

126 .Kirby, K.J., Bazely, D.R., Goldberg, E.A., Hall, J.E., Isted, R., Perry, S.C,, et al. (2014).
Changes in the tree and shrub layer of Wytham Woods (Southern England) 1974-2012:
local and national trends compared. Forestry, 87, 663—-673

127 Kirby, K.J., Perry, S.C. & Birdie-James, T. (2010). Possible implications of new tree
diseases for nature conservation. Q. J. For., 104, p277

128 Kirby, K.J., Smart, S.M., Black, H.L]., Bunce, R.G.H., Corney, P.M. & Smithers, R.J.
(2005). English Nature Research Report number 653: Long term ecological change in
British woodland (1971-2001). English Nature, Peterborough.

129 Kirby, K.J. & Thomas, R.C. (2000). Changes in the ground flora in Wytham Woods,
southern England from 1974 to 1991 - implications for nature conservation. J. Veg. Sci., 11,
871-880

130.Kirisits, T. & Freinschlag, C. (2012). Ash dieback caused by Hymenoscyphus
pseudoalbidus in a seed plantation of Fraxinus excelsior in Austria. J. Agric. Ext. Rural Dev.,
4,184-191

131 Kirisits, T., Matlakova, M., Mottinger-Kroupa, S., Halmschlager, E. & Lakatos, F.
(2010). Chalara fraxinea associated with dieback of narrow-leafed ash (Fraxinus
angustifolia). Plant Pathol., 59, 411

132 Kirisits, T. & Schwanda, K. (2015). First definite report of natural infection of Fraxinus
ornus by Hymenoscyphus fraxineus. For. Pathol., 45, 430432

184



133.Kjeer, E.D., Mckinney, L. V., Hansen, L.N., Olrik, D.C., Lobo, A., Thomsen, .M., et al.
(2017). Genetics of ash dieback resistance in a restoration context — experiences from

Denmark. In: Dieback of European Ash (Fraxinus spp.): Consequences and Guidelines for
Sustainable Management (eds. Vasaitis, R. & Enderle, R.). FRAXBACK, pp. 106-114

134.Kjeer, E.D., McKinney, L.V., Nielsen, L.R., Hansen, L.N. & Hansen, ].K. (2011).
Adaptive potential of ash (Fraxinus excelsior) populations against the novel emerging
pathogen Hymenoscyphus pseudoalbidus. Evol. Appl., 5, 219-228

135.Klooster, W.S., Herms, D.A., Knight, K.S., Herms, C.P., Mccullough, D.G., Smith, A,
et al. (2014). Ash (Fraxinus spp.) mortality, regeneration, and seed bank dynamics in
mixed hardwood forests following invasion by emerald ash borer (Agrilus planipennis).
Biol. Invasions, 16, 859-873

136.Kostichka, C.J. & Cannon, W.N. (1984). Costs of Dutch elm disease management in
Wisconsin communities. J. Arboric., 10, 250-254

137 Kovacs, K.F., Haight, R.G., Mccullough, D.G., Mercader, R.J., Siegert, N.W. &
Liebhold, A.M. (2010). Cost of potential emerald ash borer damage in U.S. communities,
2009 —2019. Ecol. Econ., 69, 569-578

138.Kowalski, T. (2006). Chalara fraxinea sp. nov. associated with dieback of ash (Fraxinus
excelsior) in Poland. For. Pathol., 36, 264-270

139.Kowalski, T. & Bartnik, C. (2010). Morphological variation in colonies of Chalara
fraxinea isolated from ash (Fraxinus excelsior L.) stems with symptoms of dieback and
effects of temperature on colony growth and structure. Acta Agrobot., 63, 99-106

140.Kowalski, T. & Holdenrieder, O. (2009). The teleomorph of Chalara fraxinea, the causal
agent of ash dieback. For. Pathol., 39, 304-308

141.Kuhn, M., Wing, J., Weston, S., Williams, A., Keefer, C., Engelhardt, A., et al. (2016).
Caret: Classification and Regression Training.

142.Lawrence, A.P. & Bowers, M. (2002). A test of the “hot” mustard extraction method of
sampling earthworms. Soil Biol. Biochem., 34, 549-554

185



143.Lee, K.E. (1985). Earthworms: their ecology and relationships with soils and land use.
Academic Press Inc., London

144.Liaw, A. & Wiener, M. (2002). Classification and Regression by randomForest. R
News, 2, 18-22

145.Lindenmayer, D.B., Laurance, W.F., Franklin, J.F., Likens, G.E., Banks, S.C,,
Blanchard, W., et al. (2014). New policies for old trees: averting a global crisis in a
keystone ecological structure. Conserv. Lett., 7, 61-69

146.Little, D., Curran, E., Horgan, T., Cross, J., Doyle, M. & Hawe, J. (2009). Establishment,
Design and Stocking Densities of New Native Woodlands

147 Littlewood, N.A., Nau, B.S., Pozsgai, G., Stockan, J.A., Stubbs, A. & Young, M.R.
(2015). Invertebrate species at risk from Ash Dieback in the UK. J. Insect Conserv., 19, 75—
85

148.Lobo, A., McKinney, L. V., Hansen, ].K., Kjaer, E.D. & Nielsen, L.R. (2015). Genetic
variation in dieback resistance in Fraxinus excelsior confirmed by progeny inoculation
assay. For. Pathol., 45, 379-387

149.Logan, J.A., Régniere, ]. & Powell, ].A. (2003). Assessing the impacts of global
warming on forest pest dynamics. Front. Ecol. Environ., 1, 130-137

150.Lohmus, A. & Runnel, K. (2014). Ash dieback can rapidly eradicate isolated epiphyte
populations in production forests: A case study. Biol. Conserv., 169, 185-188

151.London Assembly. (2011). Branching Out: The future for London’s street trees. Greater
London Authority, London.

152.Loo, J.A. (2009). Ecological impacts of non-indigenous invasive fungi as forest
pathogens. Biol. Invasions, 11, 81-96

153.Lygis, V., Bakys, R., Gustiene, A., Burokiene, D., Matelis, A. & Vasaitis, R. (2014).
Forest self-regeneration following clear-felling of dieback-affected Fraxinus excelsior: focus
on ash. Eur. |. For. Res., 133, 501-510

154.Lyytimaki, J. & Sipila, M. (2009). Hopping on one leg — The challenge of ecosystem

186



disservices for urban green management. Urban For. Urban Green., 8, 309-315

155.Mack, R.N., Simberloff, D., Lonsdale, W.M., Evans, H., Clout, M. & Bazzaz, F.A.
(2000). Biotic invasions: causes, epidemiology, global consequences, and control. Ecol.
Appl., 10, 689-710

156.MacLeod, A., Pautasso, M., Jeger, M.]. & Haines-Young, R. (2010). Evolution of the
international regulation of plant pests and challenges for future plant health. Food Secur.,
2,49-70

157 Margais, B., Husson, C., Caél, O., Dowkiw, A., Saintonge, F.-X., Delahaye, L., et al.
(2017). Estimation of ash mortality induced by <i>Hymenoscyphus fraxineus</I in France
and Belgium. Balt. For., 23, 159-167

158.Marigo, G., Peltier, ].-P. & Girel, J. (2000). Success in the demographic expansion of
Fraxinus excelsior L. Trees, 15, 1-13

159.Maskell, L., Henrys, P., Norton, L., Smart, S. & Wood, C. (2013). Distribution of Ash
trees (Fraxinus excelsior) in Countryside Survey data. Centre for Ecology and Hydrology,
Wallingford

160.Mason, W.L. (2007). Changes in the management of British forests between 1945 and
2000 and possible future trends, 149, 41-52

161.Maye, D., Dibden, J., Higgins, V. & Potter, C. (2012). Governing biosecurity in a
neoliberal world: comparative perspectives from Australia and the United Kingdom.
Environ. Plan. A, 44, 150-169

162.McCraw, R. & Davison, R. (2000). The provision of paths in Scotland. Scottish Natural
Heritage, Inverness.

163.McKenney, D.W., Pedlar, ].H., Yemshanov, D., Lyons, D.B., Campbell, K.L. &
Lawrence, K. (2012). Estimates of the potential cost of emerald ash borer (Agrilus
planipennis Fairmaire) in Canadian municipalities. Arboric. Urban For., 38, 81-91

164.Mckinney, L. V., Nielsen, L.R., Collinge, D.B., Thomsen, I.M., Hansen, ].K. & Kjeer,
E.D. (2014). The ash dieback crisis: genetic variation in resistance can prove a long-term
solution. Plant Pathol., 63, 485-499

187



165.McKinney, L. V, Nielsen, L.R., Hansen, ] K. & Kjaer, E.D. (2011). Presence of natural
genetic resistance in Fraxinus excelsior (Oleraceae) to Chalara fraxinea (Ascomycota): an
emerging infectious disease. Heredity (Edinb)., 106, 788-797

166.Mitchell, R.J., Bailey, S., Beaton, ].K., Bellamy, P.E., Brooker, RW., Broome, A, et al.
(2014a). The potential ecological impact of ash dieback in the UK. JNCC Report No. 483.
JNCC, Peterborough

167 Mitchell, R.J., Beaton, ].K., Bellamy, P.E., Broome, A., Chetcuti, J., Eaton, S., et al.
(2014b). Ash dieback in the UK: A review of the ecological and conservation implications
and potential management options. Biol. Conserv., 175, 95-109

168.Mitchell, R.J., Broome, A., Harmer, R., Beaton, ].K., Bellamy, P.E., Brooker, RW., et al.
(2014c). AshEcol: A spreadsheet of Ash-associated biodiversity. Produced as part of
Natural England report “Assessing and addressing the impacts of ash dieback on UK
woodlands and trees of conservation importance (Phase 2)”. Natural England,
Peterborough.

169.Mitchell, R.J., Pakeman, R.J., Broome, A., Beaton, ]J.K., Bellamy, P.E., Brooker, R.W., et
al. (2016). How to replicate the functions and biodiversity of a threatened tree species?
The case of Fraxinus excelsior in Britain. Ecosystems, 19, 573-586

170.Nielsen, S.E., Johnson, C.J., Heard, D.C. & Boyce, M.S. (2005). Can models of
presence-absence be used to scale abundance ? Two case studies considering extremes in
life history. Ecography (Cop.)., 28, 197-208

171.0rlova-Bienkowskaja, M.]. (2014). Ashes in Europe are in danger: the invasive range
of Agrilus planipennis in European Russia is expanding. Biol. Invasions, 16, 1345-1349

172.0vington, J.D. (1953). Studies of the development of woodland conditions under
different trees: I. soils pH. |. Ecol., 41, 13-34

173.Pagel, J., Anderson, B.J., O’'Hara, R.B., Cramer, W., Fox, R,, Jeltsch, F., et al. (2014).
Quantifying range-wide variation in population trends from local abundance surveys and
widespread opportunistic occurrence records. Methods Ecol. Evol., 5, 751-760

174 Paillet, Y., Berges, L., Hjéltén, J., Odor, P., Avon, C., Bernhardt-Rémermann, M., et al.
(2009). Biodiversity differences between managed and unmanaged forests: meta-analysis

188



of species richness in Europe. Conserv. Biol., 24, 101-112

175.Palo, A., Ivask, M. & Liira, J. (2013). Biodiversity composition reflects the history of
ancient semi-natural woodland and forest habitats — Compilation of an indicator
complex for restoration practice. Ecol. Indic., 34, 336-344

176.Partsch, S., Milcu, A. & Scheu, S. (2006). Decomposers (Lumbricidae, Collembola)
affect plant performance in model grasslands of different diversity. Ecology, 87, 2548-2558

177 Pautasso, M., Aas, G., Queloz, V. & Holdenrieder, O. (2013). European ash (Fraxinus
excelsior) dieback - A conservation biology challenge. Biol. Conserv., 158, 37-49

178.Pautasso, M., Dehnen-Schmutz, K., Holdenrieder, O., Salama, N., Jeger, M.]., Lange,
E., et al. (2010). Plant health and global change — some implications for landscape
management. Biol. Rev., 85, 729-755

179.Pearce, ]. & Ferrier, S. (2001). The practical value of modelling relative abundance of
species for regional conservation planning: A case study. Biol. Conserv., 98, 33—43

180.Pearce, ].L. & Boyce, M.S. (2006). Modelling distribution and abundance with
presence-only data. J. Appl. Ecol., 43, 405-412

181.Pearson, R.G. & Dawson, T.P. (2003). Predicting the impacts of climate change on the
distribution of speces: are bioclimate envelope models useful? Glob. Ecol. Biogeogr., 12,
361-371

182.Pérez-Harguindeguy, N., Diaz, S., Garnier, E., Lavorel, S., Poorter, H., Jaureguiberry,
P., et al. (2013). New Handbook for standardized measurment of plant functional traits
worldwide. Aust. ]. Bot., 61, 167-234

183.Perrings, C., Dehnen-Schmutz, K., Touza, J. & Williamson, M. (2005). How to manage
biological invasions under globalization. Trends Ecol. Evol., 20, 212-215

184.Pidgeon, N. & Barnett, J. (2013). Chalara and the social amplification of risk. Defra,
London.

185.Pigott, C.D. (1991). Tilia Cordata Miller. J. Ecol., 79, 1147-1207

189



186.Plitira, A. & Baliuckas, V. (2007). Genetic variation in adaptive traits of progenies of
Lithuanian and Western European populations of Fraxinus excelsior L. Balt. For., 13, 1392—
1355

187 Potter, C. & Urquhart, J. (2017). Tree disease and pest epidemics in the Anthropocene:
A review of the drivers, impacts and policy responses in the UK. For. Policy Econ., 79, 61—
68

188.Prasad, A.M., Iverson, L.R. & Liaw, A. (2006). Newer classification and regression tree
techniques: Bagging and random forests for ecological prediction. Ecosystems, 9, 181-199

189.Prentice, I1.C., Cramer, W., Harrison, S.P., Leemans, R., Monserud, R.A. & Solomon,
A.M. (1992). A global biome model based on plant physiology and dominance, soil
properties and climate. . Biogeogr., 19, 117

190.Przybyt, K. (2002). Fungi associated with necrotic apical parts of Fraxinus excelsior
shoots. For. Pathol., 32, 387-394

191.Pukacki, P.M. & Przybyt, K. (2005). Frost injury as a possible inciting factor in bud
and shoot necroses of Fraxinus excelsior L. |. Phytopathol., 153, 512-516

192.Pyatt, G., Ray, D. & Fletcher, J. (2001). An ecological site classification for forestry in
Great Britain. Forestry Commission Bulletin 124. Forestry Commission, Edinburgh.

193.Python Software Foundation: Version 3.3.2. (2013). Python Programming Language.
Available at http://www.python.org

194.Queloz, V., Griinig, C.R., Berndt, R., Kowalski, T., Sieber, T.N. & Holdenrieder, O.
(2011). Cryptic speciation in Hymenoscyphus albidus. For. Pathol., 41, 133-142

195.Queloz, V., Hopf, S., Schoebel, C.N., Rigling, D. & Gross, A. (2017). Ash dieback in
Switzerland : history and scientific achievements. In: Dieback of European Ash (Fraxinus
spp.): Consequences and guidelines for sustainable management. (ed. Sciences., S.U. of A.). pp.
68-78

196.Rackham, O. (2008). Ancient woodlands: Modern threats. New Phytol., 180, 571-586

190



197.R Core Team. (2016). R: A language and environment for statistical computing. R
Foundation for Statistical Computing, Vienna, Austria. Available at: https://www.R-
project.org/

198.Reay, D.S. (2013). New Directions: Ash dieback and British carbon stocks. Atmos.
Environ., 74, 110-111

199.Reich, P.B., Oleksyn, J., Modrzynski, J., Mrozinski, P., Hobbie, S.E., Eissenstat, D.M., et
al. (2005). Linking litter calcium, earthworms and soil properties: A common garden test
with 14 tree species. Ecol. Lett., 8, 811-818

200.Rodwell, J.S. (1991). British Plant Communities, Woodlands and Scrub, vol. 1. Cambridge
University Press, Cambridge

201.Rodwell, J.S., Pigott, C.D., Ratcliffe, D.A., Malloch, A.]J.C., Birks, H.].B., Proctor,
M.C.F,, et al. (1991). British plant communities volume 1: woodlands and scrub. First.
Cambridge University Press, Cambridge, UK

202.Roques, A. (2010). Alien forest insects in a warmer world and a globalised economy:
impacts of changes in trade, tourism and climate on forest biosecurity. New Zeal. ]. For.
Sci., 40, 77-94

203.Rosenvald, R., Drenkhan, R. & Riit, T. (2015). Towards silvicultural mitigation of the
European ash ( Fraxinus excelsior ) dieback : the importance of acclimated trees in
retention forestry 1, 1214, 1206-1214

204.Rouquette, J. & Holt, A. The benefits to people of trees outside woods (TOWs). (in
prep.). Natural Capital Solutions, for The Woodland Trust.

205.Roy, B.A., Alexander, H.M., Davidson, J., Campbell, F.T., Burdon, ].J., Sniezko, R., et
al. (2014). Increasing forest loss worldwide from invasive pests requires new trade
regulations. Front. Ecol. Environ., 12, 457-465

206.Royo, A.A., Stout, S.L., De Calesta, D.S. & Pierson, T.G. (2010). Restoring forest herb
communities through landscape-level deer herd reductions: Is recovery limited by legacy
effects? Biol. Conserv., 143, 2425-2434

207.Rozsypalek, J., Dvotak, M., Longauer, R., Botella, L., Prouza, M., Palov¢ikova, D., et al.

191



(2017). Ash and ash dieback in the Czech Republic. In: Dieback of European Ash (Fraxinus
spp.): Consequences and Guidelines for Sustainable Management (eds. Vasaitis, R. & Enderle,
R.). FRAXBACK, pp. 79-88

208.Saaty, T.L. (2008). Decision making with the analytic hierarchy process. Int. ]. Serv.
Sci., 1, 83-98

209.Sagarin, R.D., Gaines, S.D. & Gaylord, B. (2006). Moving beyond assumptions to
understand abundance distributions across the ranges of species. Trends Ecol. Evol., 21,
524-530

210.Sansford, C.E. (2013). Pest Risk Analysis for Hymenoscyphus pseudoalbidus (anamorph
Chalara fraxinea) for the UK and the Republic of Ireland. Forestry Commission, Edinburgh.

211.Schroéter, D., Cramer, W., Leemans, R., Prentice, I.C., Aratijo, M.B., Arnell, N.-W., et al.
(2005). Ecosystem service supply and vulnerability to global change in Europe. Science,
310, 1333-1337

212.Segal, M.R. (2004). Machine learning benchmarks and random forest regression.
Center for Bioinformatics and Molecular Biostatistics, UC San Francisco, USA.

213.Sherlock, E. (2012). Key to the Earthworms of the UK and Ireland. Field Studies Council,
Shrewsbury, UK

214.Sieber, T.N. (2014). Neomycetes - persistent threats to Swiss forests. Schweizerische
Zeitschrift fiir Forstwes., 165, 173-182

215.Silvertown, J. (2015). Have ecosystem services been oversold? Trends Ecol. Evol., 30,
641-648

216.Sollars, E.S., Harper, A.L., Kelly, L.J., Ramirez-gonzalez, R.H., Swarbreck, D.,
Kaithakottil, G., et al. (2017). Genome sequence and diversity of European ash trees
threatened by ash dieback. Nature, 541, 212-216

217.Straw, N.A. & Tilbury, C. (2006). Host plants of the horse-chestnut leaf-miner
(Cameraria ohridella), and the rapid spread of the moth in the UK 2002-2005. Arboric. J., 29,
83-99

192



218.Straw, N.A., Williams, D.T., Kulinich, O. & Gninenko, Y.I. (2013). Distribution, impact
and rate of spread of emerald ash borer Agrilus planipennis (Coleoptera: Buprestidae) in
the Moscow region of Russia. Forestry, 86, 515-522

219.The Tree Council. (2015). Chalara in Non-Woodland Situations: Findings from a 2014
study. The Tree Council, London.

220.Thomas, P.A. (2016). Biological Flora of the British Isles: Fraxinus excelsior. |. Ecol., 104,
1-52

221.Thor, G., Johansson, P. & Jonsson, M.T. (2010). Lichen diversity and red-listed lichen
species relationships with tree species and diameter in wooded meadows. Biodivers.
Conserv., 19, 2307-2328

222.Thuiller, A.W., Georges, D., Engler, R. & Breiner, F. (2016). biomod2: Ensemble
platform for species distribution modeling. R package version 3.3-7. https://CRAN.R-
project.org/package=biomod?2

223.Thuiller, W. (2003). BIOMOD: optimising predictions of species distributions and
projecting potential future shift under global change. Glob. Chang. Biol., 9, 1353-1362

224 Trenberth, K.E. (2011). Changes in precipitation with climate change. Clim. Res., 47,
123-138

225.Tubby, K. V & Webber, J.F. (2010). Pests and diseases threatening urban trees under a
changing climate. Forestry, 83, 451-459

226.Turner, R.K. & Daily, G.C. (2008). The Ecosystem Services Framework and natural
capital conservation. Environ. Resour. Econ., 39, 25-35

227.UK Government. (2012). The Plant Health (Forestry) (Amendment) Order 2012. Available
at: https://www legislation.gov.uk/uksi/2012/2707/contents/made. Last accessed 21
September 2017

228.Valenta, V., Moser, D., Kapeller, S. & Essl, F. (2017). A new forest pest in Europe: a
review of Emerald ash borer (Agrilus planipennis) invasion. |. Appl. Entomol., 141, 507-526

229.Vasaitis, R. & Enderle, R. (Eds.). (2017). Dieback of European Ash (Fraxinus spp.) —

193



Consequences and Guidelines for Sustainable Management. FRAXBACK

230.Vuidot, A., Paillet, Y., Archaux, F. & Gosselin, F. (2011). Influence of tree
characteristics and forest management on tree microhabitats. Biol. Conserv., 144, 441-450

231.Wardle, D.A., Barker, G.M., Bonner, K.I. & Nicholson, K.S. (1998). Can comparative
approaches based on plant ecophysiological traits predict the nature of biotic interactions
and individual plant species effects in ecosystems? J. Ecol., 86, 405—420

232.Watson, M.F., Hawksworth, D.L. & Rose, F. (1988). Lichens on elms in the British isles
and the effect of Dutch elm disease on their status. Lichenologist, 20, 327-352

233.Watts, K., Ray, D. & Sing, L. (2015). Ecosystem Services and Forest Management.
Research Note FCRN020

234.Webber, ].F., Parkinson, N.M., Rose, J., Stanford, H., Cook, R.T.A. & Elphinstone, ].G.
(2008). Isolation and identification of Pseudomonas syringae pv. aesculi causing bleeding
canker of horse chestnut in the UK. Plant Pathol., 57, 368

235.Weiher, E., van der Werf, A., Thompson, K., Roderick, M., Garnier, E. & Eriksson, O.
(1999). Challenging Theophrastus: A common core list of plant traits for functional
ecology. |. Veg. Sci., 10, 609-620

236.Wenger, S.J. & Freeman, M.C. (2008). Estimating species occurrence, abundance, and
detection probability using zero-inflated distributions. Ecology, 89, 2953-2959

237.Westoby, M. & Wright, L]. (2006). Land-plant ecology on the basis of functional traits.
Trends Ecol. Evol., 21, 261-268

238.Williams, F., Eschen, R., Harris, A., Djeddour, D., Pratt, C., Shaw, R.S,, et al. (2010).
The economic cost of invasive non-native species on Great Britain. CABI, Wallingford

239.Willis, K.G., Garrod, G., Scarpa, R., Powe, N., Lovett, A., Bateman, L.]., et al. (2003). The
social and environmental benefits of forests in Great Britain. Report to Forestry Commission.
Centre for Research in Environmental Appraisal & Management, University of
Newcastle, Newcastle.

240.Wingfield, M., Slippers, B. & Wingfield, B. (2010). Novel associations between

194



pathogens, insects and tree species threaten world forests. New Zeal. |. For. Sci., 40, S95-
5103

241.Wingtield, M.]., Brockerhoff, E.G., Wingfield, B.D. & Slippers, B. (2015). Planted forest
health: The need for a global strategy. Science, 80, 349, 832-836

242 Woodhall, J. (2013). Rapid Pest Risk Analysis for Ceratocystis platani. FERA, York.

243.Woodward, S. & Boa, E. (2013). Ash dieback in the UK: A wake-up call. Mol. Plant
Pathol., 14, 856-860

244 Worrell, R. (2013). An assessment of the potential impacts of ash dieback in Scotland.
Forestry Commission Scotland, Edinburgh.

245.WTO. (1995). The WTO agreement on the application of sanitary and phytosanitary
measures (SPS Agreement). World Trade Organisation, Geneva, Switzerland

246.Zhao, Y.-J., Hosoya, T., Baral, H.-O., Hosaka, K. & Kakishima, M. (2012).
Hymenoscyphus pseudoalbidus, the correct name for Lambertella albida reported from Japan.
Mycotaxon, 122, 25-41

195



APPENDIX I:
SUPPLEMENTARY FIGURES FOR CHAPTER 2

a) b)
301 /= N T T T
3 B 1 —_ i 30_ — T
'E 1 __ | J— i T
g | — -
2 : ! ! ' i - i 1
o i | ! ! | ' ! i
> 2.5 | | 2.5- A -
o . i | | :
c : : , : ; ; |
2 ; i : i - !
< . 1
5 2.0 B 2.0 L
c ! ! T o ! i |
c - : 1 : ‘ |
© ; : - ! ! :
& = 5 -
P 1.5 i
1'57 T T T T T T T T I T I I I T I I
< O O M~ < 0 O M~ <t O O© ~ < U O M~
oo o b ~ oo h h b h h b b b o o b
o O O O O O O O o O O O O O O O
NN NN AN AN AN AN NN AN NN NN AN AN NN
c)
3.0 I
> - T =
= I
% |
o
2 2.5
5 I
S
o :
5 ! :
< 201 | | ‘ — =
= A |
c i e
e N I
c 1.5 e
< |
v !
10 T T I I I I I I
<t O O© M~ < 0 O M~
h - h b h b h h
o O O O O O O o
N NN AN AN NN NN

Supplementary figure 1. Shannon-Weiner diversity of ground flora communities (showing mean,
upper and lower quartiles, and range. Plots in Bagley (white bars) and Wytham (grey bars) woods
are shown between 2014 and 2017. a) shows high ash death treatment plots, b) medium ash
death treatment plots, and c) control plots. No significant differences in diversity were found over
time within any of the treatments.
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Supplementary figure 2. Bramble abundance in high ash death treatment plots in Bagley (white
bars) and Wytham (grey bars) woods, between 2014 and 2017 (showing mean, upper and lower
quartiles, and range). Abundance was measured on a 14 point scale within sample plots (see
Methods). There was no significant effect of year on the abundance of bramble in plots in
Wytham or Bagley.
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Supplementary figure 3. Principal components analysis of Bray-Curtis dissimilarity indices for
ground flora communities, showing no differentiation between years for each treatment type: a)
high ash death; b) medium ash death; and c) control. Treatment appears to have had no effect on

similarity of communities, as there is a similar degree of overlap between years for the treatment
plots as for the control plots.
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Supplementary figure 4. Detrended correspondence analysis (DCA) of tree seedling communities
in the experimental plots, coloured by a) year and b) treatment. There is a clear divergence of
seedling communities between years, and just a very slight divergence by treatment: these
observations are supported by the results of a constrained correspondence analysis (CCA) which
found that year and treatment were both significant factors (year: p = 0.005; treatment: p = 0.04).
However, no significant effect was found for the interaction of treatment and year (p = 1.0),
suggesting that time affected the communities in all plots similarly and no additional effect was
seen in the treatment plots.
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Supplementary figure 5. Abundance of tree seedlings of all species combined in different
treatment plots in different years (showing mean, upper and lower quartiles, and range). No
significant difference in abundance was seen between treatments for any year.
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Supplementary figure 6. Increment (stem circumference growth) of non-ash tree species, over
the entire study period (showing mean, upper and lower quartiles, and range). White bars are
high ash death treatment plots, light grey are medium ash death treatment plots, and dark grey
are controls. No significant difference was found for growth in any species between treatments.
Species codes: AC = Acer campestre; AP = Acer pseudoplatanus; BP = Betula pendula; CM =
Crataegus monogyna; CS = Castanea sativa; Q = Quercus spp.
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Supplementary figure 7. Map of well-surveyed tetrads (black) that were used to convert
presence-only data into presence-absence data. 18,993 tetrads were found to have been
surveyed at least twice since 1950, with at least 50 species of plants recorded in each survey.
These tetrads were considered to be well surveyed enough that if a tree species had not been
recorded in one, it was considered very likely to be either truly absent or present at very low
abundance with low ecological importance in the tetrad, and was therefore classified as an
“absence”.
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Supplementary figure 8. Observed abundance against abundance predicted by Random Forest
regression, as used to assess model performance. The line on each graph is the 1:1 line showing
perfect model fit. From top left, species are: Acer campestre, Acer platanoides, Acer
pseudoplatanus, Alnus glutinosa, Betula pendula, Betula pubescens, Carpinus betulus, Castanea
sativa, Corylus avellana, Crataegus monogyna, Fagus sylvatica, Fraxinus excelsior, Populus
tremula, Prunus avium, Prunus padus, Pseudotsuga menziesii, Quercus petraea, Quercus robur,
Sorbus aria, Salix caprea, Salix cinerea, Taxus baccata, Tilia cordata, Ulmus glabra, and Ulmus
procera.
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Supplementary table 1. Pearson’s pairwise correlations for the numeric variables used in species distribution modelling. The cut off for correlation coefficient used
for variable selection was 0.7.

Altitude Aspect Slope Direct Mean diurnal | Temperature Annual Topsoil Topsoil Topsoil Topsoil
incoming solar | temperature seasonality precipitation | available minerology | organic texture
radiation range water carbon class

capacity content
Altitude 1 0.015396 | 0.518652 | 0.591347 -0.20693 -0.03162 0.621356 0.231888 0.000805 0.303198 0.428471
Aspect 0.015396 | 1 -0.02016 | 0.062394 -0.05345 -0.0269 0.062306 0.014767 0.019412 0.035133 0.041259
Slope 0.518652 | -0.02016 | 1 0.224245 -0.08178 0.00709 0.331202 0.104236 -0.01246 0.154548 0.180757
Direct incoming | 0.591347 | 0.062394 | 0.224245 | 1 -0.30348 -0.17634 0.627365 0.225541 0.055276 0.231702 0.407135
solar radiation
Mean diurnal -0.20693 | -0.05345 | -0.08178 | -0.30348 1 0.620974 -0.57396 -0.0862 0.068989 -0.26488 -0.27498
temperature
range
Temperature -0.03162 | -0.0269 0.00709 -0.17634 0.620974 1 -0.37328 -0.13755 0.054918 -0.21352 -0.27218
seasonality
Annual 0.621356 | 0.062306 | 0.331202 | 0.627365 -0.57396 -0.37328 1 0.27932 0.039224 0.36968 0.506227
precipitation
Topsoil 0.231888 | 0.014767 | 0.104236 | 0.225541 -0.0862 -0.13755 0.27932 1 0.152653 0.305173 0.590749
available water
capacity
Topsoil 0.000805 | 0.019412 | -0.01246 | 0.055276 0.068989 0.054918 0.039224 0.152653 1 0.142262 0.298536
minerology
Topsoil organic | 0.303198 | 0.035133 | 0.154548 | 0.231702 -0.26488 -0.21352 0.36968 0.305173 0.142262 1 0.386809
carbon content
Topsoil texture 0.428471 | 0.041259 | 0.180757 | 0.407135 -0.27498 -0.27218 0.506227 0.590749 0.298536 0.386809 1

class
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Supplementary table 2. Table showing the most important variables in the random forest

regressions of abundance for each species. Full variance importance plots for each species are

available from the authors on request.

Species Most important variable in abundance model
Acer campestre Cover of trees in NFI

Acer platanoides Probability of occupancy of Crataegus monogyna
Acer pseudoplatanus Cover of trees in NFI

Alnus glutinosa Probability of occupancy of Crataegus monogyna
Betula pendula Cover of all trees

Betula pubescens Cover of trees outside of NFI

Carpinus betulus

Cover of all trees

Castanea sativa

Cover of trees in NFI

Corylus avellana

Cover of trees in NFI

Crataegus monogyna

Probability of occupancy of Betula pendula

Fagus sylvatica

Cover of all trees

Fraxinus excelsior

Cover of trees in NFI

Prunus avium

Probability of occupancy of Prunus padus

Pseudotsuga menziesii

Cover of trees in NFI

Quercus petraea

Cover of trees outside of NFI

Quercus robur

Cover of trees in NFI

Salix caprea

Probability of occupancy of Fagus sylvatica

Salix cinerea

Probability of occupancy of Corylus avellana

Taxus baccata

Cover of trees in NFI

Tilia cordata

Probability of occupancy of Fagus sylvatica
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Supplementary table 3. Additional information about abundance models. R? scores are shown
for each species, along with RMSE (Root Mean Squared Error) and MAE (Mean Absolute Error)
scores. For information about interpreting R? scores see main text. Number of abundance data
points per species and number of non-zero abundance data points per species are also shown.

Species R? RMSE MAE Number of Number of
data points non-zero data
per species points

Acer campestre 0.523 1.44 0.35 679 315

Acer platanoides 0.207 1.27 0.19 444 42

Acer 0.426 4.01 1.40 906 634

pseudoplatanus

Alnus glutinosa 0.271 2.40 0.66 484 195

Betula pendula 0.450 6.88 2.29 1261 802

Betula pubescens 0.596 4.09 1.09 501 127

Carpinus betulus 0.690 3.79 1.05 755 320

Castanea sativa 0.764 9.56 3.58 982 501

Corylus avellana 0.344 4.47 1.47 1282 935

Crataegus 0.049 1.10 0.23 413 339

monogyna

Fagus sylvatica 0.496 8.45 2.91 1388 918

Fraxinus excelsior 0.397 4.95 1.88 1986 1629

Populus tremula 0.126 NA NA 400 16

Prunus avium 0.589 1.98 0.56 886 401

Prunus padus 0.004 NA NA 394 9

Pseudotsuga 0.596 7.66 1.96 600 193

menziesii

Quercus petraea 0.841 5.99 1.84 584 209

Quercus robur 0.462 6.50 2.54 2303 1867

Salix caprea 0.644 1.38 0.28 445 74

Salix cinerea 0.081 0.16 0.03 392 55

Sorbus aria 0.055 NA NA 392 3

Taxus baccata 0.372 2.21 0.49 518 86

Tilia cordata 0.442 1.04 0.14 461 56

Ulmus glabra 0.037 NA NA 394 22

Ulmus procera 0.013 NA NA 393 27
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Supplementary methods

Methods overview
Our analysis is comprised of five main steps:
1. Compile data on (i) tree abundance distributions and (ii) tree species trait values.

2. Combine the two datasets in step 1 to calculate the average trait values in the

ecosystem, and how they will change with loss of ash:
a) For different localities (every 1 km?).
b) For different woodland types.

3. Weight traits by importance for ecosystem services using Analytic Hierarchy

Process (AHP).

4. Calculate “vulnerability”, based on the projected degree of change in the average

trait values, weighted by the importance of each trait.

5. Identify recommendations for alternative tree species, with the aim of enhancing

compensation for ash-like trait values after loss of ash.

We consider each step in more detail below. Figure 1 (Chapter 4) also shows a simplified
worked example, going through each step to calculate vulnerability for a single square

kilometre.
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Step |I. Compiling data: tree distributions and trait levels.

Modelled abundance distributions of 20 common British tree and shrub species at 1 km?
resolution were obtained from Hill ef al., 2017. The units of abundance were hectares of
cover per km? The species modelled were Acer campestre L., Acer platanoides L., Acer
pseudoplatanus L., Alnus glutinosa (L.) Gaertner, Betula pendula Roth, Betula pubescens
Ehrhart, Carpinus betulus L., Castanea sativa Miller, Corylus avellana L., Crataegus monogyna
von Jacquin, Fagus sylvatica L., Fraxinus excelsior L., Prunus avium L., Pseudotsuga menziesii
Franco, Quercus petraea (Matt.) Liebl., Quercus robur L., Salix caprea L., Salix cinerea L.,
Taxus baccata L. and Tilia cordata Miller. We chose to use the same species for this analysis
as used by Mitchell et al., 2014, as these trees had previously been identified as potential

replacements for ash by silviculturists and are all found commonly in Britain.

The values of 36 ecological traits were obtained for each of the above species (and
additionally for a further six species, Populus tremulal L., Prunus padus L., Rhamnus
cathartica L., Sorbus aria Crantz, Sorbus aucuparia L. and Ulmus glabra Huds., that occur
regularly alongside ash in NVC communities). We included all traits for which we could
find information for all species, and we took particular care to include, as far as possible,
traits that are considered to be functionally important such as seed mass and specific leaf
area (Weiher et al. 1999; Westoby & Wright 2006). We used a variety of databases
(Ecoflora(”Ecoflora: Ecological Flora of the British Isles” 2017), AshEcol (Mitchell et al.
2014c), the TRY Plant Database (Kattge et al. 2011), and Wageningen University and
Research Tree Database(Goudzwaard 2017); see Data Sources and Trait Values and
Sources table (Supplementary Material) for a complete list) and a wider literature search

to fill gaps in coverage to maximise the number of useable traits, as our analysis does not
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permit missing values. Wherever possible, published and peer-reviewed sources were
used. However, for a small number of trait values, such sources were not available and it
was necessary to use ‘grey’ literature. These instances represent a small minority of values
and allow us to retain more traits and reduce the amount of data that are discarded. A
summary of the traits used is given in Table 1 (main document). All trait values used and
the sources for each are available in the Trait Values and Sources table (Supplementary
Material). Where multiple sources were available for a single trait, the mean of their

values was used.

Step 2a). Calculating average trait values across Great Britain, and how this may change

with loss of ash.

This is the core of the analysis, and is an equivalent process to the averaging approach
described by Hooper & Vitousek 1998 and Byrnes et al. (2014) for assessing overall levels
of traits that occur in ecosystems. It summarises multiple traits into a single index, and
calculates how this index will change with changes to the community composition (such

as loss of ash).

The stages are as follows: i) For each trait, the range of trait values among all species is
standardised on a scale of 0 to 1, where 1 is the value of ash and 0 is the value of the most
dissimilar species to ash. ii) The average value of the standardised traits is calculated for
each 1 km? by multiplying the standardised trait values of each species by that species’
abundance, and summing across species. iii) The average standardised trait value is then

recalculated for each 1 km?, without ash; this indicates how much the trait values present
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may change after the loss of ash (i.e. how much less similar to ash the ecosystem may

become). Each of these stages is now explained in more detail below.

i) Standardising traits. Nominal traits, such as pollination syndrome, were standardised
by assigning 1 to any species with the same character as ash, and 0 to any species with a
different character. Ordinal traits, such as bark pH, were standardised as follows: 1 was
again assigned to species with the same trait value as ash and 0 to species with the most
different trait value, but any species with intermediate trait values were given evenly-
spaced intermediate scores (e.g. for bark pH, the trait values “alkaline”, “neutral” and
“acidic” were assigned the scores 1, 0.5 and 0 because ash has alkaline bark). Continuous
traits, such as height, were standardised by subtracting the trait level of ash from each
other trait level, making each difference absolute (to remove negative differences), and
dividing each by the largest difference. This was then subtracted from 1 so that species
with the same trait value as ash receive a score of 1 and the most dissimilar species

receives a score of 0, with intermediate species falling on a continuous scale between 1

and 0.

ii) Calculating average trait values. Maps of abundance of each species, as a proportion of
the total tree cover in each 1 km?2, were derived from the current abundance distributions
in Hill et al. 2017, using the raster package in R. These proportional abundance maps were
then multiplied by the standardised trait values for every trait-by-species combination,
producing 36 map layers of trait values per species, and a total of 720 layers for all species
combined. We summed across species for every trait to calculate the average value of
each trait. Because the traits had been standardised according their similarity to ash, this
gave the similarity of the average trait value in each km? to ash.
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iii) We then recalculated the proportional abundance of each species to represent four
different hypothetical scenarios for the loss of ash and subsequent compensatory growth
of other species: 1) Total ash loss followed by no compensatory growth by other tree
species; 2) Total ash loss followed by all other tree species present increasing in
proportion to their original abundance to fill the space left by the ash; 3) and 4) As the two
scenarios above, but with a final step where each 1 km? is multiplied by the proportion of
forest cover present in that square, as defined by the National Forest Inventory (Forestry
Commission 2017b). These scenarios (3 and 4) represent the change that may occur in
woodland ecosystems only, with and without compensatory growth of other trees. For
each of these scenarios, we recalculated the average values for every trait, to see how

much less similar to ash the average trait values may become following ash loss.

The proportional change in average trait values between the current scenario and the four
future scenarios was then calculated (i.e. future average trait value/current average trait

value), for every 1 km? across Britain. This produced a score of vulnerability for each trait:
higher values indicate greater loss of traits associated with ash, with a maximum value of

1 if the average trait value becomes completely dissimilar to ash after ash death.

Step 2b). Calculating average trait values for different NVC (National

Vegetation Classification) woodland communities

We used the NVC floristic tables (Rodwell et al. 1991) to identify woodland sub-
communities that contain ash as a constant or frequent species (15 woodland types). For
each constant or frequent tree species in each community, we used the midpoint of the
range of abundances indicated to produce representative relative abundance figures for

species composition of each woodland type, and then repeated the procedure to calculate
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average trait values (above) using these relative abundances. We did not produce relative
abundance figures for occasional or scarce woody species, because these species only
occur in a minority of woods of a certain NVC designation; we recognise that a scarce tree
species may help to compensate for loss of ash where it is present, but to assume it could
generally compensate for ash in an NVC community would be inappropriate for the

majority of cases where that species does not occur.

Step 3. Weighting traits by importance: the Analytic Hierarchy Process.

Traits are unlikely to have equal contributions to emergent ecosystem properties, such as
ecosystem services: for example, we included both litter decomposition rate and the type
of appendages on a species’ seeds in our analysis, but the litter decomposition rate is
likely to have a far greater impact on most ecosystem services. We therefore used an
Analytic Hierarchy Process (AHP) (Saaty 2008) to produce weights for all traits based on
their relative importance for woodland ecosystem services. For detailed explanations of

how to use AHP, see Saaty 2008 and Glur 2017.

The use of AHP is an important step in our method because it allows us to quantify the
differences in importance between the traits, and produces weights that we can use to
calculate our final vulnerability scores, in which the most important traits contribute the
most strongly. We considered eight key woodland ecosystem services (climate regulation,
primary production, nutrient cycling, soil formation, water cycling, flood protection,
pollination services and supporting biodiversity). These were selected from a list of

woodland ecosystem services defined by Watts et al. 2015; we included all ecosystem
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services that our suite of traits could reasonably be expected to influence (we did not

include cultural services that are unlikely to be adequately explained by species traits).

We used the R package “ahp” (Glur 2017) to carry out the AHP. As the simplest starting
point, we chose to weight all our ecosystem services equally, to avoid arbitrarily
assigning more importance to one service over another (but alternative weightings can
easily be incorporated in any future analyses). Then, we compared all 36 traits in a
pairwise manner in terms of their importance to each ecosystem service. We used a
standard AHP scoring system, where 1 means that traits 2 and b are equally important, 3
means that a is slightly more important than b, 5 means that a is more important than b, 7
means that 2 is much more important than b, and 9 means that a is absolutely more
important than b. We used our knowledge of woodland ecosystems and best judgement
to agree scores between us (all authors). Each author scored the traits separately to avoid
bias towards the opinions of senior authors, and we then discussed and resolved any
disparities, which were minor. The agreed orders of trait importance and the file
containing complete pairwise comparisons (in yaml format required for ahp package) are
available in the supplementary files Trait Weights table and yaml file for ahp. For each
ecosystem service, consistency indices were calculated; these measure the internal
consistency of the comparison matrices generated by AHP, to check for impossible ratings
(e.g.a>b,b>c, c>a). Our pairwise comparisons had consistency indices < 0.1, meaning
that our comparisons are acceptably consistent (see AHP output table in Supplementary

Material).

We produced our final weights by averaging the weights produced for each ecosystem
service. Finally, we used these to weight each trait by importance; we multiplied the

215



average trait values for each trait (produced in step 2) by its weight, before averaging
across traits. This produced overall average trait levels weighted by importance of traits,

for both the initial ecosystem and each of the four future scenarios.

Step 4. Calculating vulnerability scores.

Our final vulnerability scores are the proportional change in average trait values between
the current scenario and the four future scenarios (see Figure 12 and 13, Chapter 4). This
can be considered as the reduction in similarity of the average trait values to ash, because
the traits are standardised according to their similarity to ash. See figure 11 (Chapter 4)

for a complete simplified worked example of calculating vulnerability scores.

We also projected where the greatest changes in provision of each ecosystem service
might occur, by calculating vulnerability scores using the AHP weightings for each
ecosystem service in turn, rather than the overall weightings for all ecosystem services

combined.

Step 5. Identifying planting recommendations.

We also produced vulnerability scores for each trait separately, by calculating
vulnerability as in Step 4 but without averaging across traits first. These vulnerability
scores showed us which traits are most at risk in which areas, allowing us to recommend

alternative species that are most similar to ash for those traits.

For each of the most vulnerable areas and woodland types, we took the five traits with
the highest vulnerability scores. We then identified the tree species which are most

similar to ash for those traits from our compiled trait database. These species are our
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recommendations for replacement species; three or four species were required in each

case to ensure that all five traits were provided for (see Box 1).

For the NVC communities, we chose replacement species only from the subset of species
that already occur in each NVC community. This avoided the recommendation of species
that would drastically alter these communities or be unsuitable for the abiotic conditions
present. We included occasional and scarce species in this selection to provide a wide-
enough pool of species for effective compensation. Similarly, only trees that were known

to occur in a particular geographic area were recommended for that area.
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Supplementary Box 1: Guidance for management and best replacement tree
species to mitigate ash loss.

1. Plant or encourage regeneration of recommended mixtures of tree species,
especially in areas with high ash density.
In many cases planting will be important to supplement natural regeneration. Older
trees have higher ecological value, so planting should start as soon as possible,
especially in locations with very high densities of ash. This is particularly important in
highly vulnerable areas and woodland types. See below for recommendations of
species mixtures in different locations and woodland types.

2. Replace lost ash trees outside of woodlands with suitable mixtures of trees.
Replant ash trees as they are lost from hedgerows etc. If you are in a vulnerable
region, consider using recommended species (below). Ash trees outside of woodlands
have a critical role in connecting patches of fragmented woodland across the
countryside. Maintaining this connectivity after loss of many ash trees should be a key
aim of management.

3. Improve condition of woodlands to improve resilience to shocks.
Manage pressures — such as overgrazing, abandonment, squirrel damage, pollution,
invasive species, and diseases — to enhance natural regeneration and resilience.
Management prescriptions will depend on specific threats to individual woodlands
and might include thinning, herbivore control, action on invasive species, and
promoting diversity within stands. More information and advice can be found in the
UK Forestry Standard (UKEFS), available at: www.forestry.gov.uk/ukfs

Recommended tree species: these are the most highly recommended tree species for
the replacement of ash in regions most vulnerable to ash loss, and NVC woodland
community types containing constant or frequent ash. Recommended species are those
that would compensate best for the lost ecological traits of ash in each area, and are
listed in order of priority. Ideally all species listed would be included where possible.

Most vulnerable Recommendations for replacement species

regions

Yorkshire Wolds Populus tremula; Alnus glutinosa; Tilia cordata; Quercus petraea
Cannock Chase Populus tremula; Alnus glutinosa; Acer campestre

Fenland Populus tremula; Alnus glutinosa; Acer campestre; Quercus petraea
Northern Norfolk Prunus avium; Tilia cordata; Acer pseudoplatanus; Castanea sativa
Broads

Anglesey Populus tremula; Alnus glutinosa; Acer campestre; Quercus petraea
Western Populus tremula; Alnus glutinosa; Quercus petraea

Wigtownshire

West Ayrshire Populus tremula; Alnus glutinosa; Quercus petraea

South Populus tremula; Alnus glutinosa; Castanea sativa
Pembrokeshire

Herefordshire Alnus glutinosa; Acer campestre; Quercus petraea

218



NVC woodland sub-communities

Wha Sorbus aucuparia; Rhamnus cathartica; Quercus robur; Betula
pubescens

W5b Sorbus aucuparia; Rhamnus cathartica; Alnus glutinosa; Quercus
robur

W7a Sorbus aucuparia; Betula pubescens; Acer pseudoplatanus; Quercus
robur

W7c Betula pubescens; Acer pseudoplatanus; Sorbus aucuparia

W8a Populus tremula; Acer campestre; Sorbus aucuparia

W8b Populus tremula; Sorbus aucuparia, Acer campestre

W8c Alnus glutinosa, Populus tremula; Quercus petraea

Ws8d Populus tremula; Acer campestre, Quercus petraea

W8e Betula pubescens; Acer campestre; Quercus petraea

W8t Acer pseudoplatanus; Acer campestre; Quercus petraea

W8g Sorbus aucuparia; Prunus padus; Quercus petraea

W9a Alnus glutinosa; Betula pubescens; Prunus padus

W9b Prunus padus; Sorbus aucuparia; Populus tremula

W10e Betula pubescens; Alnus glutinosa, Quercus petraea

Wi12a Acer pseudoplatanus; Acer campestre; Quercus robur
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Supplementary table 4. The AHP output table showing weights for each trait-by-

ecosystem service pair, total weights for each trait and the consistency index for each

ecosystem service.

Weight LitterDecomp Deciduous

Weight traits 88.9%
Biodiversity 11.1%
Nutrient cycling 11.1%
Pollination 11.1%

Primary production 11.1%

Soil formation

Water quality

1.1%

1.1%

Flood prevention 11.1%

Climate regulation  11.1%

WoodDens Longevity Mycc

3.6%
0.1%
0.3%
0.1%
0.9%
0.3%
0.1%
1.0%
1.0%

32% 27%
08% 01%
0.1% 0.5%
0.1% 0.1%
09% 02%
0.1% 0.5%
0.1% 05%
01% 0.5%
10% 0.2%

0.8%
1.0%
0.1%
0.6%
1.0%
1.0%
1.0%

0.6%

Psyn BarkpH

2.4%
0.8%
0.1%
1.2%
0.1%
0.1%
0.1%
0.1%

0.1%

21%
0.8%
0.5%
0.1%
0.1%
0.1%
0.2%
0.2%

0.1%

0.8%
1.0%
0.1%
0.1%
0.5%
1.0%
1.0%

0.2%

L

0.8%
0.5%
0.5%
0.9%
0.5%
0.2%
0.5%

0.6%

Nfix

0.3%
1.0%
0.1%
0.9%
1.0%
0.2%
0.2%

1.0%

LDMC

43% 43%  42%  40%

0.4%
0.6%
0.1%
0.6%
1.0%
0.5%
0.5%

0.6%

SLA FTRAIT Height

0.4%
0.5%
0.1%
0.6%
1.0%
0.5%
0.5%
0.6%

0.4%
0.5%
0.1%
0.3%
0.5%
1.0%
1.0%

0.3%

0.1%
0.1%
0.5%
0.9%
0.1%
1.0%
0.5%

1.0%

R growth NTRAIT

3.8%
0.4%
0.5%
0.1%
0.3%
0.5%
1.4%
0.2%

0.3%

3.7%
0.1%
0.5%
0.1%
0.9%
0.1%
0.1%
1.0%
1.0%

3.7%
0.4%
1.0%
0.1%
0.8%
0.5%
0.2%
0.2%
0.3%

Larea InfType FIReward shadeTol FirstFl FIPeriod AnSeed germRate resprou

21% 2.0%

0.1%  0.4%

01% 0.1%

0.1% 1.2%

01% 0.1%

0.5% 0.1%

0.5% 0.1%

05% 01%

0.2% 0.1%

Llife SMass FirstSeed LShape DispSize Seedbank

1.3% 1.3%
01% 0.3%
03% 0.3%
01% 01%
01% 0.1%
0.3% 0.3%
02% 0.1%
02% 0.1%

01% 01%

1.3% 1.3%

0.1% 0.1%

0.1% 0.1%

0.5% 0.1%

0.1% 0.1%

0.1% 0.2%

0.1% 0.2%

0.1% 0.5%

0.1% 0.1%

1.1%
0.1%
0.1%
0.1%
0.1%
0.3%
0.1%
0.1%

0.1%

1.0%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.2%

0.1%

0.8%
0.3%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%

2.0%
0.4%
0.1%
1.2%
0.1%
0.1%
0.1%
0.1%

0.1%

19% 1.8%

0.1% 0.3%

0.1% 0.1%

05% 1.2%

04% 0.1%

0.1% 0.1%

02% 0.1%

02% 0.1%

0.4% 0.1%

0.8%
0.3%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%

0.8%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%

1.7%

0.1%

0.1%

1.2%

0.1%

0.1%

0.1%

0.1%

0.1%

0.8%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%

1.6%
0.4%
0.1%
0.5%
0.1%
0.1%
0.1%
0.1%

0.1%

1.4%
0.1%
0.1%
0.1%
0.4%
0.1%
0.1%
0.1%

0.4%

0.6%
0.0%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%
0.1%

1.4%
0.1%
0.1%
0.1%
0.4%
0.1%
0.1%
0.2%
0.4%

DispAgent FType GermTime DispersalTime Appendages Inconsistency

0.0%
9.5%
4.6%
1.6%
9.0%
8.7%
2.4%
1.7%
©10.4%
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